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Abstract
This report presents an assessment of site specific deposition estimates and critical load
exceedances of sulphur and nitrogen for selected Intensive Monitoring plots based on input and
output estimates and extrapolation to a European wide scale. Depositions for the individual
monitoring plots were calculated by means of a high-resolution deposition model (IDEM) and
the results were compared to measured depositions for selected Intensive Monitoring sites. Also
for the European Level I sites deposition estimates were computed. Not only the deposition of
sulphur and nitrogen compounds was determined, but also the deposition of base cations was
calculated. For this an approach was used, mainly based on available measurement data from
the Intensive Monitoring sites. This derived model was also used to extrapolate to the Level I
sites and Intensive Monitoring sites without deposition measurements.
Critical loads according to the effect-based and stand-still approach were calculated, as well as
present deposition thresholds for both the Intensive Monitoring sites and the Level I sites. Using
the deposition calculations and critical loads/present deposition thresholds, exceedances of these
target loads were calculated and presented. The uncertainties involved in these calculations were
evaluated and finally conclusions were drawn on the basis of the results of the different
calculations.
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SUMMARY
This report presents an assessment of site-specific deposition estimates and critical load
exceedances of sulphur and nitrogen for selected Intensive Monitoring plots based on input and
output estimates and an extrapolation of such information to a European wide scale. This
general aim was sub-divided in several objectives:
• calculation of the critical loads and present deposition thresholds and their exceedances for
sulphur and nitrogen for selected Intensive Monitoring plots, based on the input-output
budgets and on relationships between the chemical soil and foliar composition and
atmospheric deposition,
• application of the results of input-output budgets and critical loads and their exceedances to
all Intensive Monitoring (Level II) plots and to Level I plots using statistical, empirical
and/or process based models for spatial and temporal generalisation of deposition and
leaching.
Deposition estimates for the period 1993-2001 were derived for the Level I sites in Europe, in
order to evaluate the critical loads and present deposition thresholds and their exceedances. For
selected Intensive Monitoring sites deposition also estimates were made, which were used for
comparing the modelled depositions with measured depositions. The measured depositions were
calculated by using a Canopy Budget Model, using throughfall and bulk deposition data as
input. Base cation depositions, used as an input to the critical load calculations, were derived
using data from Intensive Monitoring sites. Although large uncertainties are involved in the
followed procedure, up till now no better dataset was available to provide the necessary
information. The lack of relevant emission data for these components made it impossible to
calculate the depositions in another way (e.g. by means of a transport and deposition model).
The critical loads and present deposition thresholds calculated with the various approaches are
presented in this report. When considering the critical loads, a distinction was made between
critical loads based on a stand-still approach and an effect-based approach. Both types of critical
loads were calculated with a soil model based approach. These types of critical loads required
either: a) no further net accumulation of nitrogen or loss of exchangeable base cations in the
forest soils (stand-still approach) or b) concentrations of nitrogen or acidity that stay below
critical limits in soil solution (effect-based approach).
Most often the term critical load is limited to an effect-based approach only. An exceedance of a
stand-still load only implies accumulation of nitrogen or net release of base cations or
aluminium from the soil system. Specifically in the case of nitrogen, an exceedance may
initially even be beneficial in N limited systems. It only indicates that the system is in transition.
Besides critical loads, also present deposition thresholds were derived. While critical loads
describe the deposition loads that avoid a violation of different soil chemical criteria in a steadystate situation, present deposition thresholds try to describe the same for the present situation.
These present deposition loads are the loads that lead to concentrations of nitrogen and acidity
in soil solution that are equal to critical limits at present (e.g. not in a steady-state situation).
Present deposition thresholds can thus become very high, e.g. in well buffered clay soils with a
high base saturation. The value presents the amount of acidity that is needed to bring the soil
directly to a state where it violates a critical limit, e.g. for aluminium.
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An extensive description of the uncertainties involved in both deposition and critical loads
calculations is given. Based on the calculations performed in this study and keeping in mind that
the uncertainty in the computed depositions and critical loads is substantial, the following
conclusions were drawn:
• Critical loads for nitrogen related to either changes in ground vegetation composition or tree
nutritional status do not significantly differ (in the distribution) between the sets of Intensive
Monitoring and Level I plots. Lowest critical loads occur in areas with low growth rates
such as central Spain and (northern) Scandinavia. Highest critical loads occur where the
precipitation surplus, and thus N leaching, is high. These critical N loads are exceeded at
about 60 % of the Intensive Monitoring plots and at about 40 % of the Level I plots.
Exceedances occur in areas with a high N deposition, mainly located in western and central
Europe. The difference in percentage of plots exceeded between Intensive Monitoring and
Level I plots (with comparable critical loads) show that in the Level I data set, more plots
are located in areas with a relatively low N deposition.
• Critical loads for acidifying S and N aiming at maintaining the present soil quality (i.e. no
further depletion of Al oxides or exchangeable as cations: stand-still approach) are lowest in
areas with poor soils with low weathering rates mainly located in Poland, Scandinavia and
The Netherlands. Maximum critical S and N loads are exceeded at about 70 % of the
Intensive Monitoring plots and 40 % of the Level I plots and are found in most of western
and central Europe. Again, this difference in percentage of plots exceeded is caused by
differences in acid loads rather than in critical loads.
• Critical loads for acidifying S and N aiming at favourable Al/Bc ratio’s in the soil solution,
are on average somewhat higher for the Level I data set than for the Intensive Monitoring
data set. Highest critical loads occur in areas with rich soils, areas with a high base cation
deposition (both often located in southern Europe) and areas with a high precipitation
excess. Lowest critical loads occur on plots with poor soils and conifer forests located in
Scandinavia and western Europe and in very arid regions with low forest growth on poor
soils such as in central Spain. Critical loads are exceeded at about 30 % of the Intensive
Monitoring plots and at about 18 % of the Level I plots, mainly located in areas with high
acid inputs (western and central Europe).
• Present deposition thresholds (PDTs) for nitrogen were computed for both Intensive
Monitoring and Level I plots. Results, however, are uncertain as they strongly depend on the
weak relationship between N concentration in the leachate and N deposition and other
environmental factors (that indicate the N saturation status of the soil). The results show that
most PDTs for N are higher than critical loads which might indicate that there is currently
still immobilisation of the incoming nitrogen. This is in accordance with results from
previous budget studies at Intensive Monitoring plots.
Present deposition thresholds (PDTs) for acidity are even more uncertain as it was not possible
to derive a good relationship between Al or BC leaching with acid deposition and environmental
factors. Furthermore, results are only relevant for acidified soils that have an elevated Al
concentration. Since soil solution is only measured at part of the Intensive Monitoring plots,
results can be only be shown for a small set of monitoring plots. In general, we feel that the
concept of present deposition thresholds is not very valuable, especially not for acidity, as it
relies too strongly on weak statistical relationships between ion concentrations in soil solution
and deposition and also requires data on environmental factors which are available at a limited
number of Intensive Monitoring plots. As a result, the method yields very uncertain results and
cannot be extrapolated to other plots that might have conditions deviating from the plots in the
set from which the relationships were derived. Therefore, it is advised to perform dynamic
modelling instead as this seems to be a much more promising method and also allows for target
loads with a time horizon of several decades as opposite to the instantaneous concept of PDT’s.
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1.

INTRODUCTION

The aim of this project is the assessment of site specific deposition estimates and critical load
exceedances of sulphur and nitrogen for selected Intensive Monitoring plots based on input and
output estimates and the extrapolation of such information on a European wide scale. This
general aim is sub-divided in several objectives:
• calculation of the critical loads and present deposition thresholds and their exceedances for
sulphur and nitrogen for selected Intensive Monitoring plots, based on the input-output
budgets and on relationships between the chemical soil and foliar composition and
atmospheric deposition and extrapolate results to plots where only deposition data are
available,
• application of the results of input-output budgets and critical loads and their exceedances to
all Intensive Monitoring (Level II) plots and to Level I plots using statistical, empirical
and/or process based models for spatial and temporal generalisation of deposition and
leaching.
This project mainly aims to improve insight in causal relationships between the chemical
response of European forests to atmospheric inputs of nitrogen and acidity, with an emphasis on
insight in the N saturation of forest ecosystems on a European wide scale. It further includes the
application of dynamic models predicting the N saturation and soil acidity status, using
scenarios for N and S emissions in Europe. Results can be used to improve relationships
between forest vitality and anthropogenic and natural stress factors.
Before going into more details in the next chapters, some general remarks are made about some
of the major topics of this report, i.e. critical loads en present deposition thresholds, impacts of
atmospheric deposition and upscaling possibilities. Following this general introduction, the
results of the project are presented. Chapter 2 will give an insight in the methodology that was
used for calculating the deposition of the different compounds by means of the inferential
deposition model IDEM, while Chapter 3 gives a description of the calculation procedures for
deriving critical loads and present deposition thresholds at the different sites. Chapter 4 will
present the results of the deposition and critical loads calculations and will give an overview of
the exceedances of these critical loads. The results will be presented on the different scales that
are considered in this project: both at Intensive Monitoring and Level 1 sites. These results will
be discussed in Chapter 5, where also some concluding remarks will be made.

1.1

Critical loads and present deposition thresholds

In the terminology of air pollution impacts, critical loads refer to the deposition loads of air
pollutants (e.g. SO2, NOx, NH3), below which no adverse direct effects are expected. Although
there are a number of difficulties with the concept of a (non-zero) threshold for ecosystem
damage due to atmospheric pollution (EPRI, 1991), the concept of critical loads has been
developed during the last 15 years and influenced international agreements under the
Convention on Long-Range Transboundary Air Pollution (LRTAP), specifically in the last
decade. While the earlier protocols to the Convention (1985 on sulphur, 1988 on nitrogen
oxides, 1991 on volatile organic compounds) were stand-still agreements or required flat-rate
emission reductions, the 1994 Sulphur Protocol was the first to consider ecosystem vulnerability
in terms of critical loads for the formulation of reduction requirements. More recently
(December 1999), a protocol to the Convention was adopted in Göteborg, Sweden, that
addresses the environmental effects of nitrogen pollutants through a multi-pollutant, multi-effect
approach aimed at abating acidification, eutrophication and the effects of ground-level ozone.
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Two definitions for critical loads can be applied; i.e. the long-term critical load, as it is used in
the development of abatement strategies, and the present deposition thresholds, which are the
thresholds for a forest ecosystem at the time of consideration. From a policy viewpoint, it is also
relevant to know what the difference is between present deposition thresholds and long-term
critical loads.
The major premise of the calculation of a long-term critical load is that it assumes a steady-state
situation. The long-term critical load is calculated from a certain soil or foliar criterion (e.g. a
certain N concentration in the foliage or in the soil solution) only including processes affecting
N and/or acid production and consumption during infinite time. This implies that dynamic
processes such as cation exchange, adsorption/desorption and mineralisation/immobilisation
dynamics are not considered in the assessment of a long-term critical load (UN-ECE, 1996). To
gain insight in the relationship between e.g. the crown condition and atmospheric deposition we
need to know the threshold at the time of consideration, which we call the present deposition
threshold (PDT). At present, the above-mentioned dynamic processes play a role in the
ecosystem and should therefore be included in the assessment of a present deposition threshold.
This implies that the magnitude of processes influencing the retention and release of nitrogen,
sulphur and base cations at present have to be estimated, instead of using a long-tem average
value for the calculation of each model input. Simulation of such processes requires the use of a
dynamic model, such as SMART (De Vries HWDO, 1989).

1.2

Impacts of atmospheric deposition

Atmospheric deposition affects the nutritional status of forests. This refers specifically to the
impact of N deposition that has gained relative importance in the last decades, due to the steady
decline in S emissions over that period. Data on bulk deposition and throughfall at some 300
Intensive Monitoring plots (Level II) suggest that the average input of N currently is higher than
of S. Recently, input-output budgets for N and S in 121 Intensive Monitoring plots have also
been established for the period 1995-1998 and results were given in the FIMCI technical report
for 2001 (De Vries HWDO, 2001). Information on input-output balances was derived using data
on bulk deposition/throughfall, meteorology and soil solution at selected Intensive Monitoring
plots where all those data are available.
At low N deposition, an increase may be beneficial for forest growth, whereas the reverse may
be true at elevated deposition. The same is true for S inputs. Even though knowledge on the
response of forest ecosystems to N and S inputs has increased over de last decade, there still is a
lack of information on critical N and S loads over a large range of environmental conditions.
This does not only hold for the long-term critical loads, that refer to a steady-state situation and
are used in policy making, but even more stronger to present deposition thresholds, that refer to
the capacity of an ecosystem to buffer the incoming N and S input at this moment. Furthermore,
a European wide perspective of N saturation and Al leaching is still lacking.

1.3

Upscaling possibilities

A Europe-wide overview of the impacts of atmospheric deposition may be obtained from the
data that are available in two European monitoring programmes for forests. The first monitoring
programme includes information on the crown condition and partly of the soil condition and
foliar condition of forested plots at a systematic grid (denoted as Level I plots). The second, socalled intensive monitoring programme, includes information on the crown condition, soil
condition, foliar condition and growth of forests and partly of the bulk deposition/throughfall,
meteorology and soil solution chemistry at selected forested plots (denoted as Intensive
Monitoring plots or Level II). The data in the combined monitoring programmes form a unique
possibility to fill the above-mentioned gaps in knowledge. The Level I network of monitoring
station has a larger density then the more intensive Level II network. See Section 2.1.3.2 for
information about the Intensive Monitoring and Level I monitoring programmes.
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2.

METHODS TO CALCULATE ATMOSPHERIC DEPOSITION

When considering the deposition calculations performed within this project, a distinction can be
made between different deposition processes. After transport and possible transformations,
pollutants eventually deposit on a surface by wet, dry or cloud/fog water deposition. Wet
deposition is the process by which atmospheric pollutants are delivered to the earth’s surface by
precipitation (rain, hail or snow). Dry deposition is the process where gases and particles are
deposited directly from the atmosphere onto vegetation, soil or other surfaces. Cloud and fog
water deposition is the process where cloud and fog water droplets are directly intercepted by
the earth’s surface. This deposition process is often referred to as ‘occult’ deposition and is not
considered in the remainder of this report, while its relative importance compared to the other
deposition processes is low for non-mountaineous sites (Erisman & Draaijers, 1995). The dry
and wet deposition of acidifying compounds and base cations will now be discussed separately
in the following sections.

2.1

Dry deposition calculations

2.1.1 Theory of dry deposition calculation
Several articles have reviewed the state of the science in evaluating dry deposition (Baldocchi,
1993; Erisman HWDO, 1994b; Erisman & Draaijers, 1995; Ruijgrok HWDO, 1995; Wesely & Hicks,
2000). Wesely & Hicks (2000) indicated that although models have been improving and can
perform well at specific sites under certain conditions, there remain many problems and more
research is needed. In spite of these problems, given the necessary meteorological and
surface/vegetative data, there are a number of models for estimating deposition velocity (Vd)
that have been shown to produce reasonable results using currently available information.
Dry deposition processes for gaseous species are generally understood better than for particles.
Several dry deposition model formulations have been reported in the literature. These include
big-leaf models (Hicks HW DO, 1987; Baldocchi HW DO, 1987), multi-layer models (Baldocchi,
1988; Meyers HWDO, 1998) and general dry deposition models (Erisman HWDO, 1996). Some of
these models have been developed for estimating Vd at specific sites and are used within the
framework of monitoring networks (Clarke HWDO, 1997; Meyers HWDO, 1991).
Computation of the dry deposition rate of a chemical species requires that the concentration F of
the substance of interest is known through model computations or measurement. In most
modelling schemes, the mass flux density ) is found as
)

= −9G (] )⋅ F(] )

(2.1)

where c(z) is the concentration at height z and Vd is the dry deposition velocity. Estimates of
deposition velocities Vd constitute the primary output of dry deposition models, both for largescale models and site-specific methods of inferring dry deposition from local observations of
concentrations, meteorological conditions, and surface conditions (Chang HW DO, 1987;
Venkatram HWDO, 1988; Meyers HWDO, 1991; Ganzeveld & Lelieveld, 1995). ] is the reference
height above the surface. If the surface is covered with vegetation, a zero-plane displacement is
included: ] ]G. G is usually taken as 0.6-0.8 times the vegetation height (Thom, 1975). The
absorbing surface is often assumed to have zero surface concentration and the flux is therefore
viewed as being linearly dependent on atmospheric concentration. This holds only for
depositing gases and not for gases that might be also emitted, such as NH3 and NO. For these
gases a nonzero surface concentration, a compensation point FS, might exist, which can be
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higher than the ambient concentration, in which case the gas is emitted. For these gases the flux
is estimated as
) = −Y G ( ] ) ⋅ [ F ( ] ) − F S ]

(2.2)

9G provides a measure of conductivity of the atmosphere-surface combination for the gas and it
is widely used to parameterise gas uptake at the ground surface (Wesely & Hicks, 1977; Hicks
HWDO., 1989b; Fowler HWDO, 1989). To describe the exchange of a range of gases and particles
with very different chemical and physical properties, a common framework is provided, the
resistance analogy (Thom, 1975; Garland, 1977; Wesely & Hicks, 1977; Fowler, 1978;
Baldocchi HWDO, 1987). In this framework, 9G is calculated as the inverse of three resistances:

9G (] ) =

1
5D (] − G )+ 5E + 5F

(2.3)

The three resistances represent bulk properties of the lower atmosphere or surface and
themselves must be described by parameterisations. Although this approach is practical, it can
lead to oversimplification of the physical, chemical, and biological properties of the atmosphere
or surface that affect deposition.
The term Ra represents the aerodynamic resistance above the surface in for the turbulent layer.
Ra is governed by micrometeorological parameters and has the same value for all substances. Ra
depends mainly on the local atmospheric turbulence intensities. Turbulence may be generated
through mechanical forces of friction with the underlying surface (forced convection) or through
surface heating (buoyancy or free convection). Unless wind speed is very low, free convection
is small compared to mechanical turbulence.
The term Rb represents the quasi-laminar resistance to transport through the thin layer of air in
contact with surface elements, and is governed by diffusivity of the gaseous species and air
viscosity. For surfaces with bluff roughness elements, values of Rb are considerably larger than
for relatively permeable, uniform vegetative cover, and the appropriate formulations should be
used (Tuovinen HWDO, 1998).
Considerable variation from model to model is associated with the methods used to evaluate the
surface or canopy resistance Rc for the receptor itself. Rc represents the capacity for a surface to
act as a sink for a particular pollutant, and depends on the primary pathways for uptake such as
diffusion through leaf stomata, uptake by the leaf cuticular membrane, and deposition to the soil
surface. This makes Rc complicated, because it depends on the nature of the surface and how the
sink capacities for specific surfaces vary as a function of the local microclimate.
The resistance analogy is not used for particles. For sub-micron particles, the transport through
the boundary layer is more or less the same as for gases. However, transport of particles through
the quasi-laminar layer can differ. Whereas gases are transported primarily through molecular
diffusion, particle transport and deposition basically take place through sedimentation,
interception, impaction and/or Brownian diffusion. Sedimentation under the influence of gravity
is especially significant for receptor surfaces with horizontally oriented components.
Interception occurs if particles moving in the mean air motion pass sufficiently close to an
obstacle to collide with it. Like interception, impaction occurs when there are changes in the
direction of airflow, but unlike interception a particle subject to impaction leaves the air
streamline and crosses the laminar boundary layer with inertial energy imparted from the mean
airflow. The driving force for Brownian diffusion transport is the random thermal energy of
molecules. Transport is a function of atmospheric conditions, characteristics of the depositing
contaminant and the magnitude of the concentration gradient over the quasi-laminar layer
(Davidson & Wu, 1990).
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Which type of transport process dominates is largely controlled by the size distribution of the
particles (Sehmel, 1980; Slinn, 1982). For particles with a diameter <0.1µm, deposition is
controlled by diffusion, whereas deposition of particles with a diameter >10µm is more
controlled by sedimentation. Deposition of particles with a diameter between 0.1 and 1 µm is
determined by the rates of impaction and interception and depends heavily on the turbulence
intensity. To describe particle dry deposition, the terms (Rb+Rc)-1 on the right-hand side of Eq.
2.3 must be replaced with a surface deposition velocity or conductance, and gravitational
settings must be handled properly.
Dry deposition models or modules require several types of inputs from observations or from
simulations of atmospheric chemistry, meteorology, and surface conditions. To compute fluxes,
the concentrations of the substances must be known. Inputs required from meteorological
models are values of friction velocity u*, atmospheric stability via the Monin-Obukhov length
scale L, aerodynamic surface roughness zo, and aerodynamic displacement height G. Most dry
deposition models also need solar radiation or, preferably, photosynthetically active radiation;
ambient air temperature at a specified height; and measures of surface wetness caused by rain
and dewfall. All models require a description of surface conditions, but the level of detail
depends on the model chosen. Descriptions could include broad land use categories, plant
species, leaf area index (LAI), greenness as indicated by the normalized difference vegetation
index, various measures of plant structure, amount of bare soil exposed, and soil pH.
The way is which the dry deposition can be parameterised and was used in this study, is
described in the next section.

2.1.2 Dry deposition parameterisation
The approach followed in this project for estimating dry deposition velocity involves using
larger scale atmospheric models and gridded fields of surface meteorological data to produce a
regular grid of deposition velocity values.
Such large-scale air quality models used to study acid deposition and photochemical oxidants
contain modules to estimate dry deposition velocities. Wesely (1989) and Walmsley & Wesely
(1996) described the model used within RADM (Regional Acid Deposition Model; Chang HWDO,
1987), Padro HW DO (1991) evaluated the model included in ADOM (Deposition and Oxidant
Model; Pleim HWDO, 1984; Venkatram HWDO, 1988) and Voldner HWDO (1986) developed a dry
deposition parameterisation for use in the Canadian Lagrangian acid deposition model. The
ADOM and RADM dry deposition modules have appeared in several applications. For example,
the RADM module has been adapted for the California Institute of Technology photochemistry
air shed model (Harley HWDO, 1993), the Urban Airshed Model (SAI, 1996), studies involving
the California Ozone Deposition Experiment (CODE; Massman HW DO, 1994; Pederson HW DO,
1995), the global chemistry model (GChM; Leucken HWDO, 1991; Benkovitz HWDO, 1994), and
EURAD in western Europe (Hass HWDO, 1995). The ADOM module has, for example, been used
in the CALGRID photochemical oxidant model (Yamartino HWDO, 1992).
Several models have been developed in Europe. Van Pul HW DO (1995) described a model,
EDACS (European Deposition of Acidifying Components on Small scale), that has been
developed for routine estimates of dry deposition across a regular grid covering Europe.
Meteorological inputs for this model are derived through interpolation of surface meteorological
observations and land-use data that are provided on a 10x20 km grid. This work represents the
first attempt to apply a model for routine estimation of spatially (1/6ox1/6o) and temporally (6h)
resolved dry deposition that is suitable for combination with wet deposition measurements for
determination of annual total deposition. EDACS and the Dutch Empirical Acid Deposition
Model (DEADM) have been used with long-range modules to map modelled deposition
amounts for sulphur and nitrogen compounds (e.g., Erisman & Draaijers, 1995). Concern over
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the accuracy of estimates of particulate deposition has led to several experimental efforts (e.g.,
Erisman HW DO, 1997). The dry deposition module DEPAC (DEPAC stands for DEPosition of
Acidifying Components) was used in both the EDACS and DEADM model and also formed the
basis for the dry deposition module in the IDEM model. This IDEM model was used in the
current study for calculating the depositions and is described in more detail in Section 2.1.3.
The next sections describe the parameterisations of the different deposition resistances,
mentioned earlier in Eq. 2.3.
2.1.2.1 Aerodynamic resistance (Ra)
The atmospheric resistance to transport of gases across the constant flux layer is assumed to be
similar to that of heat (e.g., Hicks HWDO, 1989b). Ra is approximated following the procedures
used by Garland (1978):

5D (] − G ) =

1   ]−G 
]
 ]−G 
 − ψ K 
⋅ ln
 +ψ K  R
κ ⋅ X *   ] R 
 / 
 /



 

(2.4)

in which κ is the Von Karman constant (0.4), u* is the friction velocity, which is calculated from
the output of the meteorological model , L is the Monin-Obukhov length, G is the displacement
height (land use and season dependent) and zo is the roughness length, which is defined
independently for each land use and season category. ψ K [(] − G )/ / ] is the integrated stability
function for heat. These can be estimated using procedures described in Beljaars & Holtslag
(1990). Under the same meteorological conditions, the aerodynamic resistance is the same for
all gases and in fact also for aerosols. Only for aerosols with a radius >5 µm does the additional
contribution of gravitational settling become significant. When the wind speed increases, the
turbulence usually increases as well and consequently Ra becomes smaller.
2.1.2.2 Quasi-laminar boundary layer resistance (Rb)
The second atmospheric resistance component Rb is associated with transfer through the quasilaminar layer in contact with the surface. The transport through the laminar boundary layer
takes place for gases by molecular diffusion and for particles by several processes: Brownian
diffusion, interception, impaction and by transport under influence of gravitation. None of the
processes for particles are as efficient as the molecular diffusion of gas molecules. This is
because molecules are much smaller than aerosols and therefore have much higher velocities.
For particles with radii < 0.1 µm Brownian diffusion is the most efficient process, whereas
impaction and interception are relatively important for those with radii > 1 µm. For particles
with radii between 0.1 and 1 µm the transport through the laminar boundary layer is slowest (Rb
is largest). The laminar boundary layer resistance is for most surface types more or less constant
(forest, at sea for a wind speed < 3 m/s) or decreases with wind speed (low vegetation).
Rb quantifies the way in which pollutant or heat transfer differs from momentum transfer in the
immediate vicinity of the surface. The quasi-laminar layer resistance Rb can be approximated by
the procedure presented by Hicks HWDO (1987):
2  6F 
5E =
⋅ 
κ ⋅ X*  Pr 

2/3

(2.5)

where Sc and Pr are the Schmidt and Prandtl number, respectively. Pr is 0.72 and Sc is defined
as 6F = υ / ' , with υ being the kinematic viscosity of air (0.15 cm2 s-1) and Di the molecular
diffusivity of pollutant L and thus component specific. The Schmidt and Prandtl number
correction in the equation for Rb is listed in Table 2.1 for different gases. Usually Rb values are
smaller than Ra and Rc. Over very rough surfaces such as forest canopies, however, Ra may
approach small values and the accuracy of the Rb estimate becomes important. This is especially
the case for trace gases with a small or zero surface resistance.
L
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Table 2.1 6FKPLGWDQG 3UDQGWO QXPEHU FRUUHFWLRQ LQ HTXDWLRQ IRU 5K +LFNV HW DO  IRU
GLIIHUHQWJDVHRXVVSHFLHVDQGWKHGLIIXVLRQFRHIILFLHQWUDWLRRIZDWHUWRWKHSROOXWDQW,
3HUU\ 

'*

Component

+ 22

1.9
1.5
1.6
1
1.7
1.9
1.5
2.8
1
1.5

SO2
NO
NO2
NH3
HNO2
HNO3
HCl
PAN
H2O
O3
*

'+

2

/'

(Sc/Pr)2/3

L

1.34
1.14
1.19
0.87
1.24
1.34
1.14
1.73
0.87
1.14

−5 2 −1
2 = 2.27 ⋅ 10 P V

Table 2.2

0ROHFXODU IRU JDVHV DQG %URZQLDQ IRU SDUWLFOHV GLIIXVLYLWLHV ' FP V  IRU D
UDQJHRISROOXWDQWVDQGWKHGHGXFHGYDOXHVRI6FKPLGWQXPEHU 6F 7KHYLVFRVLW\RI
DLULVWDNHQWREHFP V )URP+LFNVHWDO  
 

 

Component
Gaseous species
H2
H2O
O2
CO2
NO2
O3
HNO3
SO2
Particles (unit density)
0.001 µm radius
0.01
0.1
1
10

D

Sc

0.67
0.22
0.17
0.14
0.14
0.14
0.12
0.12

0.22
0.68
0.88
1.07
1.07
1.07
1.25
1.25

1.28 10-2
1.35 10-4
2.21 10-6
1.27 10-7
1.38 10-8

1.17 101
1.11 103
6.79 104
1.18 106
1.09 107

2.1.2.3 Surface resistance (Rc)
The surface resistance Rc has to be calculated separately for respectively gases and particles.
This section describes the parameterisation for the gases. The Rc parameterisation for particles is
described in Section 2.1.4, where the dry deposition calculation of base cations is discussed in
more detail.
The surface or canopy resistance Rc is the most difficult of the three resistances to describe, and
is often the controlling resistance of deposition flux. The analytical description of Rc has been
difficult since it involves physical, chemical and biological interaction of the pollutant with the
deposition surface. Over a given area of land, numerous plant, soil, water, and other material
surfaces are present, each with a characteristic resistance to uptake of a given pollutant.
Rc values presented in the literature are primarily based on measurements of Vd and on chamber
studies. By determining Ra and Rb from the meteorological measurements, Rc can be calculated
as the residual resistance. Values of Rc can then be related to surface conditions, time of day,
etc., yielding parameterizations. However, measurements using existing techniques are still
neither accurate nor complete enough to obtain Rc values under most conditions. Furthermore,
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Rc is specific for a given combination of pollutants, type of vegetation and surface conditions,
and measurements are available only for a limited number of combinations.
The surface resistance of gases consists of other resistances (Figure 2.1), either determined by
the actual state of the receptor, or by a memory effect. Rc is a function of the canopy stomatal
resistance Rstom and mesophyll resistance Rm; the canopy cuticle or external leaf resistance Rext;
the soil resistance Rsoil and in-canopy resistance Rinc, and the resistance to surface waters or
moorland pools Rwat. In turn, these resistances are affected by leaf area, stomatal physiology,
soil and external leaf surface pH, and presence and chemistry of liquid drops and films. Based
on values from the literature for the stomatal resistance (Wesely, 1989), and on estimated values
for wet (due to rain and to an increase in relative humidity) and snow-covered surfaces, the
following parameterization (with the stomatal resistance, external leaf surface resistance and
soil resistance acting in parallel) can be applied for routinely measured components (Erisman
, 1994b):
vegetative surface:

HW

DO



1

1

1 

−1

+
+
5F = 

 5 VWRP + 5P 5LQF + 5VRLO 5H[W 

(2.6)

water surfaces:
Rc=Rwat
bare soil

(2.7)



Rc=Rsoil

(2.8)

Rc=Rsnow

(2.9)

snow cover:

χ (z-d)
Ra

Rb
Rstom

Rm

Rinc

Rsoil

Rext

Figure 2.1

5HVLVWDQFHDQDORJ\DSSURDFKLQGU\GHSRVLWLRQPRGHOV

Table 2.3 shows some surface resistance values for soil surfaces (Rsoil), snow-covered surfaces
(Rsnow) and water surfaces (Rwat).
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Table 2.3

6XUIDFH UHVLVWDQFH YDOXHV VP  IRU VRLO VXUIDFHV 5  VQRZFRYHUHG VXUIDFHV
5 DQGZDWHUVXUIDFHV 5 )URP(ULVPDQHWDO E 


VRLO

VQRZ

Gas
SO2 and HNO2
NH3
NO
NO2 and PAN
HNO3 and HCl
O3

ZDW

Soil

surfaces, Rsoil Water surfaces,

Soil or water

Snow-covered

Surfaces

Wet
0
500
250
0
1000
2000
0

Dry
1000
Rext
500
50
1000
1000
0

Rwat
0
500
500
0
2000
2000
0

PH
>4
<4
>8
<8
------>2

500

100

2000

----

Rsnow
70 (2-T)
500
70 (2-T)
500
2000
2000
0
100
2000

Temperature (oC)
-1<T<1
T<-1
-1<T<1
T<-1
------T>-5
T<-5
----

It is not clear whether Rm is relevant at ambient concentrations (Erisman HW DO, 1994b).
Therefore, they consider the sum of Rstom and Rm to be a new resistance Rst, a stomatally
controlled resistance which would equal the true stomatal resistance Rstom if Rm=0. Similarly,
they defined a new resistance Rfs=Rinc+Rsoil, a non-stomatal resistance to express that the uptake
could be either direct foliage uptake or soil uptake. Thus, Eq. 2.6 reduces to

5 =
F

5 ⋅5
5 +5
VW

VW

IV

(2.10)

IV

Combining Eqs. 2.3 and 2.10 yields
1

9

=5 +5 +
D

E

G

5 ⋅5
5 +5
VW

VW

IV

(2.11)

IV

for daytime situations. During the night, when stomata are closed, Rst=∞ is assumed and Eq.
2.11 can be reduced to

1

9

=5 +5 +5
D

E

IV

(2.12)

G

Rcut denotes local leaf cuticular resistance. In Brook HWDO (1999a):
Rcut(SO2)=rcut(LUC,season);

(2.13)

Rcut(O3)=rcut(LUC,season);

(2.14)

Rcut(HNO3)=20 sm-1.

(2.15)

Rwcut denotes wet cuticle resistance. For O3, under wet/dew conditions it is assumed a constant
value of 500 sm-1; for SO2, the value is set to 50 sm-1 for both dew-covered and rainfall
conditions; HNO3 uptake is rapid regardless of wetness.
Rg denotes ground surface resistance, which varies depending upon whether the surface is soil,
water or snow/ice and whether it is wet or dry. For all surface conditions (dry, wet or snow) a
small value of 20 sm-1 is used for the ground resistance of HNO3. For wet soil, constant values
of 100 and 600 sm-1 are used for SO2 and O3, respectively. There is little information available
for resistance over snow or ice surfaces. From the limited amount of data available (see Brook
HWDO, 1999a), values of 200 and 3000 sm-1 were set for SO2 and O3, respectively.



6WRPDWDO 5VWRP DQGPHVRSK\OO 5P UHVLVWDQFHV
Most gases enter plants through stomata. As gas molecules enter the leaf, deposition occurs as
molecules react with the moist cells in the sub-stomatal cavity and the mesophyll. Stomatal
resistance decreases hyperbolically with increasing light and increases linearly with increasing
vapour pressure deficits (Jarvis, 1976). Soil water deficits cause stomata to close after some
threshold deficit level is exceeded. Low and high temperatures cause stomatal closure; stomatal
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opening is optimal at a vegetation-specific temperature. Leaf age, nutrition and adaptation are
other factors affecting stomatal resistance (Jarvis, 1976). Elevated exposure to SO2 causes
stomata to close, whereas exposure to both O3 and NH3 may increase stomatal opening.
Stomatal resistance is different for different types of vegetation.
The stomatal resistance for water vapour, Rstom, is a function of the photosynthetically active
radiation (PAR), air temperature (T), leaf water potential (ψ), vapour pressure deficit (VPD),
and can be calculated using a scheme described by Baldocchi HW DO (1987). This scheme is
based on a model presented by Jarvis (1976) for the computation of the stomatal resistance to
water vapor transfer of a leaf that is biologically and physically realistic. It is a multiplicative
model which is expressed in terms of stomatal conductance (gs), the inverse of Rstom. In this
scheme the bulk leaf stomatal conductance is written as:
JV

=

I

(3$5 )⋅ I (7 )⋅ I (93' )⋅ I (ψ )

(2.16)

Values of the functions I 7  I ψ and I 93' range from 0 to 1. I 3$5 is the influence of
photosynthetically active radiation on the stomatal conductance, and depends on the LUCdependent parameters of the minimum stomatal resistance, rs(min); the light response constant,
brs, equal to the PAR flux density at twice the minimum stomatal resistance; the leaf area index,
LAI; and variations in PAR (Table 2.4). The response of stomatal resistance to PAR is
estimated using a rectangular hyperbola relationship (Turner & Begg, 1974):

I (3$5 ) =

1
1
⋅
UV (min ) 1 + EUV (3$5 )/ 3$5

(2.17)

PAR is estimated as a fraction of the short-wave incoming radiation, Q:

3$5 = 0.5 ⋅ 4
Table 2.4
Variable
Rs (min)
brs(PAR)
Tmin
Tmax
Topt
bvpd
ψo

(2.18)

&RQVWDQWV XVHG LQ (ULVPDQ HW DO E  WR FRPSXWH 5VWRP IRU VHYHUDO YHJHWDWLRQ
W\SHV DGRSWHGIURP%DOGRFFKLHWDO 
Units
s m-1
W m-2
o
C
o
C
o
C
k Pa-1
M Pa

Spruce
232
25
-5
35
9
-0.0026
-2.1

Oak
145
22
10
45
24-32
0
-2.0

Corn
242
66
5
45
22-25
0
-0.8

Soybean
65
10
5
45
25
0
-1.1

Stomatal conductance increases with increasing temperature until a threshold temperature, after
which it decreases. This dependence on temperature is the result of energy balance feedbacks
between humidity and transpiration of the leaf (Schulze & Hall, 1982) and the influence of
temperature on enzymes associated with stomatal operation (Jarvis & Morison, 1981). The
response of stomatal conductance to temperature (T) is computed using the relationship
presented by Jarvis (1976):

 7 − 7min   7max − 7 
I (7 ) = 
⋅

 7RSW − 7min   7max − 7RSW 

β

(2.19)

where, according to Jarvis (1976), and Erisman HWDO (1994b)

β = (7max − 7RSW )/ (7max − 7min )

22

(2.20)
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However, according to Baldocchi HWDO (1987), and Brook HWDO (1999a)

β = (7max − 7RSW )/ (7RSW − 7min )

(2.21)

Tmin(i), Tmax(i) indicates minimum and maximum temperatures at which stomatal closure occurs,
and the optimum temperature Topt(i) indicates the temperature of maximum stomatal opening
(Table 2.4 
The influence of vapour pressure deficit on stomatal conductance I

I (93' ) = 1 − EYSG ⋅ 93'

93' is represented by
(2.22)

bvpd is a constant (Table 2.4 , while VPD, vapor pressure deficit, is estimated from relative
humidity rh(%) by (Beljaars & Holtslag, 1990)
93' = (1 − UK / 100)⋅ HV

(2.23)

HV is the saturated water vapour pressure (mbar):
 17.502 ⋅ 7 

 240.97 + 7 

HV = 6.1365 ⋅ exp

(2.24)

According to Monteith (1975), the saturated water vapor pressure (in kPa) at temperature W (oC)
can be calculated using:
HV

= 0.611371893 + 0.044383935 ⋅ W
+ 0.001398175 ⋅ W 2 + 0.000029295 ⋅ W 3

(2.25)

+ 0.000000216 ⋅ W 4 + 0.000000003 ⋅ W 5

The bulk stomatal resistance is approximated with

5 VWRP =

1
/$, ⋅ J V

(2.26)

which will lead to an overestimation of Rstom caused by partial shading of leaves (Baldocchi HW
DO, 1987).
Modelling the stomatal resistance in a detailed manner is only possible if enough information is
available. This might be a problem for the water potential and for the leaf area index LAI. For
those regions where such data are not available the parameterization for the stomatal resistance
given by Wesely (1989) may be used. This parameterization is derived from the method by
Baldocchi HW DO (1987) and only needs data for global radiation Q (W m-2) and surface
temperature Ts (oC):

5VWRP

  200  2  

400
= 5L ⋅ 1 + 

 ⋅
  4 + 0.1    7V ⋅ (40 − 7V )

(2.27)

Values for Ri can be obtained from a look-up table for different land use categories and seasons,
as listed in Table 2.9 (from Wesely, 1989).
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Table 2.5

,QWHUQDO UHVLVWDQFH 5  XVHG LQ (ULVPDQ HW DO E  WR FRPSXWH WKH VWRPDWDO
UHVLVWDQFHIRUGLIIHUHQWVHDVRQVDQGODQGXVHW\SHV(QWLWLHVRI±LQGLFDWHWKDW
WKHUHLVQRDLUVXUIDFHH[FKDQJHYLDWKDWUHVLVWDQFHSDWKZD\ DGRSWHGIURP:HVHO\
 
L

Seasonal Category

1

2

4

5

6

7

9

10

Midsummer with lush vegetation
Autumn with unharvested cropland

-999
-999

60
-999

70
-999

130
250

100
500

-999
-999

80
-999

100
-999

Late autumn after frost, no snow

-999

-999

-999

250

500

-999

-999

-999

Winter, snow on ground and subfreezing

-999

-999

-999

400

800

-999

-999

-999

Transitional spring with partially green short annuals

-999

120

140

250

190

-999

160

200

(1) urban land, (2) agricultural land, (4) deciduous forest, (5) coniferous forest, (6) mixed forest including wetland,
(7) water, both salt and fresh, (9) non-forested wetland, (10) mixed agricultural and rangeland

After the passage through the stomatal opening, transfer of pollutant must take place between
the gas phase of the stomatal cavity and the apoplast fluids. Parameterizations for Rm usually
include a dependency on the Henry constant of the compound (e.g., Wesely, 1989). It was
considered independent of LUC and season, and Baldocchi HW DO (1987) estimated that Rm
should be between 10 and 50 s m-1. However, many water soluble compounds, such as HNO3
and SO2 are assumed to dissolve easily into the apoplast fluid due to a high or moderate
(respectively) Henry coefficient and/or efficient conversion and transport after dissolution.
Therefore Rm for HNO3 and SO2 (also for O3) is generally assumed to be negligible (Voldner HW
DO, 1986; Wesely, 1989, Erisman HWDO, 1994b; NOAA, 1997). For NH3, Rm is usually also set
to zero. This approximation may be well acceptable for unfertilized vegetation. However, it may
be far from realistic if fertilization causes a high ammonium content in the apoplast, leading to
frequent and significant emissions. In that case, it may be necessary to account for Rm, unless
the concentration in the stomata is estimated or calculated directly as a compensation point. It
can be hypothesized, however, that for PAN, Rm is larger than Rstom because the dry deposition
velocities found for PAN are smaller than would be calculated if it was assumed that Vd was
determined by stomatal uptake. In general, the mesophyll resistances Rm for all the gases are
assumed to be zero, because of insufficient knowledge.
This general framework for the water vapor stomatal resistance can be used to describe stomatal
uptake for each gas by correcting the Rstom using the ratio of the diffusion coefficient of the gas
involved to that of water vapor (Dv/Di; Table 2.1) and adding the mesophyll resistance:

5VWRP, [ = 5VWRP ⋅

'+ 2
+ 5P
'[
2

(2.28)

([WHUQDOOHDIXSWDNH 5H[W 
Many studies have shown that the external leaf surface can act as an effective sink, especially
for soluble gases at wet surfaces (Hicks HWDO, 1989b; Fowler HWDO, 1991; Erisman HWDO, 1993a,
1994a). Under some conditions the external leaf sink can be much larger than the stomatal
uptake. When Rext is negligible, Rc also becomes negligible, dominating the other resistances.
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SO2
SO2 dry deposition is enhanced over wet surfaces (Garland & Branson, 1977; Fowler and
Unsworth, 1979; Fowler, 1985; Vermetten HW DO, 1992; Erisman HW DO, 1993b; Erisman &
Wyers, 1993). Erisman HWDO (1994b) derived an Rext parameterization for wet surfaces (due to
precipitation and an increase in relative humidity) of heather plants:
• during or just after precipitation:
Rext= 1 s m-1
•

in all other cases:

25000 ⋅ H −0.0693⋅UK
58 ⋅1010 ⋅ e -0.278⋅rh

5H[W = 

rh ≤ 81.3%
rh > 81.3%

(2.29)

where rh is the relative humidity. The previous equation is applied to air temperatures above –
1oC. Below this temperature it is assumed that surface uptake decreases and Rext is set at 200 (1>T>-5oC), or 500 (T<-5oC) s m-1. Rext will be zero for some hours after precipitation has
stopped. This time limit varies with season and depends on environmental conditions. Drying of
vegetation is approximated to take 2h during daytime in summer and 4h in winter. During
nighttime, vegetation is expected to be dry after 4h in summer and after 8h in winter (Erisman HW
DO, 1993a).
NH3
While most other gaseous pollutants have a consistently downward flux, NH3 is both emitted
from and deposited to land and water surfaces. For semi-natural vegetation, fluxes are usually
directed to the surface, whereas fluxes are directed away from the surface over agricultural
grassland treated with manure. For arable cropland fluxes may be bi-directional depending on
atmospheric conditions and the stage in the cropping cycle (Sutton, 1990). Nitrogen metabolism
has been shown to produce NH3 and as a result there is a compensation point (Farquhar HWDO,
1980) at which deposition might change into emission when ambient concentrations fall below
the compensation concentration and vice versa.
To describe NH3 exchange it is necessary to consider natural and managed vegetation
separately. For managed vegetation the compensation point approach seems to be most
promising for use in models. However, the current state of knowledge is insufficient to define
canopy resistance terms or compensation points reliable over different surface types and under
different environmental conditions relevant for model parameterization (Lövblad HWDO, 1993).
Furthermore, the compensation point is expected to be a function of many (undefined) factors
and not a constant value.
Ammonia generally deposits rapidly to semi-natural (unfertilized) ecosystems and forests.
Results show Rc values mostly in the range of 0-50 s m-1 (Duyzer HWDO, 1987, 1992; Sutton HW
DO 1992; Erisman HWDO, 1993b). There is a clear effect of canopy wetness and relative humidity
on Rc values (Erisman & Wyers, 1993). Under very dry, warm conditions (rh<60%, T>15oC)
deposition to the leaf surface may saturate, so that exchange is limited to uptake through
stomata, even allowing for the possibility of emission at low ambient concentrations. In this
context a larger Rc may be appropriate (~50 s m-1). Table 2.6 shows some values for Rext for
NH3, for different land use categories.
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Table 2.6

5H[WIRU1+ VP RYHUGLIIHUHQWYHJHWDWLRQFDWHJRULHVLQ(XURSH1HJDWLYHYDOXHV
IRU 5H[W GHQRWH HPLVVLRQ IRU HVWLPDWLQJ D QHW XSZDUG IOX[ )URP (ULVPDQ 
'UDDLMHUV  

Land use category

Day

Dry
Wet
Dry
Pasture during grazing:
summer
-1000
-1000
1000
20
winter
50
100
Crops and ungrazed pasture: summer
-Rstom
50
200
winter
100
300
-Rstom
Semi-natural ecosystems and forests
-500
0
1000
Winter conditions: T>-1 oC, otherwise Rext=200 s m-1 (-1>T>-5 oC) or Rext=500 s m-1 (T<-5 oC)

Night
Wet
1000
20
50
100
0



NOx
A very small stomatal uptake might be observed for NO at ambient concentrations. Fluxes are,
however, very low and uptake is therefore neglected (Wesely HWDO, 1989; Lövblad & Erisman,
1992). Rext is set at 9999 s.m-1. Uptake of NO2 seems to be under stomatal control with no
internal resistance. In Eugster & Hesterberg (1996) it is addressed that, for deposition of NO2,
Rext is assumed to be very large (Fowler HWDO, 1991) and can be set to infinity. Rext is set at 9999
s.m-1.
HNO3
The difficulty of measuring nitric acid concentrations at ambient levels has limited the number
of flux measurements of these gases. Recent investigations, however, consistently show that for
vegetative surfaces these gases deposit rapidly, with negligible surface resistances. Deposition
of HNO3 seems to be limited by the aerodynamic resistance only. For this gas the external
surface resistance is found to be negligible: Rext is set at 1 s.m-1.



,QFDQRS\WUDQVSRUW 5 
LQF

Deposition to canopies includes vegetation and soil. Early studies assumed that deposition to
soils under vegetation was relatively small (5-10% of the total flux; Fowler, 1978). Recent work
shows that a substantial amount of material can be deposited to the soil below vegetation. This
substantial transfer occurs because large-scale intermittent eddies are able to penetrate through
the vegetation and transport material to the soil.
The in-canopy aerodynamic resistance Rinc for vegetation is modeled according to data from van
Pul & Jacobs (1993):

5

LQF

=

E ⋅ /$, ⋅ K
X*

(2.30)

where LAI is the one-sided leaf area index (set to one for a deciduous forest in winter), h the
vegetation height and b an empirical constant taken as 14 m-1. The previous equation is only
applied to tall vegetation. For low vegetation Rinc is assumed to be negligible. The resistance to
uptake at the soil under the canopy Rsoil is modeled similarly to the soil resistance to bare soils.
This will probably underestimate uptake to surfaces under forests (partly) covered with
vegetation. Parameters used for the calculation of Rinc are summarized in Table 2.7.
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Table 2.7

3DUDPHWHUVIRUWKHFDOFXODWLRQRI5LQFIRUVLPSOHYHJHWDWLRQFODVVHVE\:LOVRQ  
WRWUDQVODWH2OVRQ  

Vegetation type

LAI

b

h

Desert
Tundra
Grassland
Grassland + shrub cover
Grassland + tree cover
Deciduous forest
Coniferous forest
Rain forest
Ice
Cultivation
Bog or marsh
Semi-desert
Bare soil
Water
Urban

-9999
6
6
6
6
5
5
-9999
-9999
5
-9999
-9999
-9999
-9999
-9999

-9999
-9999
-9999
-9999
-9999
14
14
-9999
-9999
14
-9999
-9999
-9999
-9999
-9999

-9999
-9999
-9999
-9999
-9999
20
20
-9999
-9999
1
-9999
-9999
-9999
-9999
-9999

'HSRVLWLRQWRVRLO 5

VRLO

DQGZDWHUVXUIDFHV 5

ZDW



SO2
Deposition of SO2 to soil decreases at a soil pH below 4 and increases with relative humidity
(Garland, 1977). In Spranger HW DO (1994) Rsoil dependence on pH and relative humidity is
calculated as
5VRLO = H 9.471−0.0235⋅UK−0.578⋅ S+

(2.31)

When surface temperatures fall below zero or the surface is covered with snow, Rc values
increase up to 200-500 s.m-1. The deposition of SO2 to snow-covered surfaces depends on pH,
snow temperature and probably the amount of SO2 already scavenged by the snow pack.
Erisman HWDO (1994b) found the following relations for snow-covered surfaces:
Rsnow=500 s m-1

at T<-1oC

Rsnow=70(2-T) s m-1

at -1<T<1oC

(2.32)

NH3
Deposition of NH3 to soil, snow and water surfaces is similar to that of SO2, only the pH
dependence is different. Resistances to unfertilized moist soils will be very small provided that
the soil pH is below 7. Fertilized soils, or soils with a high ammonium content, will show
emission fluxes, depending on the ambient concentration of NH3. Resistances to water surfaces
will be negligible if the water pH is below 7. Resistances to snow will be similar to that of SO2
at pH<7. Resistances will increase rapidly above a pH of 7.
NOx
For NO at ambient concentrations, emission from soils is observed more frequently than
deposition. This emission, the result of microbial activity in the soil, is dependent on soil
temperature, water content and ambient concentrations of NO (Hicks HWDO, 1989b). Emissions
are to be expected at locations with low ambient NO and NO2 concentrations (<5ppb).
The surface resistance for NO2 to soil surfaces is found to be about 1000-2000 sm-1 (Wesely,
1989). If the soil is covered by snow, the resistance will become even higher. Resistances of
NO2 to water surfaces are also expected to be high due to the low solubility of this gas.
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HNO3
Resistances to water surfaces (pH>2) and soils for HNO3 are assumed to be negligible. A
surface resistance for HNO3 to snow surfaces at temperatures below –5oC is expected.
Resistances for HNO2 are assumed to follow those of SO2.
Rsoil, Rsnow and Rwat values for different gases are summarized in Table 2.3.

2.1.3 Dry deposition calculations by means of IDEM
2.1.3.1 General overview
The dry deposition of the components considered in this project is calculated by a model called
the Integrated DEposition Model (IDEM) using the so-called dry deposition inference method
(Erisman HW DO, 1992; Erisman & Baldocchi, 1994; Van Pul HW DO, 1992,1995). The dry
deposition sub-model that was built into IDEM is based on the DEPAC module (see previous
sections). The IDEM model is built around this dry deposition scheme and integrates the
retrieval of spatial data concerning landuse etc., and time dependent data like meteorological
and concentration data with the deposition calculations. The outline of the EDACS model, the
predecessor of IDEM, is presented in Figure 2.2. The difference of IDEM with the EDACS
setup is that the base resolution of the landuse map, local scale vd and other deposition data is 1
by 1 km.
EMEP
long-range transport model

RIVM
local -scale deposition
total deposition
10 x 20km

assessments
protocols
budgets

wet deposition
observations
~800 locations

total deposition
150 x 150 km

dry deposition
concentration maps
150 x 150 km
local scale
Vd
emission maps
SO2, NOx, NH3
50 x 50 km

meteorological
observations
Q, rh, u, T, H
satellite and
ground-based
observations

Figure 2.2

land-use maps
(1/6-1/6)
~10 x 20 km

2XWOLQHRIWKH('$&6PRGHO )URP%OHHNHUHWDO 

Dry deposition fluxes are calculated in IDEM by calculation of dry deposition velocities and
applying these on modelled concentrations for the same height. In the inference method it is
assumed that a constant flux layer exists between a reference height and the surface. To fulfil
this condition air and surface layer need to be in equilibrium, no chemical reactions take place
in the surface layer and no advection is present. Only then is the deposition flux at the reference
height equal to that at the surface. The reference height has to be chosen so that it lies within the
surface layer and that the concentration at that height is not severely influenced by local
deposition, so that using concentration data from a relatively coarse resolution model or
measurement network is allowed. In IDEM and EDACS the reference height is taken at 50 m
above ground level (Erisman, 1992).
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In IDEM the dry deposition velocities are calculated for the following components:
• Ammonia; NH3
• Ammonium; NH4
• Sulphur dioxide; SO2
• Sulphate (aerosol); SO4
• Nitrogen monoxide; NO
• Nitrogen dioxide; NO2
• Nitric Acid; HNO3
• Nitrate aerosol; NO3
• Base Cations; Na, Mg, Ca, K
In this report the following definitions are used for certain groups of components:
• 12\ = NO+NO2+HNO3+NO3
• 1+[= NH3+NH4
• 62[ = SO2+SO4
• 7RWDO$FLG = NOy+NHx+SOx
2.1.3.2 IDEM input data

0HWHRURORJLFDOGDWD

IDEM requires detailed meteorological input data. In the calculations described in this report,
data was used from the ECMWF MARS database. For the years 1990-1999 re-analysed data
was used. For the further period the re-analysed data was not yet available, so the standard
analysed fields from the MARS database were used. The resolution of the data is 0.5x0.5 degree
longitude and latitude. The time interval between the records is six hours. The data is stored in
so called GRIB files. IDEM accesses these GRIB files directly using text index files to locate
the requested data in the compressed binary GRIB data files. The de-assimilation of assimilated
analysed data in the ECMWF databases is carried out by slightly modified software provided by
P.James (http://www.forst.tu-muenchen.de/EXT/LST/METEO/sthohl/flextra/ecmwf_extr.html).
The data fields required by IDEM are listed in table Table 2.8.
Table 2.8

,'(0UHTXLUHGILHOGVLQPHWHRURORJLFDOLQSXW

Abbreviation

Description

Abbreviation

Description

WU
WV
MSL
T2
HF
TS
CVP

Wind speed in EW direction at 10 m
Wind speed in NS direction at 10 m
Atmospheric pressure at surface level
Temperature at 2 m height
Sensible Heatflux
Soil temperature
Convective precipitation

LSP
SD
GLRad
TCC
SSWE
SSNS

Large scale precipitation
Snow depth
Global radiation
Total Cloud Cover
Surface stress in WE direction
Surface stress in NS direction

It is possible to derive the atmospheric stability from the ECMWF input, as this contains values
for both Sensible Heat flux en friction velocity (through SSWE, SSNS). The values obtained are
however values that are representative for the 0.5x0.5 degree grid cell. In IDEM we derive from
wind speed, cloud cover, radiation and local surface roughness, a localized version of the energy
balance on the 1x1 km grid and use this in the dry deposition calculation scheme. The surface
energy budget scheme from Beljaars & Holtslag (1990) is used in an optimised version. Using
these localized surface fluxes presumably leads to a much higher accuracy then using the
ECMWF values that are representative for the whole 0.5x0.5 degree grid boxes.
The IDEM model interpolates all meteorological data to the 1x1 km grid using weighted
distance averaging. This avoids visual block effects in some of the calculated data when sharp
gradients in for example wind speed exist between 0.5x0.5 degree meteo grid data cells.
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The model can use concentration data in the latitude-longitude projection as well as in the
EMEP projection. For the years 1990-2000 concentration data became available from NERI,
calculated using DEHM (the Danish Eulerian Hemispheric Model), with a data resolution of
0.5x0.5 degree and three-hour time resolution. Wet deposition fluxes were available as monthly
totals, also from the DEHM model. DEHM is a regional model that initially was developed to
study long-range transport of sulphur into the Arctic (Christensen, 1997). The model has since
then been further evolved to include nesting capabilities (see Frohn HWDO., 2002) and it has been
coupled to the MM5 model, which is used as a meteorological driver for the model system.
Several versions of the DEHM model exist, including different species like for example
mercury, POP’s, lead, CO2 as well as a photochemical version with 60 species (for details see,
Geels HWDO., 2003, 2004; Frohn HWDO., 2003). This last version was used to obtain the data used
in this project. The concentration data is interpolated to a 1x1 km grid using weighted distance
averaging and are used by IDEM in a GRADS [http://grads.iges.org/grads/grads.html] binary
format.
For all components mentioned in the previous section, for which IDEM calculation are
performed, the concentration data is obtained from DEHM. The only exception being
concentration data for base cations (Ca, Mg, K and Na). These data could not be obtained in the
same way as the other concentrations, mainly due to the lack of adequate emission data.
Therefore, it is not possible to calculate the concentrations (and depositions) of base cations by
means of DEHM and are other methods needed to derive these information. The method used
for calculating the base cation concentration and dry deposition is described in more detail in
Section 2.1.4.

6WDQGFKDUDFWHULVWLFGDWD

When calculating the deposition on individual forest stands, information is needed with respect
to tree height and tree species in combination with roughness length. These forest stands are part
of the so-called Level I and Level II monitoring programmes. Here a short description of these
programmes and sites is given, together with information about the available data from these
programmes. Were calculated depositions are concerned, this is in all cases done for the
complete datasets for the Level I and II sites, unless mentioned otherwise.
The large-scale forest condition monitoring at the systematic grid (Level I)
For monitoring forest condition and its spatial and temporal changes on a large scale and over a
long period of time, the Level I network has been established. The Level I network consists of
approximately 6000 monitoring plots, which are systematically arranged in a 16x16km grid
throughout Europe. In addition, several countries are executing surveys at a denser national
gridnet in order to obtain reliable estimates at national and regional level. Three surveys are
carried out at (part of) the Level I plots:
•
Crown condition assessment
Crown condition at Level I has been used to detect the status and trends of tree condition in
Europe. Crown condition is assessed at European level annually at all of the 16x16km
Level I points. The main parameters to be assessed are: Defoliation/crown transparency,
discolouration and stand and site characteristics which support the interpretability of the
crown condition results and serve as a basis for upscaling Level II results.
Crown condition is assessed on an annual basis for the trans national grid and national
monitoring sites.
•
Forest Soil Condition survey
There are clear correlations between forest soil chemistry and the deposition of acidity and
heavy metals. Therefore the soil condition assessment at Level I provides information on
soil related stress factors for forest condition with respect to nutrient imbalances and soil
condition. Soil condition at the trans-national grid was assessed only once in 1994/1995.
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•

Forest Foliar Survey
The monitoring of tree nutrition is important for assessing forest condition, as changes in
forest condition may manifest themselves in foliar nutrient concentrations. The main
objective of the foliar survey was to monitor the nutritional status of forest trees. Few
countries (16) have analysed the chemical composition of the foliage of Level I sample
trees in the years 1994/95.

Deposition is not assessed at the Level I plots: for computation of deposition (both acidity and
base cations) one thus has to rely on modelled values. Tree height, needed for the deposition
modelling is also not assessed at the Level I plots. For the modellin excercises, this tree height
was estimated as a function of the known tree species, tree age and climate zone (Klap HWDO,
1999).
The Intensive Monitoring of European Forest Ecosystems (Level II)
The Intensive monitoring started in the 1994. For the intensive monitoring programme (Level
II) more than 860 permanent observation plots have been established by the countries. Major
aimas of the programme are to:
• Monitor effects of anthropogenic (in particular air pollution) and natural stress factors on the
condition and development of forest ecosystems in Europe.
• Contribute to a better understanding of cause-effect relationships in forest ecosystems
functioning in various parts of Europe.
These aims are supported by investigating key factors and processes on the ecosystem scale.
Plots have been selected on a preferential basis taking into account ecological and logistic issues
and in such a way that major forest ecosystems in a country are represented.
Monitoring takes place on the selected permanent monitoring sites. Some of the assessed
surveys are mandatory and should be reported for all plots. Those surveys are: crown condition,
soil chemistry, foliage and forest growth. Other surveys are carried out the limited number of
plots, such as metrological conditions, atmospheric depositions, soil solution chemistry, ground
vegetation and remote sensing.
At about 360 Intensive Monitoring plots, both bulk deposition and throughfall are measured in
the field. From these data total deposition can be calculated and serve as a validation data set for
the deposition modelling excercises. For the remaining 500 Intensive Monitoring plots,
deposition has to be modelled as well.



2.1.4 Base cation dry deposition calculations
The deposition of base cations can also be calculated by combining a dry deposition velocity
and an air concentration (Eq 2.1, Section 2.1.1). In principle, the procedure for calculating the
dry deposition of base cations is similar to that for other particles like NH4+, SO42+ and NO3-.
The process of dry deposition of particles, and thus of base cations, differs from that of gases in
two respects:
• deposition depends on particle size since transfer to the surface involves Brownian
diffusion, inertial impaction/interception and sedimentation (all of which are a strong
function of particle size),
• presumably the surface resistance for particles less than 10µm diameter (Hicks & Garland,
1983) is negligible small to all surfaces.
For sub micron particles, the transport through the boundary layer is more or less the same as
for gases. However, transport of particles through the quasi-laminar layer can differ. For
particles with a diameter <0.1µm, deposition is controlled by diffusion, whereas deposition of
particles with a diameter >10µm is more controlled by sedimentation. Deposition of particles
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with a diameter between 0.1 and 1 µm is determined by the rates of impaction and interception
and depends heavily on the turbulence density.
Ruijgrok HW DO (1997) proposed another parameterisation derived from measurements over a
coniferous forest. In this approach, which is simplified from Slinn’s (1982) model, 9G is not
only a function of u*, but also of relative humidity (RH) and surface wetness. Inclusion of RH
allows for particle growth under humid conditions and for reduced particle bounce when the
canopy is wet. Dry deposition velocity for particles is expressed as:

1

9G

= 5D +

1

(2.33)

9GV

where Ra is the aerodynamic resistance, which is the same as for gaseous species, and Vds is the
surface deposition velocity.
For tall canopies Vds is parameterised by Ruijgrok HWDO (1997) as:

9GV = ( ⋅

X*2
XK

(2.34)

where uh is the wind speed at the top of the canopy, which is obtained by extrapolating the
logarithmic wind profile from ZR to the canopy height K. uh can be expressed as:
XK =

X*
N
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(2.35)

( is the total efficiency for canopy capture of particles, and is parameterised separately for dry
and wet surfaces (Ruijgrok HWDO, 1997).
Erisman & Draaijers (1995) used the following general form for the calculation of 9G:

9G =

1

5D +

+ 9V

1

(2.36)

9GV

where 9V is the deposition velocity due to sedimentation, to represent deposition of large
particles, and 9GV can be estimated from Eq. 2.5. Relations for ( for base cations and for
different conditions are given in Table 2.9. These were derived from model calculations and
multiple regression analysis (Erisman & Draaijers, 1995). For completeness, also the
parameterisations for the other particles are given (SO42+, NO3- and NH4+). The particle
deposition for these components is calculated simultaneously with the other gaseous
components (see also previous section).
For the large particles (Na+, Ca2+, Mg2+) and for low vegetation (for all particles), the
sedimentation velocity has to be added:
9V
9V
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= 0.0067 P ⋅ V −1
= 0.0067 ⋅ H

0.0066⋅5+
1.058 − 5+

RH ≤ 80

(2.37)
P⋅V

−1

RH > 80%
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Table 2.9

%DVHFDWLRQSDUDPHWHUL]DWLRQVRI(YDOXHVIRUGLIIHUHQWFRQGLWLRQV)URP(ULVPDQ 
'UDDLMHUV  7KHSDUDPHWHUL]DWLRQVIRUWKHRWKHUSDUWLFOHVLVDOVRJLYHQKHUH
Wet surface

Compound

rh ≤ 80%

Na+, Ca2+,
Mg2+

0.679 ⋅ X*0.56

NH4

+

0.066 ⋅ X*0.41

Dry surface
rh ≤ 80%

rh > 80%
UK −80 

0.679 ⋅ X*0.56 ⋅ 1 + 0.37 ⋅ H 20 





0.14 ⋅ X*0.12

UK −80 

0.41 
0.066 ⋅ X* ⋅ 1 + 0.37 ⋅ H 20 







0.05 ⋅ X*0.23

rh > 80%
UK −80 

0.14 ⋅ X*0.12 ⋅ 1 − 0.09 ⋅ H 20 





UK −80 

0.23 
0.05 ⋅ X* ⋅ 1 + 0.18 ⋅ H 20 







2-

0.08 ⋅ X*0.45

UK −80 

0.45 
0.08 ⋅ X* ⋅ 1 + 0.37 ⋅ H 20 

0.05 ⋅ X*0.28

UK −80 

0.28 
0.05 ⋅ X* ⋅ 1 + 0.18 ⋅ H 20 

-

0.10 ⋅ X*0.43

UK −80 

0.43 
0.10 ⋅ X* ⋅ 1 + 0.37 ⋅ H 20 

0.063 ⋅ X*0.25

UK −80 

0.25 
0.063 ⋅ X* ⋅ 1 + 0.18 ⋅ H 20 

SO4

NO3

























Besides information about the dry deposition velocity, also air concentration data are needed.
As was already mentioned, the air concentrations of base cations are, however, not readily
available and thus have to be derived in some way. In this project, these concentrations were
estimated from precipitation concentrations and using so-called scavenging ratios. The latter
were derived from simultaneous measurements of base cation concentrations in precipitation
and surface-level air, using a relatively simple scavenging process model (Draaijers HW DO,
1996). This approach to estimate air concentrations is based on the premise that cloud droplets
and precipitation efficiently scavenge particles and that the surface layer is well mixed and that
washout is larger than rainout, resulting in a strong correlation between concentrations in
precipitation and the surface-level air (Eder & Dennis, 1990). Factors that will influence the
magnitude and variability of scavenging ratios include ambient concentration (Galloway HWDO,
1993), particle size distribution (Kane HW DO, 1994; Jaffrezo & Colin, 1988; Buat-Menard &
Duce, 1986) and, to a lesser extent, particle solubility (e.g. Slinn HWDO, 1978; Jaffrezo & Colin,
1988), precipitation amount (Barrie, 1985; Savoie HWDO, 1987), precipitation rate (Slinn, 1977;
Scott, 1981), droplet accretion process (Scott, 1981) and storm type (Barrie, 1992). Event
scavenging ratios can differ several orders of magnitude even for single species at a single
location but scavenging ratios have been found reasonably consistent when averaged over one
year or longer (Galloway HWDO, 1993). For this reason, annual mean precipitation concentrations
were used to infer annual mean air concentrations of Na+, Mg2+, Ca2+ and K+.
The above mentioned scavenging ratio (SR) is defined as:

65 = [& ]UDLQ ⋅ ρ [& ]DLU

(2.38)

where [C]rain denotes the concentration in precipitation (mg.l-1), [C]air the concentration in
ambient air (in µg.m-3) and ρ the density of air, taken as 1200 g.m-3. For the size range alkaline
particles usually occur in, the following relationship between the scavenging ratio and the mass
median diameter (MMD, in µm) can be derived from data of Kane HWDO (1994):
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65 = 188 ⋅ H (0.227⋅00' )

(2.39)

Rearranging Eqs. 2.9 and 2.10 gives a simple empirical model describing the relationship
between air concentration on the one hand and precipitation concentration and MMD on the
other hand:

⋅1200)
[& ]DLU = ([& ]UDLQ0.227
⋅00'

(2.40)

188 ⋅ H

The MMD of aerosols will depend, among others, on the distance to sources. More efficient
removal by dry and wet deposition of the larger particles results in decreasing MMD’s with
source distance. As no information was available on the distribution of MMD of alkaline
particles over Europe, it was assumed to cover the variation in precipitation concentration. Both
MMD and [C]rain will increase with decreasing distance to source areas. Linear relationships
between MMD and [C]rain were derived by Draaijers HWDO. (1996) assuming coinciding ‘means’,
‘means ± σg’ and ‘means ± 2σg’ in which σg represents the geometric standard deviation. Mean
and σg of MMD were assumed equal to the ones reported by Milford & Davidson (1985), and
mean and σg of [C]rain in Europe were taken from Van Leeuwen HWDO (1995). Table 2.10 shows
the relationships between MMD and [C]rain for Na, Mg, Ca and K.
Table 2.10 5HODWLRQVKLSVEHWZHHQ 00'RI DONDOLQH DHURVROV LQ P  DQG >&@UDLQ LQ PJO LQ
(XURSH
Component

Relationship between MMD and [C]rain

Na+
Mg2+
Ca2+
K+

MMD = 0.574 . [C]rain + 6.082
MMD = 2.778 . [C]rain + 5.694
MMD = 1.520 . [C]rain + 6.316
MMD = 2.740 . [C]rain + 4.096

The precipitation concentration data used for calculating the air concentrations were taken from
measured bulk precipitation information at the Intensive Monitoring plots. While bulk
precipitation partly consists of dry deposition, the measured values have to be corrected for this
dry deposition contribution. For this correction average factors (ratio between wet-only
deposition and bulk precipitation fluxes) were taken from Draaijers HWDO. (1998). For Na+, Mg2+,
Ca2+ and K+ these factors were respectively 0.89, 0.73, 0.69 and 0.67.
By combining the derived base cation air concentrations with the dry deposition velocity for the
base cations, a dry deposition was calculated. Chapter 4 will give an overview of these
calculated depositions.

2.2

Wet deposition calculations

2.2.1 Theory of wet deposition calculations
As with the dry deposition calculations, different approaches were used with respect to the
acidifying compounds and base cations. These different approaches are described in the next
two sections, but first a general description of wet deposition calculation methods is given here.
Wet scavenging is defined as the natural process by which atmospheric pollutants are attached
to and dissolved in cloud and precipitation droplets (or particles), and as a result are delivered to
the earth’s surface. The amount of compounds thus received per unit of surface area is defined
as wet deposition. There are two main processes involved in wet deposition:
1.
In cloud scavenging or rain-out scavenging
2.
Below-cloud scavenging or wash-out
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,QFORXGVFDYHQJLQJ

In cloud scavenging or rain-out scavenging (Hov HW DO, 1987) is the process in which cloud
droplets are formed due to condensation of rather humid air. When the air contains particles
(aerosols, dust), droplets will form more rapidly because the particles act as condensation
nuclei. Not only the incorporation of the particles is a source for the ‘pollution’ of the cloud
droplets, but also absorption, dissolution and subsequent chemical reaction of gases in droplets
will eventually pollute the droplet. Falling droplets still in the cloud can also collide with
particles. This is also an in-cloud process, referred to as in-cloud scavenging or rain-out
scavenging.
At a large distance from the source, where the pollutant is well vertically mixed and has also
had the opportunity to penetrate into the cloud base, the scavenging coefficient Λ (h-1) of a
pollutant is given by:
: ⋅5
(2.41)
Λ=
L

]L

where 5L is the precipitation intensity (m.h-1) and : the ratio between the (initial) concentration
in precipitation and the (initial) concentration in air, both on a weight/volume basis and at the
ground level. This formulation, when used with an empirically determined :, integrates, all the
processes in and below the cloud.

%HORZFORXGVFDYHQJLQJ
Below-cloud scavenging or wash-out is the process where during the downward transport of the
droplet in the form of rain, snow, cloud ice, hail, etc. to the earth’s surface, uptake of gases
and/or particles can occur. It is a very efficient removal mechanism for soluble gases (like NH3)
and aerosols with a diameter larger than 1 µm (Hicks HWDO, 1989).

2.2.2 Wet deposition data
2.2.2.1 Wet deposition of SOx, NOy and NHx
In the DEHM model wet deposition rates are calculated using wet deposition scavenging ratios
(Frohn HWDO, 2003). These are multiplied with the rainfall amounts per time interval to arrive at
the wet deposition fluxes. In these calculations monthly average wet deposition fluxes on a
0.5x0.5 degree grid have been used.
2.2.2.2 Wet deposition of base cations
As with calculating the dry deposition, another approach was used for calculating the wet
deposition of base cations, compared to the other compounds. Wet deposition was derived from
the available measured bulk precipitation data at the Intensive Monitoring sites. The bulk
precipitation data was corrected for the contribution of dry deposition by using the correction
factors, mentioned in Section 2.1.4.

2.3

Comparison modelled and measured fluxes by means of a CBM

The calculated depositions are compared with measurements by using results of a so-called
canopy budget model (or CBM). Input to this model is measured deposition at the Intensive
Monitoring sites. Results of this comparison are presented in Chapter 4. Here a short description
is given of the version of the CBM that is used in this study.
In this CBM total atmospheric deposition is derived by correcting throughfall and stemflow for
canopy exchange, occurring in the forest canopy. For forests where stemflow data are missing,
stemflow fluxes can be estimated from the annual throughfall according to Ivens (1990):
X sf = X tf ⋅   −
(2.42)
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where:
X
=
sf
=
tf
=
=

a given ion (H, Ca, Mg, K, Na, NH4, NO3, SO4, Cl)
stemflow (molc.ha-1.yr-1)
throughfall (molc.ha-1.yr-1)
an empirical value

)RUFRQLIHURXVIRUHVWVWKHYDOXHRI LVFDOFXODWHGDVDIXQFWLRQRIVWDQGDJHDFFRUGLQJWR ,YHQV
1990):
= 0.24
= 0.31 − 0.0034 ⋅ age
= 0.0

age < 20
20 < age < 90
age > 90

(2.43)

)RUGHFLGXRXVIRUHVWV LVVHWDWLQGHSHQGHQWRIDJH7KHVDPHYDOXHLVXVHGIRUFRQLIHURXV
forests with an unknown age (Ivens, 1990). More information is given in De Vries HWDO. (1999).
Total deposition fluxes of base cations is calculated according to (Ulrich, 1983):
BC td =

Na tf + Na sf
⋅ BC bd
Na bd

(2.44)

where:
BC
= Ca, Mg, K
td
= total deposition (molc.ha-1.yr-1)
bd
= bulk deposition (molc.ha-1.yr-1)
Eq. 2.44 is based on the assumption that (i) Na does not interact with the forest canopy (tracer)
and (ii) the ratios of total deposition over bulk deposition are similar for Ca, Mg, K and Na.
Canopy leaching induced by the internal cycle of these nutrients, is computed by the difference
between the sum of BC in throughfall and stemflow minus total deposition according to:

BC ce = BC tf + BC sf − BC td
where:
ce
=

(2.45)

canopy exchange (molc.ha-1.yr-1)

Canopy exchange of SO42- is assumed negligible. The total deposition of this ion is calculated
as:

SO 4, td = 624,WI + 624, VI

(2.46)

NH4 is assumed to interact with the forest canopy, by exchange with base cations (Roelofs HWDO.,
1985). It is assumed that total canopy uptake of H+ and NH4+ is equal to the total canopy
leaching of Ca2+, Mg2+ and K+ taking place through ion exchange, corrected for the leaching of
weak acids. The NH4 throughfall and stemflow flux is thus corrected for canopy uptake to
calculate the total deposition of NH4 according to (After Van der Maas HWDO., 1991; Draaijers &
Erisman, 1995):
NH 4, td = NH 4, tf + NH 4, sf + NH 4, ce
with:
NH 4,ce =
ce −
ce − H ce
and:


H tf ⋅
 ⋅ (BC ce −
H ce = 
 NH + H ⋅ xH 
4, tf
tf



(2.47)

%& :$

[+
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(2.48)

:$ )
FH

(2.49)
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where:
xH
= an efficiency factor of H in comparison to NH4
WA
= weak acids
Based on experiments in the laboratory (Van der Maas HWDO., 1991), it is assumed that per mol
H+ has an exchange capacity six times larger than NH4+, i.e. xH = 6. The estimation of the weak
acid concentration was based on the sum of HCO3, derived from the pH and an assumed
atmospheric CO2 pressure, and RCOO- derived from DOC or the difference in concentration of
cations minus strong acid anions.
In the first approach the weak acid concentration is estimated according to Oliver HWDO. (1983):

:$ = +&23 + 5&22

(2.50)

with:

. &2 ⋅ S&22
+
5&22 = P ⋅ '2& ⋅ . D
.D + +

+&23 =

2

(2.51)
(2.52)

The constant Ka was estimated according to (Oliver HWDO., 1983):

S. D = 0.96 + 0.90 ⋅ S+ − 0.039 ⋅ S+ 2

(2.53)

where:
KCO2
= Dissociation constant of CO2, being the product of Henry’s law constant for the
equilibrium between CO2 in soil and air and the first dissociation constant of H2CO3
(mol2.l-2.bar-1)
pCO2 = Partial CO2 pressure in the soil (bar)
DOC
= Dissolved organic carbon concentration (mg.l-1)
m
= Concentration of acidic functional groups on dissolved organic carbon (molc.kg-1)
Ka
= Dissociation constant for organic acid (mol.l-1)
H
= Proton concentration (mol.l-1)
For pKCO2, a value of 7.8 was used, the partial CO2 pressure was set at 0.3 mbar and the value of
m was set at 5.5 molc.kg-1.
A second approach for calculating the weak acid concentration is using the difference in the
concentration of cations minus strong acid anions according to:

WA =

∑ cat − ∑ an

(2.54)

with:

∑ cat = [Ca
∑ an = [SO

++

] + [Mg ++ ] + [Na + ] + [K + ] + [H + ] + [NH +4 ]

-−
4 ] + [NO 3 ] + [Cl ]

(2.55)
(2.56)

For the actual calculation of the weak acid concentrations, a mixed approach was used based on
these two calculation approaches. In this mixed approach the weak acid concentration was the
maximum of a bicarbonate estimate based on the pH (according to Eq. 2.50) and the ionic
balance (according to Eq. 2.54). Using this mixed approach, weak acid concentrations are never
zero, although it can be low at sites where the pH is high (low HCO3 concentration) and the
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charge balance is negative, since the RCOO concentration is assumed negligible in those
situations.
The weak acid canopy exchange is calculated as:

WA ce =

:$ + :$
tf

sf

:$

−2

(2.57)

bd

The total deposition of protons is calculated as:

H td = H tf + H sf + H ce

(2.58)

Total deposition of NO3- is calculated according to:
NO 3, td = NO 3, tf + NO 3, sf + NO 3, ce
(2.59)
where the canopy exchange of NO3 equals canopy exchange of nitrogen minus the canopy
exchange of NH4+. The canopy exchange of nitrogen is calculated according to:

 1+ 4, ⋅ [1+ 4 + 123,
N ce = NH 4,ce ⋅ 

1+ 4, ⋅ [1+ 4

WI

WI

WI






(2.60)

where NH4,ce is calculated according to Eq. 2.18 and the xNH4 is an efficiency factor of NH4+ in
comparison to NO3- (xNH4 = 6). Actually, Draaijers & Erisman (1995) assumed canopy uptake
of NO3- to be negligible. There is, however, ample evidence that this is not true, specifically
since NO3- in throughfall is often less than NO3- in bulk precipitation in low deposition areas. In
reality, canopy foliage has been demonstrated experimentally to be capable of absorbing and
incorporating gaseous NO2, HNO3 as well as NO3- in solution (e.g. Reiners & Olson, 1984;
Bowden HWDO., 1989; Vose HWDO 1989; Garten & Hanson, 1990). For this reason, a method to
estimate canopy uptake of oxidized nitrogen in the canopy was developed and included in the
model (Eq. 2.59 and 2.60).
Up to now, several basic assumptions in the model (especially, the ratio in exchange capacity
between H+ and NH4+) have not been properly evaluated for different environmental conditions
(tree species, ecological setting, pollution climate), which limits its application (Draaijers HWDO.,
1994; Draaijers & Erisman, 1995). Furthermore, the model has only been validated in areas with
relatively high nitrogen deposition, such as the Netherlands and Denmark.

2.4

Upscaling deposition data

In the context of this project, upscaling deposition data means the use of information from
Intensive Monitoring site data (e.g. bulk and throughfall) in order to derive the deposition at the
Level I sites. Some general remarks with respect to aspects related to this upscaling of
depositions are made in the next sections.
The upscaling procedure with respect to the deposition is based on available information from
Intensive Monitoring sites. Combination of this information with model calculations enables us
to extrapolate these data to all Intensive Monitoring and Level I sites. Before this can be done,
insight is needed in the validity of these model calculations with respect to the Intensive
Monitoring sites. An overview of the comparison between modelled depositions with
‘measured’ depositions is given in Section 4.1.1.3.
The procedure for calculating the depositions of acidifying compounds at the Level I sites is
rather straitforward. The same model used for calculating the depositions at the Intensive
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Monitoring sites, the IDEM model, is used for calculating the depositions at the Level I sites.
Due to the lack of base cation concentration information, for calculating base cation deposition
a different approach had to be used. A description of this approach is given below.

2.4.1 Generalization of the base cation depositions
The generalization of the base cation depositions can be divided in the two deposition types: dry
and wet deposition.
'U\GHSRVLWLRQRIEDVHFDWLRQV

The generalization of the dry deposition of base cations is performed in three main steps:
• deriving air concentrations
• spatial interpolation over Europe
• multiplying with dry deposition velocity
Deriving the air concentrations of base cations is done by means of the scavenging ratio
approach, already mentioned in Section 2.1.4. Based on information from the different Intensive
Monitoring sites, where deposition data were available, air concentrations were derived. Table
2.11 gives an overview of some statistics of these air concentrations for the period 1993-2001.
Table 2.11 0HDQ PLQLPXP DQG PD[LPXP DLU FRQFHQWUDWLRQ LQ JP  IRU WKH ,QWHQVLYH
0RQLWRULQJVLWHVLQWKHSHULRG
Air concentration (in µg.m-3)

1993
1994
1995
1996
1997
1998
1999
2000
2001

Mean
0.50
0.43
0.32
0.41
0.50
0.45
0.49
0.51
0.53

Ca
Min
0.19
0.18
0.08
0.03
0.06
0.00
0.04
0.05
0.07

Max
1.40
0.99
1.27
1.45
1.62
1.59
1.60
1.61
1.60

Mean
0.21
0.18
0.21
0.19
0.21
0.18
0.18
0.17
0.18

K
Min
0.03
0.02
0.01
0.00
0.00
0.00
0.00
0.00
0.00

Max
0.78
0.61
0.60
0.62
0.99
1.00
0.86
0.86
1.02

Mean
0.29
0.26
0.32
0.39
0.39
0.39
0.41
0.38
0.40

Mg
Min
0.06
0.08
0.04
0.00
0.00
0.00
0.00
0.00
0.01

Max
0.80
0.58
0.78
1.34
1.46
1.49
1.49
1.49
1.49

Mean
1.35
1.27
1.49
1.13
0.99
0.95
0.92
0.87
0.75

Na
Min
0.13
0.16
0.13
0.00
0.00
0.00
0.11
0.12
0.12

No.
Max Sites
4.49 32
4.09 35
4.05 74
3.99 221
4.03 260
4.24 287
4.14 291
4.17 296
4.52 279

For the procedure used in this study, only the years 1997-2000 were included. Completeness of
the necessary deposition data and availability of critical load estimates were the main reasons
for selecting this period. The next step in the procedure was the interpolation of the derived air
concentration data to a European scale. For this step the ArcView GIS system was used. The
interpolation routine was an inverse distance interpolation on the 6 nearest neighbours. Figure
2.3 shows the interpolated concentration of the different components for the year 2000.
The next step in the procedure was the combination of the interpolated data with site-specific
dry deposition velocities from the IDEM model. This results in a dry deposition flux estimate
for the individual measurement sites (both Level I and Intensive Monitoring).
:HWGHSRVLWLRQRIEDVHFDWLRQV

The generalization of the wet deposition consists of two main steps:
• interpolating precipitation concentration over Europe
• combining with site-specific precipitation amounts.
The concentration of the different component in precipitation is taken from the measurements at
the different Intensive Monitoring sites. These measurements consist of bulk precipitations,
which have to be corrected for the contribution of dry deposition to the total flux. This
correction performed in the same way as described in Section 2.1.4.
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These data are then interpolated over Europe, using the same procedure as described for dry
deposition. The interpolated information is then combined with Level I site-specific
precipitation amounts. Figure 2.4 gives an impression of the spatial distribution of these
precipitation amounts over Europe. The result of combining precipitation amounts with
precipitation concentrations is a site-specific estimate of the wet deposition for the different
components.

Figure 2.3 6SDWLDO GLVWULEXWLRQ RI WKH DLU FRQFHQWUDWLRQV RI VRGLXP FDOFLXP SRWDVVLXP DQG
PDJQHVLXP LQJP



LQWKH\HDU

Figure 2.4 $YHUDJHSUHFLSLWDWLRQDPRXQWVDWWKH/HYHOVLWHVIRUWKHSHULRG
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3.

METHODS TO CALCULATE CRITICAL LOADS AND PRESENT
DEPOSITION THRESHOLDS FOR SULPHUR AND NITROGEN

This chapter presents the methods (models, critical limits and input data) that are needed to
calculate critical loads and present deposition thresholds, distinguishing between impacts on the
soil, ground vegetation and trees. As with the deposition calculations, a discussion of the results
and conclusions is presented in Chapter 5. In this chapter, first a general introduction on critical
loads and present deposition thresholds is given (Section 3.1) followed by a description of the
calculation methods.

3.1

Introduction

3.1.1 The critical load concept and its use in policy making
In the terminology of air pollution impacts, critical levels and critical loads refer to the
concentration levels and deposition loads of air pollutants (SO2, NOx, NH3 and O3),
respectively, below which no adverse (direct) effects are expected. The concept of critical levels
and loads is based on the concept of thresholds. Woodwell (1976) defined an ecological
threshold as the “maximum exposure (to toxins) that has no effect” and this concept was later
applied to atmospheric pollution (Gorham, 1976; EPRI, 1991). In this chapter, we limit
ourselves to a comparison of deposition onto forests of sulphur and nitrogen from the
atmosphere with critical loads.
The concept of critical loads and levels has been developed further in Europe during the last 15
years in the context of the work under the 1979 Convention on Long-range Transboundary Air
Pollution (LRTAP). It strongly influenced international agreements in the nineties. The earlier
protocols to the Convention (1985 on sulphur, 1988 on nitrogen oxides, 1991 on volatile organic
compounds) were agreements based on a stand-still or flat-rate reductions of emission. The
1994 Sulphur Protocol was the first to consider ecosystem vulnerability in terms of critical loads
for the formulation of reduction requirements. The assessment of critical loads is the core of the
work of the ICP on Mapping and Modelling, established in 1989, under the Working Group on
Effects (WGE) of the Executive Body of the LRTAP Convention. Under this ICP, critical load
data from individual countries are collected, collated and mapped by the Coordination Center
for Effects. Critical loads have thus been calculated by Austria, Belarus, Belgium, Bulgaria,
Croatia, Czech Republic, Denmark, Estonia, Finland, France, Germany, Hungary, Ireland, Italy,
Netherlands, Norway, Poland, Republic of Moldova, Russian Federation, Slovakia, Spain,
Sweden, Switzerland and the United Kingdom (see Posch HWDO 1999). These critical loads are
provided to the relevant UNECE bodies under the LRTAP Convention as well as the European
Commission to formulate and negotiate emission reduction strategies in Europe.

3.1.2 Scientific discussions on the topic
The scientific discussion on critical loads (depositions) started at a workshop organised by the
Nordic Council of Ministers (NMR) in 1986 in Sundvollen (Norway). It provided for the first
time, estimates of critical loads of sulphur and nitrogen for forest soils, groundwater, and
surface waters (Nilsson 1986). The first workshop on critical loads held under the auspices of
the United Nations Economic Commission for Europe (UNECE), which provides the permanent
secretariat for the LRTAP Convention, was organised in 1988 by the NMR at Skokloster
(Sweden). At this workshop, the still-valid definition of a critical load as “the quantitative
estimate of an exposure to one or more pollutants below which significant harmful effects on
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specified sensitive elements of the environment do not occur according to present knowledge”
was agreed upon (Nilsson & Grennfelt, 1988).
The basis of the mapping of critical loads in the ECE countries was laid at a UNECE workshop
held in 1989 in Bad Harzburg (Germany). This resulted in a manual for mapping critical levels
and loads, which has been updated periodically (UNECE, 1996). Furthermore, in a workshop on
critical loads of nitrogen organised by the NMR in Lökeberg (Sweden) in 1992
recommendations for deriving critical loads of nitrogen and their exceedances were elaborated
(Grennfelt & Thörnelöf, 1992). Remaining open questions were discussed at a UNECE
workshop in Grange-over-Sands (England) in 1994, organised by the UK Department of
Environment (Hornung HWDO 1995). More information on the critical load concept and related
scientific discussions is given in Posch & De Vries (1999).

3.1.3 Differences between critical loads and present deposition thresholds
Critical loads for nitrogen and acidity are mostly calculated with steady-state soil models based
on a simple mass balance approach. These models calculate deposition loads that avoid the
violation of a soil chemical criterion in a steady-state situation. The major premise of the
calculation is that it assumes a steady-state situation to derive a long-term acceptable or critical
load. Processes that play a role on a finite time scale only, such as cation exchange and sulphate
adsorption, are not included. This implies that critical loads are relevant to assess the ultimate
emission reductions, but an excess of those loads does not necessarily imply that the forest
ecosystem is at risk yet. To gain insight in the relationship in ecosystem risk and atmospheric
deposition, we need to know the deposition threshold that violates a soil chemical criterion at
present. Such thresholds are denoted as present deposition thresholds, being the deposition loads
that lead to concentrations of nitrogen and acidity in soil solution that are equal to critical limits
at present (not in a steady-state situation). Present deposition thresholds can thus become very
high, e.g. in well buffered clay soils with a high base saturation. The value presents the amount
of acidity that is needed to bring the soil directly to a state where it violates a critical limit, e.g.
for aluminium.

3.2

Methods

In this section, the locations for which critical loads or present deposition thresholds were
calculated are described first, in combination with present loads (3.2.1). This section is followed
by a general description of approaches that can be used to calculate critical loads, focusing on
the model approach that is used in this study (Section 3.2.2). The critical limits, soil models and
input data that were used to calculate critical loads and present deposition thresholds of nitrogen
and acidity are presented and discussed in Section 3.2.3 and Section 3.2.4, respectively.

3.2.1 Locations
3.2.1.1 Intensive Monitoring plots
Critical loads of and present deposition thresholds for nitrogen (N), being the sum of NO3 and
NH4, and for sulphur (S) (see Section 3.2.4.2) were calculated for all Intensive Monitoring plots
for which annual water fluxes (precipitation excess) were available. This included 707 plots for
the period up to 2001. A distinction can be made between plots for which deposition can be
estimated directly using throughfall and bulk deposition, and those plots where deposition needs
to be modelled. A geographic location of the first type of plots is given in Figure 3.1 (left). A
further distinction can be made for a selected number of plots for which nutrient budgets could
be calculated (plots with soil solution measurements and hydrology, as described in De Vries HW
DO. (2001)) and plots without computed budgets. For the latter plots, present deposition
thresholds can be also calculated, but only using upscaled N leaching data.
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3.2.1.2 Level I plots
The location of the plots of the systematic grids (level I) for which critical loads were computed,
is shown on Figure 3.1 (right). Critical loads were derived for about 3400 plots for which data
were available from both the crown condition surveys (such as tree species and stand age class)
as well as soil data (such as soil type, pH, organic matter contents etc.). Present deposition
thresholds can be computed for these plots as well, but because budget information is lacking
(soil solution concentrations are not measured at Level I plots), upscaling of N leaching is
needed.

Plot with critical loads
Plot with critical loads

Figure 3.1 /RFDWLRQ RI ,QWHQVLYH 0RQLWRULQJ OHIW  DQG /HYHO , ULJKW  SORWV LQ (XURSH XVHG LQ
WKLVVWXG\

3.2.2 Approaches to derive critical loads for forest ecosystems
With respect to the assessment of critical loads, a major distinction can be made between an
empirical approach and a model-based approach (Figure 3.2). More specifically, a distinction
can be made in an (De Vries & Latour, 1995):
• Empirical approach, in which critical loads are derived from observed relationships between
atmospheric deposition and effects on “specified sensitive elements” within an ecosystem
(ecosystem effects) by correlative or experimental research.
• Soil model-based approach, in which critical loads are derived with soil models, using
environmental quality criteria or critical limits for element concentrations or element ratios
in the soil solution. Such limits are based on dose response relationships between these
element concentrations or ratios and the ecosystem status, derived from laboratory or field
research.
• Integrated model-based approach, in which critical loads are derived with integrated soilvegetation models, which include biotic interactions, on the basis of criteria for all parts of
the forest ecosystem.
In this study, critical loads were calculated with a soil model-based approach. Two different
types of critical loads were calculated, requiring either:
1. No further net accumulation of nitrogen or loss of exchangeable base cations in the forests
soil (stand-still principle) or
2. Concentrations of nitrogen or acidity that stay below critical limits in soil solution (effectbased principle).
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Figure 3.2 0HWKRGV WR GHULYH FULWLFDO ORDGV HDFK DUURZ LQGLFDWHV D UHODWLRQVKLS WKDW FDQ EH
DVVHVVHGE\FRUUHODWLYHUHVHDUFKSURFHVVUHVHDUFKDQGRUPRGHOUHVHDUFK 

Below, a description is given of empirical and soil model-based approaches, including a further
distinction in deterministic and probabilistic methods (see Figure 3.3). Generally, available
results of empirical approaches are presented in Section 3.2.2.1, since those data are relevant for
evaluating results of the soil models used in this study (Section 3.2.2.2). In the section on
empirical probabilistic approaches, results of integrated models including empirical aspects are
also presented. Integrated models are, however, not further discussed here.

Figure 3.3 2YHUYLHZ RI SRVVLEOH HPSLULFDO DQG PRGHO EDVHG
GHWHUPLQLVWLFDQGSUREDELOLVWLFDSSURDFKHVWRGHULYH
FULWLFDOORDGV

3.2.2.1 Empirical approaches: data to evaluate results of model approaches

'HWHUPLQLVWLFDSSURDFKHV

Deterministic empirical approaches have been used to derive critical nitrogen loads in view of
adverse impacts on plant biodiversity, since nitrogen has a dominating influence on the species
diversity of terrestrial vegetation. Empirical critical N loads for terrestrial ecosystems, related to
changes in vegetation and fauna, are based on an extensive but inhomogeneous summary of
field studies and large-scale laboratory (greenhouse) experiments (cf. Bobbink HW DO., 1992,
1995, 1998). This includes: (i) precipitation experiments with NH4 on small-scale heathland in a
greenhouse and (ii) correlative field studies between N deposition and species diversity, using
present geographic differences or historical data on N deposition and species decline (cf. De
Vries & Latour, 1995). Critical N loads have, for example, been estimated by comparing the N
deposition on grass dominated and heather dominated heathlands (e.g. Liljelund & Torstensson,
1988) or by experimental investigation of the biomass development of grasses in heathlands as a
function of N input (e.g. Roelofs, 1986).
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An overview of empirical data for critical N loads on forest ecosystems, summarised by
Bobbink HW DO. (1998) is given in Table 3.1. The values are related to impacts of nutrient
imbalances on trees and to vegetation changes for the ground vegetation. In general, average
critical loads related to impacts on trees are approximately 20 kg N.ha-1.yr-1, varying between
10-30 kg N.ha-1.yr-1. Critical loads related to impacts on the species composition of the ground
vegetation are generally lower, varying between 7-20 kg N.ha-1.yr-1, with an average value of
approximately 14 kg N.ha-1.yr-1 (Table 3.1).
Table 3.1 6XPPDU\ RI HPSLULFDO FULWLFDO ORDGV RI 1 LQ NJ 1KD\U  IRU IRUHVW HFRV\VWHPV
UHODWHG WR IRUHVW FRQGLWLRQ DQG VSHFLHV FRPSRVLWLRQ RI JURXQG YHJHWDWLRQ 
UHOLDEOHTXLWHUHOLDEOH  EHVWJXHVVDIWHU%REELQNHWDO 

Forest ecosystem
Forests: trees
Acidic coniferous trees

Critical load kg Indication
N.ha-1.yr-1

Acidic deciduous trees forests

10-15 #
20-30 #
15-20 #

Nutrient imbalance (low nitrification)
Nutrient imbalance (moderate – high nitrification rate)
Nutrient imbalance; increased shoot-root ratio

Forests: ground vegetation
Acidic managed coniferous forests

7-20 ##

Acidic managed deciduous forests
Acidic unmanaged forests
Calcareous forests

10-20 (#)
7-15 (#)
15-20 (#)

Changes in ground flora and mycorrhizae; increased N
leaching
Changes in ground flora and mycorrhizae
Changes in ground flora; increased N leaching
Changes in ground flora

3UREDELOLVWLFDSSURDFKHV

The drawback of deterministic empirical critical (nitrogen) loads is that they do not give equal
protection percentages to the species occurring in different ecosystems. The concept of risk
assessment may be used in this perspective as an alternative, because it provides a framework to
achieve more standardisation in the assessment of protection levels for different environmental
problems (e.g. Latour HWDO., 1994). Most progress in assessing and quantifying ecological risks
has been made in the field of toxicological stress. There the maximum tolerable concentration
(MTC) is chosen as the environmental concentration of a compound (e.g. heavy metal) at which
(theoretically) 95% of the species are fully protected. MTCs are calculated by extrapolation of
"No Observed Effects Concentrations" (NOEC levels) for single-species to an ecosystem,
mostly assuming a log-logistic, or log-normal distribution of species sensitivities (Slooff, 1992).
At the species level the risks are assessed based on the species-response function, which
describes the occurrence probability of a species as a function of an environmental variable. The
species-response function can be characterised by its optimum (O) and standard deviation (T).
Latour HWDO. (1994) used the 5-th and 95-th percentiles of the species-response curves as NOEClike measures for the risk at the species level (Figure 3.4). The 5-th percentile corresponds to a
reduced occurrence probability due to “limitation”, the 95-th percentile due to “intoxication”.
Species are considered protected between the 5-th and 95-th percentile of a given environmental
variable.
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Figure 3.4 3UREDELOLW\RIWKHRFFXUUHQFHRIDVSHFLHVDVDIXQFWLRQRIDQHQYLURQPHQWDOYDULDEOH

VSHFLHVUHVSRQVH IXQFWLRQ  %HWZHHQ WKH WK DQG WK SHUFHQWLOH VSHFLHV DUH
FRQVLGHUHGSURWHFWHG

An example of a probabilistic empirical model for deriving critical N loads is the model MOVE
(multiple-stress model for vegetation; Latour & Reiling, 1993). MOVE predicts the occurrence
probability of about 700 species as a function of three abiotic soil factors: soil acidity, nitrogen
availability and soil moisture. With regression statistics the occurrence probability of a species
can be calculated for each combination of the soil factors or for each factor separately (speciesresponse function). Since combined samples of vegetation and environmental variables are rare,
the indication values of plant species by Ellenberg (1991a) are used to assess the abiotic soil
conditions. Combined samples of vegetation with environmental variables are used to calibrate
Ellenberg indicator values with quantitative values of the abiotic soil factors.
Latour HWDO. (1994) used the model MOVE to derive critical N loads for fertilised grasslands in
the Netherlands, based on NOECs for 275 species. More recently, Van Hinsberg & Kros (1999)
derived critical loads for nitrogen related to species diversity for the most common terrestrial
ecosystems in the Netherlands with the probabilistic integrated SMART-MOVE model. A
comparison of their results with empirical data for forest ecosystems is given in Table 3.2. In
general, the results with SMART-MOVE were within the range of empirical critical N loads for
acidic forests, but for calcareous forests, the results obtained with SMART-MOVE were clearly
higher.
Table 3.2 &RPSDULVRQ RI HPSLULFDO GDWD IRU FULWLFDO 1 ORDGV UHODWHG WR WHUUHVWULDO HFRV\VWHPV
GHULYHG E\ %REELQN HW DO   DQG WKH SUREDELOLVWLF LQWHJUDWHG VRLOYHJHWDWLRQ
PRGHO 60$57029( XVLQJ D SURWHFWLRQ SHUFHQWDJH RI  DIWHU $OEHUV HW DO
 

Ecosystem

Critical load (kg N.ha-1.yr-1)

Acidic, managed coniferous forests
Acidic, managed deciduous forests

Empirical data
7-20
10-20

Calcareous forests

15-20
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SMART/MOVE
18 (poor sandy soils)
18 (poor sandy soils)
22 (rich sandy soils)
17 (loess soils)
33 (marine clay soils)
38 (calcareous dunes)
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3.2.2.2 Modelling approaches: used to calculate critical loads
In this study, models are used to quantify critical loads at the Intensive Monitoring and Level I
plots. A major challenge in this context is to transform empirical findings and conceptual insight
into robust ecosystem models, requiring a minimum of data, while still accounting for the most
important factors controlling critical loads. In general, critical loads can be calculated either by
steady-state models or by dynamic models with different degrees of complexity, as discussed
below. The models used are all deterministic, but a probabilistic approach is possible by
combining them with Monte Carlo analyses, including ranges in input data instead of fixed
values. These models allow the calculation of critical loads on the basis of critical limits for the
soil or soil solution.

&ULWLFDOOLPLWV

In a model based approach, critical loads are derived with models using critical limits for
element concentrations or element ratios in the ecosystem, based on dose response relationships
between these critical limits and the ecosystem status. Using this approach, a critical load of
nitrogen, or acidity equals the deposition resulting in a concentration in a compartment (e.g.
soil, groundwater, plant, etc.) in a steady-state situation that does not exceed a critical limit, thus
preventing ‘significant harmful effects on specified sensitive elements of the environment’.
Consequently, the selection of critical limits is a step of major importance in deriving a critical
load.
In defining a critical load, one aims at long-term protection of the ecosystem. Critical loads of
nitrogen and acidity are derived by setting a limit to the leaching of nitrogen, acidity or metals.
In this context, protection can be defined as the situation where:
• No further net accumulation of nitrogen or loss of exchangeable base cations or readily
available aluminium occurs (stand-still approach). This implies that the present value for the
concentration of nitrogen, metals, exchangeable base cations or Al compounds in the soil is
considered the critical limit, above which no further increase or decrease is accepted. In
Table 3.3 the criteria used are defined. These values are combined with process descriptions
to relate them to dissolved concentrations to calculate critical leaching rates.
• Concentrations of nitrogen or acidity stay below critical limits in defined compartments in a
steady-state situation (effect-based approach). The critical limits are based on adverse
effects on (parts of) the ecosystem, such as the soil solution or plants, and the nitrogen,
acidity or metal concentrations should stay below those limits.
To date mostly soil chemical criteria (e.g. critical nitrate, aluminium or metal concentrations or
critical aluminium to base cation ratios) have been used to derive critical loads with simple
steady-state models. The largest uncertainty in these calculations remains the relation between
the critical limits and the “harmful effects”. In Table 3.3 an overview is given of relevant critical
limits for nitrogen and acidity used in the calculations. More information is given in Section
3.2.3.1 and 3.2.4.1.
Table 3.3 ([DPSOHVRIFULWLFDOOLPLWVXVHGWRGHULYHFULWLFDOORDGV
Receptor

Critical limits

Nitrogen
N=0; N in solution
= 0.02 molc.m-3
Ground vegetation N in solution = 0.2 molc.m-3
Trees
N in solution is related to critical N content plant
of 18 g.kg-1 (app. 0.25 molc.m-3)
Soil

Acidity

%6 DQGRU $Oox=0

Molar Al/(Ca+Mg+K) ratio = 0.8 for conifers
and 1.6 for deciduous trees.

6WHDG\VWDWHPRGHOV

Critical loads for nitrogen and acidity are mostly calculated with a steady-state single-layer soil
model based on a simple mass balance approach, called SMB model (Sverdrup & De Vries,
1994). This approach was also used in this study and is further elaborated in the Sections 3.2.3.2
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and 3.2.4.2. These models calculate deposition loads, which avoid the violation of a chosen soil
chemical criterion in a steady-state situation. Therefore, processes with a finite time scale, such
as cation exchange and sulphate adsorption, are not included. The models include a simple
description of the inputs (deposition), outputs (leaching) and permanent sources and sinks of
major ions within the rooting zone. For nitrogen, the processes involved are retention of N by
net uptake, denitrification and net N immobilisation. For acidity, processes involved are net
retention of N as above, net input of base cations (weathering minus net uptake) and release of
Al from silicates and Al hydroxides. Ions involved include sulphate, nitrate, base cations and
aluminium and their steady-state mass balances are combined with a charge balance of those
ions in the soil leachate.
In steady-state one-layer soil models, the soil is considered a single homogeneous compartment
with a depth equal to the root zone. This implies that internal soil processes (such as weathering
and uptake) are evenly distributed over the soil profile, and all physico-chemical constants are
assumed uniform in the whole profile. Furthermore the simplest possible hydrology is assumed:
the annual water flux leaving the root zone equals the annual precipitation minus
evapotranspiration. For both nitrogen and acidity, the SMB model has been and is widely used
to produce maps of critical loads of S and N on a European scale (Posch HWDO., 1995, 1999).
It is also possible to use multi-layer models including element cycling (litterfall, mineralisation
and uptake). An example for acidification is the MACAL model (De Vries HWDO., 1994b) and the
PROFILE model (Sverdrup & Warfvinge, 1992), which has been applied in many countries
(e.g. Sweden, Switzerland, Poland, Germany, Turkey, Czech Republic and Slovakia). Such
models do have a high demand for input data. The steady-state one-layer soil models are
primarily developed for applications on a large regional scale, for which data is scarce.

'\QDPLFVRLOPRGHOV

Dynamic soil models include the same processes as steady-state soil models, but simulate
additional processes that play a role on a finite time scale. For nitrogen it includes a dynamic
description of nitrogen retention or release. Additional processes in dynamic soil acidification
models are cation exchange and sulphate adsorption. These models can also be used to calculate
critical loads by running the model until a steady state is reached. By trial and error the
(constant) deposition level is calculated that fulfils a chosen chemical criterion (see, e.g.,
Warfvinge & Sverdrup, 1995, where critical acid loads for Sweden are derived with the
dynamic model SAFE). Critical loads calculated in this way are equal to those derived by
steady-state models if the processes in both models are modelled in the same way. Dynamic soil
models can furthermore be used to derive so-called target loads by considering a finite time
period (e.g. one forest rotation) in which the system is allowed (or has to) reach a chemical
criterion. Unlike the critical load, the present acidification status of the soil system and timelimited processes influence the target load.
Finally, dynamic soil models can also be used to derive the time period before the system
reaches a chosen soil chemical criterion for a given deposition scenario. Depending on the
present soil status, the model thus calculates the time period before risk increases or before the
system starts to recover. Dynamic models are most commonly used in this context (see Cosby HW
DO, 1989; De Vries HWDO., 1994c). Some of the more widely used simple dynamic soil models
are MAGIC (Cosby HWDO., 1985) and SMART (De Vries HWDO., 1989). As with the steady-state
models, there are also multi-layer dynamic models, such as SAFE (Warfvinge HW DO., 1993) to
predict the dynamics in soil response at different depths.


3.2.3 Calculation of critical loads and present deposition thresholds for nitrogen
In this section, an overview of the impacts of nitrogen on forest ecosystems is presented first,
followed by the critical limits derived and used in this study (Section 3.2.3.1). The theoretical
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background of the derivation of the simple mass balance model for nitrogen, used to calculate
critical nitrogen loads in this study, is presented in Section 3.2.3.2. This section also includes the
methods used to calculate of the critical N leaching rate and the present deposition threshold.
The input data used in the calculations are describedin Section 3.2.3.3.
3.2.3.1 Impacts of nitrogen and critical limits

,PSDFWVRQIRUHVWHFRV\VWHPV

The impact of N on an ecosystem depends on its nitrogen status, since N is a nutrient that may
be either in short supply or in excess. Since the beginning of the eighties, several authors (e.g.
Ulrich HWDO., 1979; Ellenberg 1983, 1985 and 1991b; Nihlgård, 1985; Tamm, 1991; Gundersen,
1992) hypothesised that elevated inputs of N lead to vegetation changes as well as damage to
trees. In systems with low N status, an elevated input of N will increase forest growth until a
certain threshold level. Observations of increased tree growth of European forests (Kauppi HW
DO., 1996; Spiecker HWDO., 1996) may be the effect of increased N inputs. Below, the threshold
level for reduced forest growth, however, changes in the ecosystem are observed, especially the
species composition of the ground vegetation may gradually change towards more nitrophilic
species (Ellenberg, 1985; Bobbink HWDO., 1995, 1998). A thorough review of the impacts of N
inputs on the species diversity of terrestrial ecosystems in general, i.e. ombotrophic bogs and
wetlands, heathlands, species-rich grasslands and forests, including empirical critical N loads
related to vegetation changes, has been given in Bobbink HWDO. (1998).
In forested plots with a continuous high N input, essential resources other than N may
periodically limit primary production, especially when the canopy reaches its maximum size
and N utilisation efficiency decreases. The ecosystem then approaches ‘N saturation’ (Aber HW
−
+
DO., 1989). A forest ecosystem leaching NO3 (or NH4 ) is saturated, but it may still respond to N
additions and accumulate a considerable amount of N in the biomass. At the stage of ‘N
saturation’ or ‘N excess’, the ecosystem may be destabilised by the interaction of a number of
factors (Erisman & De Vries, 1999). These are:
• An increased water stress as a result of increased canopy size, increased shoot/root ratio, and
loss of infection by mycorrhizae (De Visser, 1994).
• Root damage due to acidification caused by climatically controlled pulses of nitrification
(Matzner, 1988).
• Nutrient deficiencies or nutrient imbalances (Nihlgård, 1985; Roelofs HWDO., 1985; Schulze,
1989), since the increase in canopy biomass causes an increased demand of base cation
nutrients (Ca, Mg, K) whereas the uptake of these cations is reduced by increased dissolved
levels of NH4 and Al (Boxman & Van Dijk, 1988), a loss of mycorrhizae or root damage
(Schulze, 1989).
• Accumulation of N in foliage (e.g. as amino acids), which may affect frost hardiness
(Aronsson, 1980) and the intensity and frequency of insect and pathogenic pests (Popp HW
DO, 1986; Roelofs HWDO., 1985).
In addition, the nitrate leaching to ground water, such that NO3 concentrations in (shallow)
ground water exceed the current EC drinking water standard of 50 mg.l-1 (e.g. Boumans &
Beltman, 1991), has to be considered.
Experiments with decreased N deposition at N saturated sites, after building a roof below the
canopy to prevent N inputs into the soil, showed an immediate decrease in nitrate leaching
(Boxman HWDO., 1995; Bredemeier HWDO., 1995; Wright & Rasmussen, 1998). This shows that N
saturation is a reversible process in chemical terms. In ecological terms, an improvement is to
be expected as well, since several species returned during the period with low N input.

&ULWLFDOOLPLWVIRUIRUHVWHFRV\VWHPV

A summary of critical limits for N or NO3 in plants or soil solution is given in Table 3.3. Below
more information on the background of those limits is given
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6RLO Crucial in the calculation is the choice of the critical limit determining the critical N

leaching rate In deriving critical loads, the critical or acceptable N leaching rate has mostly been
related to the loss of nitrogen from unpolluted ecosystems. The following ranges are often used
(UNECE, 1996):
- 0.5-1 kg.ha-1.yr-1 for managed coniferous forests
- 1-2 kg.ha-1.yr-1 for Mediterranean forests
- 2-4 kg.ha-1.yr-1 for temperate deciduous forests
Another option is to use a critical nitrogen concentration and multiply this value with the
precipitation excess. This option was used in this study, using a critical limit of 0.02 mol.m-3, or
0.28 g.m-3, based on data from stream water of nearly unpolluted forested areas in Sweden
(Rosén, 1990). With a precipitation excess of 200-800 mm.yr-1, this gives a leaching rate of 40160 mol.ha-1.yr-1 (0.5-2 kg.ha-1.yr-1), which is a common range of natural N losses from an
ecosystem, as shown above.
In this study, we used the low natural leaching losses as a proxy to calculate the critical loads
related to the stand-still principle, starting from a pristine situation. In this case, one should in
principle use the present N leaching rates and not the natural leaching rates. The drawback of
this approach is, however, that the present leaching rates can already be strongly elevated due to
historic and present N deposition and might therefore not be acceptable in view of long-term
sustainability. Furthermore, present N leaching data were only available for approximately 120
plots for which input output budgets could be calculated.
*URXQG YHJHWDWLRQ In the literature, the low acceptable N leaching rate is often taken to
calculate critical N loads in view of possible vegetation changes (e.g. Downing HW DO, 1993),

since literature data indicate that vegetation changes may take place in a situation where N
leaching increases above natural background values (Van Dam, 1990). In reality, there is no
direct relationship between N leaching and vegetation changes. It is the increase in N
availability through enhanced N cycling that triggers the changes (e.g. Berendse HWDO, 1987). In
this study, the use of natural N leaching rates did lead to calculated critical N deposition levels
that are generally lower than empirical data on vegetation changes in forest (Section 3.2.2.1;
Table 3.1. Consequently, we used a higher N concentration in view of vegetation changes (0.2
molc.m-3 or 2.8 g.m-3), but this value was an approximate guess and more research is needed to
come up with better criteria.
7UHHV Critical limits in view of impacts on trees have been derived in relation to nutrient

imbalances. Examples are a critical NH4/K ratio of 5 mol.mol-1 in the soil solution, based on a
strong decrease in the uptake of Ca and Mg above this value in a laboratory experiment with
two-year-old Corsican pines (Boxman HWDO, 1988), or a critical N/K ratio in foliage of 4 g.g-1
(11 mol.mol-1) related to K deficiency symptoms (Van den Burg,1988). For most coniferous tree
species, an N concentration in the needles of 16 to 20 g.kg-1 is considered optimal for growth. At
these levels, the sensitivity to frost and fungal diseases, however, increases, too. In a fertilisation
experiment in Sweden, it was found that frost damage to the needles of Scots pine strongly
increased above an N concentration of 18 g.kg-1 (Aronsson, 1980). At this N level, the
occurrence of fungal diseases such as 6SKDHURSVLVVDSLQHD and %UXQFKRUVWLDSLQHD also appears
to increase. In this study view of adverse impacts on coniferous trees, a critical limit of 18 g.kg-1
in the needles was used to calculate critical loads. This critical N concentration was related to a
critical dissolved N concentration in soil solution to allow the calculation of a critical leaching
rate (see Section 3.2.4.2).
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3.2.3.2 Calculation methods

&DOFXODWLRQRIORQJWHUPFULWLFDOORDGVRIQLWURJHQ

Critical loads of total N for terrestrial ecosystems can be derived with a simple model of the N
balance. A mass balance including all nitrogen fluxes (in molc.ha-1.yr-1), neglecting the internal
N turnover by litterfall and root uptake, reads (UNECE, 1996):

1

WG

=1

JX

+1

LP

+1

GH

+1 +1 +1
YR

HU

DG

+1 −1
OH

IL

(3.1)

where the subscript WG refers to total deposition, IL to fixation, JX to growth uptake, LP to net
immobilisation (further denoted as accumulation), GHto denitrification, YRto volatilisation, HUto
erosion, DG to adsorption and OH to leaching. Adsorption of N can, however, be neglected as this
process only plays a temporary role. Furthermore, even in the short term, adsorption of N can
generally be neglected since (i) N mainly occurs as NO3− except for the topsoil and (ii) the
preference of the adsorption complex for NH4+ is mostly low, especially in (acid) sandy soils.
Volatilisation of N can play a role in grazed woodlands and in areas with frequent forest fires,
whereas N removal by erosion may play a role at steep slopes. However, in most cases these N
fluxes are negligible. N fixation is also small in most forest and heathland ecosystems except for
N-fixing species, such as red alder (Van Miegroet & Cole, 1984). By assuming N fixation and N
loss by volatilisation and erosion and N adsorption to be negligible, Eq. 3.1 can be written as
(cf. De Vries, 1993):

N td = N gu + N im + N de + N le

(3.2)

When defining the critical load via Eq. 3.2 it is implicitly assumed that all terms on the righthand side do not depend on the deposition of nitrogen. This is probably not the case and thus all
quantities should be taken “at critical load”. However, to compute “denitrification at critical
load” one needs to know the critical load, the very quantity one tries to compute. The only way
to avoid this circular reasoning is to establish a functional relationship between deposition and
the sink of N, insert this function into Eq. 3.2 and solve for the deposition (to obtain the critical
load). This has been done for denitrification. In the simplest case it is assumed to be linearly
related to the net input of N by (De Vries, 1993; UNECE, 1996):

N de = f de ⋅ (N td − N gu − N im )

(3.3)

where fde (0≤fde≤1) is the so-called denitrification fraction, which has been formulated as a
function of soil type (De Vries HWDO, 1994a). This equation is based on the assumption that the
excess N input leaches as NO3. In most (forest) soils, N below the root zone (at 1m depth) is
indeed dominated by NO3, even in the Netherlands with extremely high NH4+ inputs (De Vries,
1994) and therefore it is reasonable to assume that NH4+ leaching is negligible. This formulation
implicitly assumes that accumulation and growth uptake are faster processes than
denitrification. From Eq. 3.2 and Eq. 3.3 a critical N load, CL(N), can be derived:

CL(N) = N gu,crit + N im,crit + N le,crit /(1 − f de )

(3.4)

where Ngu,crit stands for the average net uptake during the rotation period at the critical N load,
Nim,crit stands for a critical (long-term acceptable) N accumulation and Nle,crit for a critical level
of N leaching. The denitrification at critical load, Nde,crit, is implicitly related to the critical N
leaching according to Eq. 3.4. In wet forest and heathland soils, deep ground water and surface
waters denitrification is generally not negligible and should be accounted for.
In words, Eq. 3.4 states that the critical load of nitrogen equals a critical N leaching rate from
the soil plus a critical N retention, where N retention stands for the sum of uptake, accumulation
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and denitrification. It is based on the assumption that an N input above a net N uptake by forest
growth, long-term acceptable N accumulation, denitrification and an acceptable rate of N
leaching causes adverse impacts. This will either lead to N accumulation in the system
(violation of the stand-still principle) or to unacceptable high N contents in foliage, soil and soil
solution, thus causing adverse affects such as nutrient imbalances, increased sensitivity to frost,
drought and diseases and vegetation changes (effect-based principle).

&DOFXODWLRQRIWKHFULWLFDOQLWURJHQOHDFKLQJUDWH

Crucial in the calculation of the critical or acceptable N leaching rate. In this study, this rate is
calculated by multiplying the precipitation excess with a critical N concentration according to:

1 OH(FULW ) = 10000 ⋅ 3( ⋅ [ 1 ]VV(FULW )

(3.5)

where:
PE
= the precipitation excess, being the flux of water leaching from the root zone (m.yr-1)
[N]ss(crit) = the critical limit for the total concentration of nitrogen in the percolating soil solution
(molc.m-3)
The value of 10000 is needed to convert the unit from molc.m-2.yr-1 to molc.ha-1.yr-1. In the
stand-still approach the present N leaching loss for the plots with input-output budgets was
used. Using the current N leaching implies that critical loads can become high on systems that
are N saturated (here defined as systems that do not accumulate N any more) due to decades of
high N inputs. This is an undesirable situation in view of ecosystem protection and long-term
sustainability. Therefore, an alternative calculation was also carried out, using a value for Nss(crit)
of 0.02 molc.m-3, based on the runoff under pristine conditions. Actually, the use of a natural N
leaching rate is not really related to a stand-still approach, but it gives information about the
accumulation that either now or in the past takes or has takenplace.
Effect-based critical loads were calculated by using a value of 0.2 molc.m-3 in view of possible
impacts on ground vegetation (Section 3.2.3.1). Actually, a value of 0.02 molc.m-3 has also been
used in the literature, but critical loads thus calculated are too low compared to empirical critical
loads for vegetation changes (see Section 3.3). The critical dissolved N concentration in view of
adverse impacts on forests was related to a critical N concentration in the needles of 18 g.kg-1,
above which the sensitivity to frost and fungal diseases increases. In this study, we derived the
relationship on the basis of the results for the considered Intensive Monitoring plots, as shown
in Figure 3.5. From this graph the critical limit in the soil solution was estimated as 3.3 mg.l-1
being the value above which most N contents in foliage exceed 18 g.kg-1.
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Figure 3.5 5HODWLRQVKLSEHWZHHQ PHDVXUHG 1 FRQWHQW LQ WKH IROLDJHRI FRQLIHURXV WUHHV DQGWKH

DYHUDJH 12 FRQFHQWUDWLRQ LQ VRLO VROXWLRQ IRU DSSUR[LPDWHO\  ,QWHQVLYH
PRQLWRULQJSORWV



$GDSWDWLRQVWRFDOFXODWHSUHVHQWGHSRVLWLRQWKUHVKROGV

The major premise of the calculation of a critical load described above is that it assumes a
steady-state situation to derive a long-term acceptable load. Consequently, the different N fluxes
are calculated for a long-term average situation, such as (De Vries, 1993; UNECE, 1996):
• The rotation period for the calculation of N uptake.
• An acceptable accumulation rate of stable organic N compounds in the soil (stable forms of
humus) in e.g. the period since glaciation for the calculation of N immobilisation.
• A 30-year average precipitation excess for the calculation of the critical N leaching rate.
To gain insight in the relationship in e.g. the crown condition and atmospheric deposition,
however, we need to know the actual threshold at the time of consideration. This implies that the
magnitude of processes influencing nitrogen retention and release at present have to be
estimated. An actual assessment can be based on the results of input-output budgets, which do
give actual information on the retention of nitrogen in a forest ecosystem. Such budgets have
been made for 121 Intensive monitoring plots for the period 1995-1998 (De Vries HWDO, 2001).
The differences in the calculation of critical loads and present deposition thresholds for N are
listed in Table 3.4. The calculation of the long-term critical loads was based on the approach
described above, with the exception that we did not use a 30-years average value for the
precipitation excess. Instead, calculated values for the period 1995-1998 were used, because the
data needed to compute site-specific leaching fluxes for longer periods were not available.
Instead of using a long-term average value for the calculation of uptake, accumulation and
denitrification separately, we considered the sum of these processes in the period 1995-1998 in
the assessment of a present deposition threshold. This sum, being denoted as the total N
retention, was derived from the difference between the N input by deposition and the N output
by leaching.
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Table 3.4

'LIIHUHQFH LQ WKH FDOFXODWLRQ RI ORQJWHUP FULWLFDO ORDGV DQG SUHVHQW GHSRVLWLRQ
WKUHVKROGVIRUQLWURJHQ
Steady state long-term critical loads1)

Considered process

Present deposition thresholds2)

Nitrogen retention

Calculated as uptake plus accumulation plus Estimated by subtracting N leaching (based
denitrification as specified below in this table. on measured N concentrations and
calculated precipitation excesses) from the
measured N deposition (based on
throughfall and stemflow) in the period
1995-1998 and scaling the result3)
Uptake of nitrogen
Multiplication of average yield during the
- 4)
rotation period with literature values for the N
contents in stemwood
Nitrogen immobilisation/
Long-term acceptable value according to
-4)
accumulation
critical load Mapping Manual (UNECE, 1996)
Denitrification
Related linearly to net N input at critical load -4)
(in this approach to the critical N leaching)
Critical N leaching rate
Multiplication of calculated actual
Multiplication of calculated actual
precipitation excess in period 1995-19985)
precipitation excess in period 1995-19985)
with a critical N concentration.
with a critical N concentration.
1) Steady state long-term critical loads were calculated for all plots for which deposition data and hydrological fluxes were
available (234 plots; see Section 3.2.1)
2) Present deposition thresholds were calculated for plots for which both deposition and soil solution chemistry were
available.
3) The present N retention was scaled to the N retention that would occur at an N input that is equal to the present deposition
threshold.
4) The separate N fluxes in terms of uptake, accumulation and denitrification could not be derived from the measurements.
Instead, we could only derive the sum of these N fluxes, in terms of total N retention, from the difference between N
deposition and N leaching.
5) A long-term (e.g. 30-years average) value for the precipitation excess would have been favoured but data were only
available for a four-year period of 1995-1998.

Actually, in calculating the present deposition threshold, one has to know the N retention that
would occur at an N input that is equal to the present deposition threshold, Nret,crit, according to:
PDT(N) = N ret,crit + N le,crit

(3.6)

If one would use the present N retention, which takes place at the present N input, one would
assume that the N retention is independent of the N input, which is an invalid assumption.
Consequently, the present N retention has to be scaled to the N retention at the present
deposition threshold.
We investigated two possibilities to calculate the present deposition threshold. The first was to
scale the N retention by deriving an empirical relationship between N retention and N
deposition, in combination with other environmental characteristics, such as soil type and soil
C/N ratios, according to (see previous Technical Report: De Vries HWDO, 2001):

1 UHW = α 0 + α1 [1 + ""α Q−1 [Q−1 + α Q 1 GHS

(3.7)

where Nret is the expectation value of the N retention, being the response variable, x1 to xn-1 are
predictor variables (tree species, soil type, humus type, climatic region, altitude, stand age, the
fraction of ammonium in the deposition, pH and C/N ratios in both the organic layer and the
mineral topsoil  DQG 1 WR n-1 are the regression coefficients. The regression relations were
carried out by using both the original data and after a logarithmic transformation of both the N
retention and N deposition data, since those data that were highly skewed. Using the original
data, the N retention at a given site in dependence of the N deposition was calculated according
to:

1 UHW = $ + % ⋅ 1 GHS
54

or 1 UHW ,FULW =

$ + % ⋅ 3'7 ( 1 )

(3.8)
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In this formula, A is a site-specific value, that is calculated by applying Eq. 3.8, inserting the
site specific data for tree species, soil type, humus type etc, multiplied by the ratio of the
measured and predicted N retention. %LVUHJUHVVLRQFRHIILFLHQW n multiplied by the ratio of the
measured and predicted N retention. Inserting Eq. 3.8 in Eq. 3.6 gives:
PDT(N) =

$ + N le,crit /(1 − % )

(3.9)

We also investigated the possibility to calculate the present deposition threshold by directly
relating the N leaching to the N deposition according to:

1 OH = α 0 + α1 [1 + ""α Q−1 [Q−1 + α Q 1 GHS

(3.10)

where Nle is the expectation value of the N leaching, and all other variables being equal to those
mentioned under Eq. 3.7. As with N retention, the regression relations were carried out by using
both the original data and after a logarithmic transformation of both the N leaching and N
deposition data. As with N retention, N leaching at a given site in dependence of the N
deposition was calculated according to:

1 OH = & + ' ⋅ 1 GHS

or

1 OH,FULW = & + ' ⋅ 3'7 ( 1 )

(3.11)

Similar to the N retention, C is a site-specific value, that is calculated by applying Eq. 3.10 and
multiplying the result by the ratio of the measured and predicted N leaching, whereas D is
UHJUHVVLRQFRHIILFLHQW n multiplied by the ratio of the measured and predicted N leaching. Use
of Eq. 3.11 directly leads to an estimate of PDT(N) according to:
PDT(N) = ( N le,crit − & ) / '

(3.12)

By using the direct empirical approach between N leaching and N deposition, the N retention at
present deposition threshold is indirectly accounted for. In both Eq. 3.9 and Eq. 3.12, the value
of Nle,crit was derived by multiplying the calculated precipitation excess with a critical N
concentration.
3.2.3.3 Assessment of input data
Below we first describe the assessment of input data for the calculation of long-term critical
nitrogen loads and then the approach used for the assessment of present deposition thresholds.

1LWURJHQXSWDNH

In assessing the critical load, nitrogen uptake is the net growth uptake, i.e. the net uptake by
vegetation that is needed for long-term average growth. Nitrogen input by litterfall and nitrogen
removal by maintenance uptake (needed to re-supply nitrogen to leaves) is not considered here,
assuming that both fluxes are equal in a steady-state situation. Thus the net uptake is calculated,
being equal to the annual average removal in harvested biomass. In this calculation we assumed
that this includes the removal of stems only (no branches or leaves).
,QWHQVLYH0RQLWRULQJSORWV

Net nitrogen uptake for the intensive monitoring plots was calculated at site by multiplying the
annual average growth rate of stems with the stem density and the nitrogen content in stems. For
the densities of stemwood and the nitrogen contents in stems use was made of literature data
(e.g. Kimmins HW DO, 1985 and De Vries HW DO, 1994a,b), as presented in Table 3.5. This table
also includes the BC contents that were used in the calculation of base cation uptake that is
needed to calculate critical acid loads.
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Table 3.5

$YHUDJH YDOXHV XVHG IRU WKH GHQVLWLHV RI VWHPZRRG DQG WKH 1 DQG %&
&D0J. FRQWHQWVLQVWHPZRRGRIWKHFRQVLGHUHGPDLQWUHHVSHFLHV

Tree species

Stem density (kg.m-3)

N content in stemwood
(g.kg-1)

BC content in stemwood
(g.kg-1)

Scots Pine
Norway Spruce
Oak
Beech

510
460
700
700

1.2
1.2
1.7
1.4

1.6
1.2
2.5
2.4

The annual average growth rate of stems (the yield) for each Intensive Monitoring site was
based on site specific data yield data, given in intervals of 5 m3.ha-1.yr-1. Although data are
available on current growth at the plots, the general yield data were used as they probably
provide the best estimate of the average yield over the entire growing period, which is needed
for critical loads. Only be rescaling current growth to average growth using current stand age
and assumptions on the growth curve, data from the growth surveys could be used for critical
loads calculations.

/HYHOSORWV

Within the level I programme, growth is not assessed nor is it an estimation of the yield made in
any of the surveys. Growth for these plots was estimated from an extensive, European wide data
base with measured growth data. This EEFR (European Forest Resource) data base (Schelhaas
HW DO., 1999) currently holds forest growth data for 31 European countries further divided into
about 250 regions. Data for evenaged forests are available for combinations of region, tree
species, age class and often also further divided by site quality and forest ownership type. A
number of countries also supplied data for unevenaged forests. For the level I plots, growth was
assessed by taking from the database the average growth over all age classes for the
combination of region, tree species and forest age class found at the plot. For level I sites with a
tree species for which no data were present in the data base, the growth from similar species was
used by computing the average growth of species within the same tree species group (11 groups
where distinguished).

1LWURJHQLPPRELOLVDWLRQ

As with uptake, Nim denotes the long-term net immobilisation (accumulation) of nitrogen in the
soil, i.e. only the continuous build-up of stable C/N-compounds in forest soils. Using data from
Swedish forest soils, Rosén HWDO (1992) estimated the annual nitrogen immobilisation since the
last glaciation at 0.2-0.5 kg N.ha-1.yr-1. Values between 0.5 and 1.0 kg N.ha-1.yr-1 are currently
recommended for the critical loads work under the LRTAP Convention (UNECE, 1996).

'HQLWULILFDWLRQ

Denitrification was described as a fraction of the net input to the soil minus the calculated net
immobilisation (see Eq. 3.3). Denitrification fractions were related to soil clusters based on data
given in Breeuwsma (1991) for agricultural sand, clay and peat soils in The Netherlands. Data
were corrected for the more acid circumstances in forest soils. Values thus used are 0.8 for peat
soils, 0.7 for clay soils (texture classes 2, 3 and 2/3), 0.5 for sandy soils (texture classes 1 and
1/2) with gleyic features and 0.1 for sandy soils without gleyic features.

&ULWLFDO1OHDFKLQJ

To compute a critical N leaching, the precipitation excess at the plots must be calculated first.
Water fluxes for Intensive Monitoring plots and Level I plots were calculated using the
WATBAL model (Starr 1999). This relatively simple water balance model uses a one-layer
approach and monthly time-steps. Input data required are soil properties such as the available
water content (AWC), rooting depth and texture dependent ratio’s of the critical soil water
content/available water content, meteorological variables (rainfall, cloudiness and temperature),
a number of generic site variables such as latitude, altitude, initial amount of snow on the
ground and forest cover, and generic constants such as snow albedo. Meteorological data data
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(rainfall, cloudiness and temperature) were derived from a high resolution European wide data
base (Mitchell HW DO, 2003) that contains monthly values for the years 1901-2001 for grid-cells
of 10’ × 10’ (approx. 10 x 10 km in central Europe). Available water content (AWC) was
estimated as function of soil type and texture class according to Batjes (1996) who provides
texture class dependent AWC values for all FAO soil types based on an extensive literature
review. Critical soil water: AWC ratios (the ratio between actual soil water content and AWC at
which transpiration is reduced) where computed as a function of soil texture according to the
standard WATBAL procedure.
The reliability of the water fluxes was checked by comparing the leaching of chloride (Cl) and
sodium (Na) against the deposition for those Intensive Monitoring plots where these two
elements were measured in the soil solution. Both chloride and sodium can be considered as
tracers (Cl) or nearly tracers (Na), i.e. the (long-term average) leaching computed from the
modelled downward water flux and the measured concentration should match the deposition. In
the case of Na, the leaching flux can be somewhat higher than the deposition flux due to
weathering and cation exchange but generally these fluxes are negligible compared to the
deposition of Na. The measurements of Na and Cl in deposition and soil solution thus allow
checking whether the hydrology is modelled accurately.
Figure 3.6 shows the deposition-leaching relations for Cl and Na for plots with at least 2 years
of measurements. As can be seen, the average slope for Cl is close to the perfect 1, indicating
that there is no overall bias in the hydrological model. However, the graphs also show that there
are several plots with rather unbalanced inputs and outputs. In the case of Na this could partly
be explained by weathering. Part of the plots where chloride leaching is higher than chloride
deposition are located close to the sea, which may cause imbalances in the budget due to seasalt input on the soil that is not collected in the deposition samplers.
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&ODQG1DLQSXWRXWSXW GHSRVLWLRQOHDFKLQJ UHODWLRQVKLSV

The natural N leaching rate was calculated by multiplying the precipitation excess by a critical
dissolved N concentration as described in Section 3.2.3.2. The critical dissolved N concentration
was set equal to (Section 3.2.3.1):
• A background value of 0.02 molc.m-3, in view of N accumulation in forest soils.
• An estimated value of 0.20 molc.m-3 in view of impacts on ground vegetation.
• An estimated value of 0.24 molc.m-3 in coniferous forests, related to a critical N
concentration in the needles of 18 g.kg-1, above which the sensitivity to frost and fungal
diseases increases.
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3UHVHQWGHSRVLWLRQWKUHVKROGV

After investigating the various possibilities to derive a present deposition threshold, described in
Section 3.2.4.2, we based the value on a direct relationship between N leaching and N
deposition, using the original data (no logarithmic transformation) according to (compare Eq.
3.10):

1 OH = −68.6 + 103 ⋅ I1+ 4 + 0.2346 1 GHS

(3.13)

where fNH4 is the fraction of ammonium in the deposition. In the ultimate equation used (3.13),
this fraction appeared to be the most influential factor in the assessment of the N leaching rate
as a function of N deposition. The value of PDT(N) was calculated with Eq. 3.12 according to
the procedure described in that section.

3.2.4 Calculation of critical loads and present deposition thresholds for acidity
In this section, first an overview is presented of the impacts of acidity on forest ecosystems,
followed by the critical limits thus derived and used in this study (Section 3.2.4.1). The
background of the derivation of the simple mass balance model for acidity, used to calculate
critical acid loads in this study, is presented in Section 3.2.4.2. This section also includes
methods to calculate of the critical acidity leaching rate and the present deposition threshold.
The input data for the calculations are described in Section 3.2.4.3.
3.2.4.1 Impacts of acidity and critical limits

,PSDFWVRQIRUHVWHFRV\VWHPV

The indirect soil-mediated acidifying impacts of S and N deposition include the loss of base
cations from the soil and the release of soluble toxic aluminium. In the 1980s, several authors
(e.g. Ulrich HW DO, 1979, Hutchinson HW DO, 1986) considered soil acidification responsible for
forest decline, since Al3+ is toxic to plant roots (Cronan HWDO, 1989; Marschner, 1990; Mengel,
1991; Cronan & Grigal, 1995). This direct relationship has been questioned, since there is no
clear relationship between forest crown condition and high Al concentrations or Al/base cation
ratios (e.g. Hendriks HWDO, 1997). Nevertheless, numerous studies, both in the laboratory and in
the field, have shown that high concentrations of Al relative to (divalent) base cations such as
Ca and Mg, have a negative influence on mycorrhizal frequency, root elongation and root
uptake (see Sverdrup & Warfvinge, 1993, for an overview). It may affect fine root growth, thus
inhibiting the uptake water and of base cations, causing deficiencies of these nutrients for forest
trees (notably Mg).
Roelofs HW DO (1985) and Schulze (1989) suggested that acidification of soil and excessive N
inputs caused nutrient imbalances in the soil and the plants. This coincided with field
observations and foliar analyses, indicating that deficiencies of Mg and K cause yellowing of
needles of Norway spruce (Bosch HW DO, 1983; Zöttl & Mies, 1983). Roberts HW DO (1989)
concluded that spruce decline in Central Europe mainly results from foliar Mg deficiency due to
(i) an increased Mg demand induced by an increased growth in response to elevated N inputs,
and (ii) inhibition of Mg uptake caused by soil acidification (a decrease in exchangeable
magnesium, ammonium accumulation and aluminium mobilisation). In general, N contributes
both to soil acidification and eutrophication and the two processes lead to the imbalance in
nutrient availability for plant growth (e.g. Heij & Erisman, 1997).
Apart from impacts on forest, acid deposition may affect the species diversity of terrestrial
vegetation, due to a decrease in pH (Van Hinsberg & Kros, 1999), cause pollution of
groundwater for drinking water supply due to increased hardness and increased concentrations
of Al mobilised from the soil (e.g. Boumans &d Van Grinsven, 1991) and lead to loss of fish
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populations caused by a decrease in pH and an increase in labile Al in surface waters (e.g.
Hultberg, 1988).

&ULWLFDOOLPLWVIRUIRUHVWHFRV\VWHPV

The most common critical chemical value used in the European critical loads work is the molar
ratio of base cations to aluminium in soil solution in view of impacts on tree roots and thereby
on forest condition. Sverdrup & Warfvinge (1993) derived critical limits for Al/(Ca+Mg+K)
ratios for many vegetation types, based on a literature review of numerous laboratory studies,
relating those ratios to decreased root biomass and inhibited nutrient uptake. Critical limits for
Al/(Ca+Mg+K) ratios were based on that review and equalled 0.8 for pine and spruce and 1.6
for oak and beech (see also Table 3.3) indicating that the conifers are more sensitive to
aluminium toxicity that the broadleaves. Although the critical base cation to aluminium ratio is
the most widely used critical chemical value in the ongoing critical loads work, it is not
undisputed. At sites with low Bc concentrations, where the use of a critical Al/Bc ratio would
lead to very low (non-toxic) Al concentrations, we directly used a critical aluminium
concentration, [Al]crit of 0.2 molc.m-3 (after Cronan & Grigal, 1995).
3.2.4.2 Calculation methods

&DOFXODWLRQRIORQJWHUPFULWLFDOORDGVRIDFLGLW\

In this report acidity was simply defined as the sum of sulphate and nitrogen. In the literature,
acidity have also been defined by subtracting the sea salt corrected base cation input from the
sum of sulphate and nitrogen, implying that this also has to be done for the critical load (e.g. De
Vries HW DO, 1994a). Furthermore, some countries only subtract sea salt corrected base cation
bulk deposition, which means that one has to correct for dry deposition input in the critical load
calculation (e.g. De Vries HW DO, 1994b). It is considered most simple to lump S and N on one
hand and add alkalinity in the atmospheric deposition in the CLO calculation, and consequently
this approach was used in this report. Critical loads of acidity, induced by deposition of N and S,
can be derived from the steady-state charge balance for the ions in the soil leachate (in
molc.ha-1.yr-1) leaving the root zone (modelled as a single homogeneous layer):
H le + Al le + BC le + NH 4,le = SO 4,le + NO 3,le + Cl le + HCO 3,le + RCOO le

(3.14)

where RCOOle is the leaching flux of the sum of organic anions. Neglecting OH− and CO32− (a
reasonable assumption even for calcareous soils), the alkalinity or ANC (Acid Neutralising
Capacity) can be defined as:
ANC le = HCO 3,le + RCOO le - H le - Al le

(3.15)

A steady-state situation with respect to acidification implies a constant pool of exchangeable
base cations (BC). Consequently, the following mass balance holds for base cations:

BC le = BC td + BC we - Bc gu

(3.16)

Note that BCtd and BCwe include all four base cations (BC=Ca+Mg+K+Na), whereas sodium is
not taken up by vegetation (Bc=BC−Na). For sulphur the mass balance reads:

S le = S td - Sgu - Sim - S re - S ad

(3.17)

where the subscript re refers to reduction. An overview of S cycling in forests by Johnson
(1984) suggests that the net (growth) uptake, immobilisation, and reduction of SO42− are
generally insignificant. Sulphate adsorption occurs especially in Fe- and Al-oxide rich
subsurface horizons (Johnson HW DO, 1979, 1982; Johnson & Todd, 1983). However, when
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deriving a long term critical load, the effect of adsorption must be neglected, since this
phenomenon is only of temporary importance (several decades). Even in the short term,
sulphate adsorption is negligible in most European forest ecosystems, as shown by various
budget studies given in Berdén HWDO (1987). Furthermore, since sulphur is completely oxidised
in the soil profile, Sle equals SO4,le, and Eq. 3.17 simplifies to:

SO 4,le = S td

(3.18)

Combining Eqs. 3.15, 3.16 and Eq. 3.18 and the N balance derived in Section 3.2.3.2 (Eq. 3.2;
NO3,le=Nle) yields for the charge balance (Eq. 3.14):

S*td + N td = BC*td + BC we - Bc gu + N gu + N im + N de - ANC le

(3.19)

where the star denotes Cl-corrected quantities, assuming that chloride comes only from sea
spray. It is assumed that there are no sources or sinks of chloride in the soil compartment, and
therefore leaching equals deposition. Knowledge of the deposition terms, weathering and net
uptake of base cations as well as nitrogen uptake, accumulation and denitrification allows to
calculate the ANC leaching, and thus assess the acidification status of the soil. Conversely,
critical loads of S and N can be computed by defining a critical (or acceptable) ANC leaching,
ANCle,crit, which is set to avoid “harmful effects” on a “sensitive element of the environment”
(e.g. damage to fine roots).

CL (S + N) = BC*td + BC we - Bc gu + N gu + N im + N de - ANC le,crit

(3.20)

In words, Eq. 3.20 states that the critical acid load equals a critical acidity leaching rate from the
soil plus the buffering of acidity by net base cation input (deposition plus weathering minus
uptake) and N retention (uptake plus accumulation plus denitrification) at this critical leaching
rate. Crucial in the calculation is the choice of the critical limit determining the critical acidity
leaching rate. Differences in critical load values for forest soils, groundwater and surface waters
in the same area are mainly due to differences in the weathering rate, denitrification rate and the
critical alkalinity leaching flux. The areal weathering rate, expressed in molc.ha-1.yr-1, is
determined by the parent material and the considered depth of the soil profile.

'HULYDWLRQRIVHSDUDWHFULWLFDOORDGVIRUVXOSKXUDQGQLWURJHQUHODWHGWRVRLO
DFLGLILFDWLRQ

By using the equation for the deposition-dependent denitrification (Eq. 3.3), one obtains for the
critical loads of sulphur, CL(S), and acidifying nitrogen, CL(N):

CL(S) + (1 − f de ) ·CL(N) = BC*td + BC we − Bc gu + (1 − f de ) ·(N im + N gu ) − ANC le,crit

(3.21)

Note that these critical loads of S and N are not unique; every pair of deposition (Ntd, Std) which
fulfils Eq. 3.21 are critical loads. However, when comparing S and N deposition to critical loads
one has to bear in mind that the nitrogen sinks cannot compensate incoming sulphur acidity, i.e.
the maximum critical load of sulphur is given by:

CL max (S) = BC*td + BC we − Bc gu − ANC le,crit

(3.22)

Furthermore, if

N td ≤ N im + N gu = CL min (N)
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all deposited N is consumed by uptake and immobilisation, and sulphur can be considered
alone. The maximum amount of allowable N deposition (in case of zero S deposition) is given
by (see Eqs. 3.20-3.22):

CL max (N) = CL min (N) + CL max (S)/(1 − f de )

(3.24)

&DOFXODWLRQRIWKHFULWLFDO$1&OHDFKLQJZKHQXVLQJDFULWLFDO$O &D0J. UDWLR

Selecting a critical chemical value is the most crucial step in calculating critical loads, since this
quantity links deposition level to a “harmful effect”. For acidity, the critical leaching of ANC
has to be specified. Criteria for [Al] generally refer to the inorganic Al concentration, which is
toxic to roots. Assuming that organic anions are completely bound by Al, Eq. 3.15 simplifies to:
ANC le,crit = Q · ([HCO 3 ] - [Al]crit - [H]crit )

(3.25)

where Q is the percolation flux (m.yr-1). The concentration of HCO3 can be derived by an
equilibrium equation describing the dissociation of CO2 according to:

[HCO 3 ] ⋅ [H] = K CO2 ⋅ p CO2

(3.26)

where KCO2 is the dissociation constant and pCO2 the partial pressure of CO2. The concentration
of bicarbonate can be neglected in calculating critical loads for acid forest soils, where the
critical pH is below 5.
The acceptable concentration of Al can be derived by relating it to the base cation leaching. The
critical Al/Bc ratio (where Bc=Ca+Mg+K) is here used to calculate a critical aluminium
leaching according to:
Alle, crit = 1.5

(Al/Bc)FULW
with Bcle = Bctd + Bcwe - Bcgu
Bc le

(3.27)

where Bcle is the base cation (Ca+Mg+K) leaching rate in molc.ha-1.yr-1. The factor 1.5 arises
from the conversion of the molar Al/ Bc ratio to equivalents. Note that weathering generally
includes Na, but this is already done by multiplying the base cation weathering rate by a factor
of 0.85. Dividing by Q, the critical Al concentration is obtained. The same procedure can be
used to compute Alle,crit from a critical Al/ Ca or Al/(Ca+Mg) ratio. The values used in this study
for Al/ Bccrit are 0.8 for conifers and 1.6 for broadleaves, respectively (see Table 3.3).
Finally, the H concentration can be calculated from the Al concentration, using an equilibrium
equation describing the dissolution of aluminium (hydr)oxides, according to:

[ $O ] = .$OR[ ⋅ [ + ]D

(3.28a)

or inversely:

[ + ] = ([ $O ] / .$OR[ )1 / D

(3.28b)

where α is a site-dependent exponent indicating the type of interaction between Al and protons on
binding sites in the soil. Values between 1 and 2 do indicate interactions between Al and protons on
soil organic matter. For α=3 this is the familiar gibbsite equilibrium, and KAlox=Kgibb, being the
Gibbsite equilibrium constant, that is mostly used to calculate critical loads. Values for logKgibb
generally vary between 8.0 and 8.5.
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Use of the Gibbsite equilibrium for modelling Al concentrations seems to work well enough for
the B horizon of podzols (although equilibrium with imogolite has also been suggested), but it
doesn’t work well for organic horizons. At pH values below 5, organic horizons may be
undersaturated with respect to gibbsite and Al solubility is controlled by organic complexation
(De Wit, 2000). Complexation reactions with soil organic matter may even control the solubility
of Al in the upper part of some B horizons as well (Simonsson, 1999). Another problem with
the use of the gibbsite equilibrium model arises from the fact that Al(OH)3 occurs in many
different forms, of which the one most commonly occurring in Nordic soils is amorphous, and
certainly not a well-defined crystalline phase. Its solubility constant is not the same as that of
crystalline gibbsite (Simonsson, 1999).
Considering these aspects, it is more accurate to use values for α that are lower than 3, and
consequently also a deviating KAlox value, which refers to an amorphous Al hydroxide and not
to Gibbsite. Regression analyses between the negative logarithm of the Al concentration (pAl)
against the negative logarithm of the H concentration (pH), with concentrations in mol.l-1 for
nearly 300 Dutch forest stands, give results as presented in Table 3.6. (Van der Salm & De
Vries, 2001). The data are based on measurements in approximately 200 sandy soils (Leeters &
De Vries, 2001) and in approximately 40 loess soils, 30 clay soils and 30 and peat soils (Klap HW
DO, 1999). The results for the subsoil show that the standard gibbsite equilibrium constant and
exponent of 3.0 is reasonable for clay soils. Very different values, however, have to be used for
peat soils and to a lesser extent also for sandy and loess soils. This is especially true at lower
soil depths (not given in Table 3.6) but the model was only applied by calculating the leaching
rate from the bottom of the rootzone.
Table 3.6 (VWLPDWHG YDOXHV RI .$OR[ DQG α IRU WKH VXEVRLO  FP  EDVHG RQ UHJUHVVLRQ
EHWZHHQS$ODQGS+LQWKHVRLOVROXWLRQRI'XWFKIRUHVWVRLOV
Soil type

log KAlox

α

R2adj

n

Sand
Loess
Clay
Peat

5.20
4.55
7.88
-1.06

2.51
2.17
2.65
1.31

86.3
92.4
87.3
81.2

172
39
116
116

Thus, by specifying a critical Al/Bc ratio, the critical ANC leaching can be computed by
calculating the related Al and H concentration. This approach is questionable, however, at sites
with very low Bc concentrations. There, a very low critical Al concentration is calculated as
well, which is unlikely to be toxic. At those sites, we used a critical aluminium concentration
directly, [Al]crit of 0.2 molc.m-3 (see before). In the stand-still principle, the acceptable critical Al
concentration has to be derived indirectly from the present base saturation or an acceptable Al
weathering rate, as discussed below.

&DOFXODWLRQRIWKHFULWLFDO$1&OHDFKLQJIURPDFULWLFDOEDVHVDWXUDWLRQ

Base saturation, i.e. the fraction of base cations on the cation exchange complex, is an indicator
of the acidity status of a soil and one may want to keep this pool to avoid nutrient deficiencies in
the long term. In the following we show how to link base saturation with ANC, thus allowing
the use of a critical base saturation or the present base saturation for critical load calculations
based on the stand-still principle (sustainable base cation pools).
Cation exchange reactions are often described by the Gaines-Thomas equations. Neglecting Naexchange and lumping Ca, Mg and K, the following equations describe the Bc-Al-H exchange:
( $O2
[ $O ]2
=
(3.29)
.
$O%F
3
( %F
[ %F]3

( +2
[ + ]2
= . +%F
( %F
[ %F ]
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where EX is the exchangeable fraction of ion X, and EBc in particular is the base saturation.
Charge balance requires that:

( %F + ( $O + ( + = 1

(3.31)

A relationship between the base saturation and the Al/Bc-ratio can be easily derived (with [Bc] as
additional parameter). Inserting EAl and EH from Eqs. 3.29 and 3.30 into Eq. 3.31 and using Eq.
3.28b to express [H] in terms of [Al] yields:

( %F + ( %F

3/ 2

/2
/2
UHT . 1$O%F
UHT1 / D . 1+%F
1/ 2
+ ( %F
=1
.$OR[1 / D [ %F]1/ 2−1/ D
[ %F ]1 / 2

(3.32)

where req=[Al]/[Bc] stands for the equivalent Al/BC ratio. This third-order equation in EBc1/2 can
be solved numerically to obtain the base saturation as function of the (critical) Al:Bc ratio and
thus relate it to the (critical) ANC leaching.

&DOFXODWLRQRIWKHFULWLFDO$1&OHDFKLQJLQYLHZRIVXVWDLQDEOHDOXPLQLXPSRROV

A critical ANC value can also be calculated by aiming at a negligible depletion of Alhydroxides (Al depletion criterion), being a relevant precautionary approach in acid soils with a
low base saturation. This approach is based on the idea that using an ANC limit based on a
critical Al concentration or Al/Bc ratio may imply that the accepted rate of Al leaching is
greater than the rate of Al mobilisation by weathering of primary minerals. The remaining part
of Al has to be supplied from readily available Al pools including Al hydroxides. This causes
depletion of these minerals, which might induce an increase in Fe buffering which in turn leads
to a decrease in the availability of phosphate (De Vries, 1994). Furthermore, the decrease of
those pools in podzolic sandy soils may cause a loss in the structure of those soils.
Negligible depletion of Al hydroxides is achieved when Al leaching equals mobilisation of Al
from primary minerals. [Al]crit can thus be calculated as:

[Al]crit = r · BC we / Q

(3.33)

where r is the equivalent stoichiometric ratio of Al to BC in the congruent weathering of
silicates (primary minerals). The other terms in the ANC (Eq. 3.25) can again be derived from
the equilibrium equations discussed before (Eqs. 3.26 and 3.28b).

$GDSWDWLRQVWRFDOFXODWHSUHVHQWWKUHVKROGGHSRVLWLRQV

As with nitrogen, the major premise of the calculation of a long-term critical acid load is that it
assumes a steady-state situation. To gain insight in the present impacts of atmospheric
deposition, we need to know the threshold above which effects might occur now. This implies
that the magnitude of all processes buffering the incoming acidity at present has to be estimated.
This includes all processes influencing base cation release, such as weathering and cation
exchange, nitrogen retention and sulphur retention or release. In the assessment of a steady-state
long-term critical load, dynamic processes such as cation exchange and sulphur retention or
release have been neglected, whereas nitrogen retention refers to a steady-state situation and not
to the present state. As stated before, an actual assessment can also be based on the results of
input-output budgets for sulphur, nitrogen and base cations. Such budgets, that have been made
for 121 Intensive monitoring plots for the period 1995-1998 (De Vries HW DO, 2001), do give
actual information on the retention or release of those elements in a forest ecosystem.
The differences in the calculation of the critical loads and the present deposition thresholds of
acidity are listed in Table 3.7. In the calculation of a steady-state critical load, we used longterm average values for the calculation of each model input. Instead, in deriving the present
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deposition threshold, we considered the time period 1995-1998 in deriving the base cation
leaching, N retention/release and S retention/release, to account for the buffer processes at the
time of consideration. These buffer processes were then scaled to the values that would occur at
the present deposition threshold.
Table 3.7 'LIIHUHQFH LQ WKH FDOFXODWLRQ RI ORQJWHUP FULWLFDO ORDGV DQG SUHVHQW GHSRVLWLRQ
WKUHVKROGVIRUDFLGLW\

Considered process

Steady state long-term critical loads1)

Base cation leaching

Calculated as deposition plus weathering
minus uptake as specified below

Present threshold depositions2)

Actual average leaching in period 1995-1998
based on measured BC concentrations and
calculated precipitation excess 3)
Total base cation deposition
Based on measured throughfall/ stemflow in -3)
period 1995-1998
Base cation weathering
Related to soil type, corrected for measured -3)
temperatures in period 1995-1998 or
interpolated values for a 10 year period
Uptake of base cations
Multiplication of average yield during
-3)
rotation period with literature values of BC
contents
Nitrogen retention/release
Calculated as uptake plus immobilisation
Actual average N deposition (based on
plus denitrification as specified in Table 2 throughfall and stemflow) minus N leaching
(based on measured N concentrations and
calculated precipitation excess) in period
1995-19984)
Sulphate retention/release
Not included
Actual average SO4 deposition (based on
throughfall and stemflow) minus SO4 leaching
(based on measured SO4 concentrations and
calculated precipitation excess) in period
1995-19984)
Critical Al leaching rate
Multiplication of calculated Bc leaching rate Multiplication of (scaled) measured Bc
with a critical Al/Bc ratio
leaching rate with a critical Al/Bc ratio
1)
Steady state long-term critical loads were calculated for all plots for which deposition data and hydrological fluxes were
available (226 plots; see Section 4.2.1)
2)
Present deposition thresholds were calculated for 84 plots for which both deposition and soil solution chemistry were
available and the pH was less than 4.5.
3)
The separate BC fluxes in terms of deposition, weathering and uptake are not needed in this calculation, in which present
or scaled Bc leaching fluxes are used.
4) The sum of the present N and S retention or release has to be scaled to the retention that would occur at an acid (S+N)
input that is equal to the present deposition threshold

Comparable to nitrogen, concerning the calculation of the deposition threshold, one has to know
the acid buffering (the sum of N and S retention or release) that would occur at an acid input
that is equal to the present deposition threshold, (S+N)ret,crit, according to (compare Eq. 3.20):
PDT(S + N) = BC le + (S + N) ret,crit − ANCle,crit

(3.34)

As with N retention, this approach implies that the acid buffering which takes place at the
present acid input, has to be scaled to the acid buffering at the present deposition threshold.
Unlike nitrogen, we did not investigate the possibility to calculate the present deposition
threshold by deriving an empirical relationship between acid buffering and acid deposition,
since the combination of S and N retention or release would lead to complex relationships and
consequently a complex assessment of the PDT value. Instead, a direct relationship between Al
leaching and acid (S+N) deposition was derived according to:

$OOH = α 0 + α1 [1 + ""α Q−1 [Q−1 + α Q ( 6 + 1 ) GHS

(3.35)

where Alle is the expectation value of the Al leaching, x1 to xn-1 are predictor variables (tree
species, soil type, humus type, climatic region, stand age, the fraction of ammonium in the
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deposition, pH and base saturation in the subsoil) anG
(see de Vries HWDO 2001).

1

WR

n-1

are the regression coefficients

This direct approach is only useful in soils where the base saturation is such that soils are in the
Al buffer range. Consequently, we only applied this approach for soils with a pH less than 4.5
and base saturation below 25%. In other soils, the PDT could be estimated by calculating the
needed removal in exchangeable base cation pool in addition to the critical load value. It is clear
that this will result in very high values that are never exceeded by the present loads and
therefore, those soils were excluded from the analyses (compare De Vries HWDO, 2000a).
As with N leaching, Al leaching at a given site in dependence of the acid deposition was
calculated according to:

$OOH = ( + ) ⋅ ( 6 + 1 ) GHS

or

$OOH,FULW = ( + ) ⋅ 3'7 (6 + 1 )

(3.36)

Again, E is a site-specific value, that is calculated by applying Eq. 3.35 and multiplying the
result by the ratio of the measured and predicted Al leaching, whereas F is regression coefficient
n multiplied by the ratio of the measured and predicted Al leaching. Use of Eq. 3.36 directly
leads to an estimate of PDT(S+N) according to:
PDT(S + N) = (Al le,crit − ( ) / )

(3.37)

By using this direct empirical approach, the acid buffering by BC, S and N retention or release
at the present deposition threshold is indirectly accounted for. In Eq. 3.37, the value of Alle,crit
was derived by multiplying the present base cation leaching with a critical Al/Bc ratio. The base
cation leaching at the present deposition threshold was calculated by assuming that it stays equal
to the present base cation leaching.
An alternative approach that was also investigated, was to calculate the base cation leaching as a
function of the acid deposition according to:

%&OH = * + + ⋅ ( 6 + 1 ) GHS

(3.38)

According to the previous approaches, G is a site-specific value, that is calculated by applying
Eq. 3.35, with Bcle as the response variable instead of Alle, and multiplying the result by the
ratio of the measured and predicted BC leaching and H is regression coefficient n multiplied by
the ratio of the measured and predicted Bc leaching. The differences in the response of Al and
Bc to the acid deposition would then lead to a present deposition threshold where the Al/Bc ratio
equals a critical value, which can be calculated according to:

PDT(S + N) = (Al/Bccrit ⋅ * − ( ) /(1 − Al/Bccrit ⋅ + − ) )

(3.39)

Especially for acidity, the present deposition threshold can differ strongly from the long-term
critical load. This can for example be due to strong present buffering by cation exchange in well
buffered soils and inversely to a strong release of sulphate, associated with acid production, in
soils where the present input of sulphur is much lower than in the past. In the first case a PDT
can become very high, whereas in the latter case, a PDT can become negative (even at zero
input, the Al concentration would not directly recover to a value at or below the critical limit).
3.2.4.3 Assessment of input data
Below we first describe the assessment of input data for the calculation of long-term critical
acid loads and then the approach used to assess present deposition thresholds. For critical loads,
we focus on the base cation inputs and outputs and the critical acidity leaching, For the N
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retention terms, we refer to Section 3.2.3.3. The following sections describe methods for
deriving input data that apply both to Intensive Monitoring plots as well as to Level I plots.

%DVHFDWLRQZHDWKHULQJ
There are various possibilities to assess weathering rates including (UNECE, 1996):
• Estimation of the depletion of base cations in the soil profile by chemical analyses of
different soil horizons including the parent material. This method, in which an extremely
resistant mineral, such as zirconium, is often used as an internal standard, gives the average
weathering rate over the period of soil formation (De Vries & Breeuwsma, 1986, Starr HWDO,
1998).
• Correlation between the weathering rate and the total Ca and Mg content in the parent
material multiplied by the present day effective temperature sum (Olsson & Melkerud,
1991). As with the previous approach, this gives the average weathering rate over the period
of soil formation.
• The weathering rate model PROFILE, which calculates actual field weathering rates based
on the soil mineralogy (Sverdrup, 1990; Sverdrup & Warfvinge, 1993).
• Assignment of an actual field weathering based on the parent material and texture class of a
given soil (dominant) soil unit (De Vries HWDO, 1994a).
Apart from the last method, total cation concentrations in either the parent material (C horizon)
or even in the complete soil profile, are needed to estimate the weathering rate. At present,
PROFILE is most frequently used in critical load calculations when detailed mineralogical data
are available or when such data can be derived from a total cation analyses. Becker HWDO (2000),
for example, used PROFILE to calculate the weathering of Intensive Monitoring plots in
Germany for the assessment of critical loads for those plots. Starr HW DO (1998) compared the
weathering rates in an integrated monitoring catchment in Finland, dominated by glacifluvial
sand, using the Zr depletion method, the total Ca and Mg content correlation method and the
PROFILE model. Results for the sum of Ca and Mg weathering appeared to be in the same
order of magnitude and varied between 130 and 280 molc.ha-1.yr-1.
Data on the total cation contents are, however, mostly not available for the plots. Consequently,
base cation weathering rates for the root zone were derived by a relationship with parent
material class and texture class (either available or derived from soil type information), as
described in Table 3.8. The estimates thus derived were updated on the basis of either the
measured annual average temperature in the considered period 1995-1998 or interpolated annual
average values for the 10-year period 1985-1995, using a procedure described in De Vries HWDO
(1994a). The weathering rates for sandy textures are in the range given by Starr HWDO (1998).
Table 3.8 :HDWKHULQJ UDWHV XVHG IRU WKH YDULRXV FRPELQDWLRQV RI SDUHQW PDWHULDO FODVV DQG

WH[WXUHFODVV LQGLFDWHGE\HWF WKDWRFFXUEHORZIRUHVWVIRUDURRW]RQHRI
FP

Parent material class

Weathering rate (molc.ha-1.yr-1)

1
1/2
1/3
2
2/3
3
Acidic1)
125
375
625
875
Intermediate2)
375
625
875
875
1125
1375
Alkaline3)
375
625
1125
1375
1)
Acidic: sand (stone), gravel, granite, quartzite, gneiss (schist, shale, greywacke, glacial till). Schist, shale,
greywacke and glacial till are put in brackets since soil types containing these parent materials can be converted to
the acidic or intermediate parent material class, depending on the other parent materials available.
2)
Intermediate: gronodiorite, loess, fluvial and marine sediment (schist, shale, greywacke, glacial till)
3)
Alkaline: gabbro, basalt, dolomite, volcanic deposits.

%DVHFDWLRQXSWDNH
As with nitrogen, net base cation uptake was calculated at each site by multiplying the estimated
long-term annual average growth rate of stems with the density and the base cation content in
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stems. For the derivation of those data we refer to Section 3.2.3.2, where the derivation of the
net uptake of nitrogen is presented. Data on the base cation contents in stemwood are also
presented in Table 3.5 in this section.

&ULWLFDODFLGLW\OHDFKLQJ
The critical acidity leaching rate was calculated by multiplying the precipitation excess by a
critical acidity, related to the stand still principle (no change in base saturation or readily available
aluminium) or the effect based principle (a critical Al concentration or Al/(Ca+Mg+K ratio), as
described above in Section 3.2.4.2. The precipitation excess was calculated with the WATBAL
model (see Section 3.2.3.3).

3UHVHQWGHSRVLWLRQWKUHVKROGV
For the assessment of present threshold depositions, use was made of the results of input output
budgets for 121 Intensive monitoring plots to get BC leaching and Al leaching. In the ultimate
equation used, the climatic region, stand age, altitude and the base saturation in the mineral
subsoil appeared to be significant factors in the assessment of the Al leaching rate. The
coefficient relating Al leaching to N and S deposition, while accounting for the other factors
described before, was equal to 0.3804. The value of PDT(S+N) was then calculated with Eq.
3.37 according to the procedure described above.
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4.

RESULTS

In this chapter an overview is given of the different results obtained in this project. First the
depositions at the different sites are presented in Section 4.1, after which the critical loads and
their exceedances are shown in Section 4.2.

4.1

Deposition

As was already mentioned in the previous chapter, a distinction was made between the
depositions at the Intensive Monitoring and Level I sites. These depositions will also be treated
separately in this chapter. Besides a description of the calculated depositions at these sites, the
results of the comparison between modelled and measured fluxes at a set of Intensive
Monitoring sites will also be presented.

4.1.1 Deposition at Intensive Monitoring sites
4.1.1.1 Sulphur and nitrogen compounds
Figure 4.1 shows the spatial distribution of the deposition of respectively SOx, NOy, NHx, Total
acid and Total nitrogen as an average value per sites for the period 1993-2001. Table 4.1 gives
an overview of the annual average values of the depositions of the different compounds for the
period 1993-2001, while Figure 4.2 shows the cumulative distribution of the average deposition
(1993-2001) over the different Intensive Monitoring sites.
In general, high depositions of SOx occur in central Europe (Figure 4.1), with maximum values
of up to 4100 molc.ha-1.yr-1 (average over the period 1993-2001) in southern Poland. For NOy
the highest depositions also occur in central Europe. However, here the maximum values are
much lower (1100 eq.ha-1.yr-1 as an average). The spatial distribution of the NHx deposition
clearly shows the main agricultural areas in the different regions (Netherlands, Belgium, parts of
Germany and France). The maximum values for the average depositions (1993-2001) can go up
to 4550 molc.ha-1.yr-1, while the average deposition for this period is about 1000 molc.ha-1.yr-1.
The deposition of Potential Acid is partly dominated by the deposition of NHx (e.g. Netherlands,
Belgium), but there are also regions (e.g. Poland) where this deposition mainly consists of SOx
deposition. Of the different compounds, only SOx and Potential Acid show a clear downward
trend (see Table 4.1). For the nitrogen compounds, however, no clear trend was found for the
period 1993-2001.
Table 4.1 $YHUDJH GHSRVLWLRQV LQ PROFKD\U  RI 62[ 12\ 1+[ 3RWHQWLDO $FLG DQG 7RWDO
1LWURJHQIRUWKHSHULRG

1993
1994
1995
1996
1997
1998
1999
2000
2001

ECN-C--04-117

SOx

NOy

NHx

Pot. Acid

Total N

1280
1260
1210
1210
1080
1140
1100
1050
1020

390
390
380
380
370
380
370
370
370

1020
980
970
1010
990
1010
1000
980
980

2690
2630
2570
2610
2430
2520
2470
2410
2370

1410
1370
1360
1390
1360
1380
1370
1360
1350
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3RWHQWLDO$FLG

7RWDO1LWURJHQ

Figure 4.1 6SDWLDO GLVWULEXWLRQ RI WKH DYHUDJH GHSRVLWLRQ SHU ,QWHQVLYH 0RQLWRULQJ VLWH LQ




PROFKD \U  RI 62[ 12\ 1+[ 3RWHQWLDO $FLG DQG 7RWDO 1LWURJHQ IRU WKH SHULRG


As was also shown in Figure 4.2, large differences in deposition occur at the Intensive
Monitoring sites in Europe (Figure 4.2). While the average Potential Acid deposition is about
2500 molc.ha-1.yr-1 (Table 4.1), the maximum value can go up to about 4700 molc.ha-1.yr-1. The
same is true for Total Nitrogen with an average deposition of about 1400 molc.ha-1.yr-1 and a
maximum value of about 2600 molc.ha-1.yr-1.
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Figure 4.2 &XPXODWLYH 'LVWULEXWLRQ )XQFWLRQ RI WKH DYHUDJH GHSRVLWLRQ SHU ,QWHQVLYH




0RQLWRULQJ VLWH LQ PROFKD \U  RI 62[ 12\ 1+[ 3RWHQWLDO $FLG DQG 7RWDO
1LWURJHQLQWKHSHULRG

4.1.1.2 Base Cations
For the base cations only 4 years of deposition data are available. This is due to the lack of
sufficient data available for the calculation procedure (see Section 2.1.4). Furthermore, it should
be noted that two different procedures were used to calculate the deposition at the different
Intensive Monitoring sites. For the sites where the necessary measurement information was
available, the dry deposition of base cations was calculated by means of the approach described
in Section 2.1.4. For the remaining sites the approach described in Section 2.4.1 was followed.
Figure 4.3 shows the spatial distribution of the deposition of Ca, Mg, K, Na and base cations
(Ca+Mg+K) as an average value per site for the period 1997-2000. Table 4.2 gives an overview
of the annual average values of these depositions, while Figure 4.4 shows the cumulative
distribution of the average deposition (1997-2001) over the different Intensive Monitoring sites.
The depositions of base cations, shown in the following figures, were not corrected for the seasalt contribution to the overall deposition. The spatial distribution of the base cation depositions
shows high values in Poland. This is mainly caused by high depositions of calcium in this
ECN-C--04-117
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region. For magnesium, high depositions also occur in Ireland, while for potassium high
deposition were calculated for some regions in Belgium and Spain. The sodium deposition
shows a clear gradient, where the highest depositions are found close to the sea.
There is no clear deposition trend in the period 1997-2000 for the different components (Table
4.2). As was already clear from Figure 4.3, large differences in deposition occur at the Intensive
Monitoring sites in Europe. This can also be seen in Figure 4.4, where CDF’s show the
distribution of the depositions over the different Intensive Monitoring sites in Europe. An
example is the deposition of Calcium. While the average calcium deposition over the period
1997-2001 is about 880 eq.ha-1.yr-1, the maximum value can be as high as 11000 molc.ha-1.yr-1
(average for 1997-2001). However, from the 95th-percentile of the Ca deposition (about 2200
molc.ha-1.yr-1) it is clear that these high values only occur at a limited number of Intensive
Monitoring sites.
Table 4.2 $YHUDJH GHSRVLWLRQV LQ PROFKD\U  RI &D 0J . 1D DQG EDVH FDWLRQV %&  IRU
WKHSHULRGIRUDOO,QWHQVLYH0RQLWRULQJVLWHV

1997
1998
1999
2000

72

Ca

Mg

K

Na

BC

930
820
850
890

530
470
440
490

170
210
210
210

1190
1200
1230
1180

1640
1510
1500
1600
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Figure 4.3 6SDWLDO GLVWULEXWLRQ RI WKH DYHUDJH GHSRVLWLRQ SHU ,QWHQVLYH 0RQLWRULQJ VLWH LQ




PROFKD \U RI&D0J.%DVH&DWLRQV &D0J. DQG1DIRUWKHSHULRG
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Figure 4.4 &XPXODWLYH 'LVWULEXWLRQ )XQFWLRQ RI WKH DYHUDJH GHSRVLWLRQ SHU ,QWHQVLYH




0RQLWRULQJVLWH LQPROFKD \U IRU&D0J.EDVHFDWLRQV &D0J. DQG1D
LQWKHSHULRG

4.1.1.3 Comparison modelled/measured fluxes
The quality of the modelling and mapping results is judged by independent canopy budget
model (CBM) calculation estimates, which are based upon deposition measurements. CBM’s
are commonly used to estimate dry and total deposition fluxes from long-term open field bulk
deposition, stemflow and throughfall measurements at certain forest stand monitoring points. A
more detailed description of the CBM method can be found in Section 2.3. Here, a comparison
was made between mapped total deposition (dry+wet deposition) and site-specific total
deposition derived from measured throughfall and precipitation measurements using the CBM
at the different measurement plots.
The comparison between the modelled and the measured fluxes was only performed for those
Intensive Monitoring sites at which both bulk precipitation and throughfall measurement data
were available for the different relevant components at a certain year in the period 1993-2001.
Figure 4.5 gives an overview of these sites, included in the comparison. Table 4.3 shows the
number of sites for which measurement data were available in the period 1993-2001. It is clear
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from the table that from 1996 and onward there are more data available than for the previous
years.

Figure 4.5 6SDWLDOGLVWULEXWLRQRIWKH,QWHQVLYH0RQLWRULQJVLWHVLQFOXGHGLQWKHFRPSDULVRQ

Table 4.3 1XPEHU RI ,QWHQVLYH 0RQLWRULQJ SORWV ZLWK DYDLODEOH PHDVXUHPHQW GDWD LQ WKH
SHULRG

Year

Number of sites

1993
1994
1995
1996
1997
1998
1999
2000
2001

32
35
74
221
260
288
291
296
279

&RPSDULVRQRIPHDVXUHGDQGPRGHOOHGIOX[HVIRU61FRPSRXQGV
Figure 4.6 shows the comparison for the different Intensive Monitoring sites mentioned in Table
4.3. The figure shows the calculated depositions for all available data in the period 1999-2001
for respectively SOx, NOy and NHx. This specific period was used, because the comparison for
earlier years gave bad results. Further investigation showed that this was mainly due to the
quality of the measurement data. Therefore, the data for the period 1993-1998 was dropped
from the comparison.
For NOy IDEM gives lower depositions than the CBM method, while for NHx and (to a lesser
extent) for SOx it gives higher depositions. The reasons for the discrepancies between the
modelled and measured depositions can be different for the respective compounds. A possible
explanation for the overestimation of the dry deposition to forest sites is that air concentrations
above forests are systematically lower than regional averages (or 0.5x0.5 degrees grid
averages), because of the systematically higher dry deposition velocities for forests. Another
reason for low concentrations might be that forest sites are systematically found at a larger
distance from emission sources than other sites, also resulting in lower air concentrations.
Also, the quality of the measurements at the different sites can be a source for the discrepancies
between modelled and measured fluxes. Bleeker HWDO. (2003) showed that different measuring
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methods and chemical analysis techniques can be a large error source when comparing
deposition results from different countries. This will therefore also influence the comparison
between measured and modelled depositions to a large degree.
Another error source is related to the CBM calculation method. Draaijers HWDO (1998) reported
a deviation from the average canopy exchange rates for different components of 50-200% for
their measuring site Speulder Forest. This deviation was estimated by using several experiments
in combination with model calculations. These differences in canopy exchange rates will have
an immediate effect on the overall fluxes, calculated by means of a CBM.
However, considering all the different sources for uncertainties in the actual deposition
calculations (both IDEM and CBM), the comparison shows reasonable good results with
correlation coefficients of 0.75, 0.81 and 0.72 for respectively SOx, NOy and NHx. Because the
data used for calculating the depositions at the Level I sites (see Section 2.1.3.2) is the same as
used for this comparison, it may be expected that such a comparison at Level I sites would give
similar results as shown here. Such a comparison is, however, not possible due to lacking
measurement data at the Level I sites.

62[

12\

1+[

Figure 4.6 &RPSDULVRQ EHWZHHQ PRGHOOHG ,'(0  DQG PHDVXUHG &%0  GHSRVLWLRQV RI 62[
12\DQG1+[$OVRLQFOXGHGLQWKHILJXUHVDUHDDQGDUHJUHVVLRQOLQH

&RPSDULVRQRIPHDVXUHGDQGPRGHOOHGIOX[HVIRUEDVHFDWLRQV
To a large extent, the same arguments as mentioned in the previous section holds for the base
cations. The same reasons for discrepancies between model calculations and measurements
apply here. However, in the case of the base cation calculations there is a big difference with the
calculation of the acidifying compounds. These deposition calculations are based on measured
precipitation concentrations for the different components. These concentrations were converted
to air concentrations according to the procedure described in Section 2.1.4. Because of the use
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of these concentrations, the comparison between modelled and measured depositions, shown in
Figure 4.7, is good. For all four components the correlation coefficient is more then about 70%.
Although the comparison is good, some differences still remain. Reasons for these differences
can be (see also Section 2.1.4):
• the deposition velocity is based on a parameterisation developed using the Speulder Forest
(Netherlands) only; other regions may show different parameterisation (mainly due to
different MMD’s),
• for the contribution of dry deposition to bulk precipitation measurements an average factor
is used; using more specific factors will lead to different contributions.

&D

0J

.

1D

Figure 4.7 &RPSDULVRQ EHWZHHQ PRGHOOHG ,'(0  DQG PHDVXUHG &%0  GHSRVLWLRQV RI &D
0J.DQG1D$OVRLQFOXGHGLQWKHILJXUHVDUHDDQGDUHJUHVVLRQOLQH

4.1.2 Deposition at Level I sites
4.1.2.1 Sulphur and nitrogen compounds
The deposition of the sulphur and nitrogen compounds at the Level I sites is calculated by using
IDEM results in combination with calculated wet deposition data (Section 2.1.3 and 2.2.2). The
spatial distribution of SOx, NOy, NHx, Potential Acid and Total Nitrogen is shown in Figure 4.8.
As with the depositions at the Intensive Monitoring sites, high depositions of SOx mainly occur
in central Europe (Figure 4.8), with maximum values of up to 4900 molc.ha-1.yr-1 (average over
the period 1993-2001) in southern Poland. High depositions of SOx also occur in Romania and
Bulgaria. With values going up to about 1100 molc.ha-1.yr-1 (average 1993-2001), the highest
depositions for NOy are also found in central Europe.
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The spatial distribution of the NHx deposition clearly shows the main agricultural areas in the
different regions (Netherlands, Belgium, parts of Germany and France). The maximum values
for the average depositions (1993-2001) can go up to about 5000 molc.ha-1.yr-1, while the
average deposition for this period is about 750 molc.ha-1.yr-1. The deposition of Potential Acid is
partly dominated by the deposition of NHx (e.g. Netherlands, Belgium), but there are also
regions (e.g. Poland) where this deposition mainly consists of SOx deposition.
Only the deposition of SOx shows a clear downward trend (Table 4.4), while the nitrogen
compounds show no clear changes in the period 1993-2003. As a result of that, the deposition of
Potential Acid has decreased about 16 % from 1993 to 2003.
Table 4.4 $YHUDJH GHSRVLWLRQV LQ PROFKD\U  RI 62[ 12\ 1+[ 3RWHQWLDO $FLG DQG 7RWDO
1LWURJHQIRUWKHSHULRGDWWKH/HYHO,VLWHV

1993
1994
1995
1996
1997
1998
1999
2000
2001

78

SOx

NOy

NHx

Pot. Acid

Total N

1130
1010
980
1000
830
930
900
850
820

330
320
320
320
300
320
310
310
310

790
740
740
790
700
780
770
750
750

2240
2070
2050
2110
1830
2030
1980
1910
1870

1120
1060
1060
1110
1000
1090
1080
1060
1050
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3RWHQWLDO$FLG

7RWDO1LWURJHQ

Figure 4.8 6SDWLDOGLVWULEXWLRQRIWKHDYHUDJHGHSRVLWLRQSHU/HYHO,VLWHV LQPROFKD\U RI
62[12\1+[3RWHQWLDO$FLGDQG7RWDO1LWURJHQIRUWKHSHULRG
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Figure 4.9 &XPXODWLYH 'LVWULEXWLRQ )XQFWLRQ RI WKH DYHUDJH GHSRVLWLRQ SHU /HYHO , VLWH LQ




PROFKD \U  RI 62[ 12\ 1+[ 3RWHQWLDO $FLG DQG 7RWDO 1LWURJHQ LQ WKH SHULRG


4.1.2.2 Base Cations
The deposition of the base cations is calculated according to the procedure described in Section
2.4.1. Like with the deposition on the Intensive Monitoring sites, the highest depositions occur
in Eastern Europe (Figure 4.8). For Ca and K, the highest values are found in Poland, while
Poland, Estonia and Lithuania receive the highest depositions for Mg. For Na, the highest values
occur near the sea-side, with a downward trend with increasing distance from the sea. Especially
for Ca it is clear from Figure 4.11 that the high values only occur at some places. The 95thpercentile of the Ca deposition on the Level I sites is about 1900 molc.ha-1.yr-1, while the
maximum value is 11000 molc.ha-1.yr-1 (average over the period 1997-2000)
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Figure 4.10 6SDWLDOGLVWULEXWLRQRIWKHDYHUDJHGHSRVLWLRQSHU/HYHO,VLWHV LQPROFKD\U RI
&D0J.%DVH&DWLRQV &D0J. DQG1DIRUWKHSHULRG

For the different components, no clear trend in the deposition can be found (Table 4.5). This is
partly due to the availability of only four years of data.
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Table 4.5 $YHUDJH GHSRVLWLRQV LQ PROFKD\U RI &D 0J .1DDQGEDVH FDWLRQV %F  IRU
WKHSHULRGIRUWKH/HYHO,VLWHV

1997
1998
1999
2000

Ca

Mg

K

Na

Bc

780
730
740
750

500
440
390
400

150
190
180
180

990
920
990
980

1440
1360
1310
1340

Figure 4.11 &XPXODWLYH 'LVWULEXWLRQ )XQFWLRQ RI WKH DYHUDJH GHSRVLWLRQ SHU /HYHO , VLWH LQ




PROFKD \U  IRU &D 0J . EDVH FDWLRQV &D0J.  DQG 1D LQ WKH SHULRG


4.2

Critical Loads and exceedances

A comparison of present element inputs from the atmosphere and critical loads give insight into
the sites that are potentially at risk. In this section we give such information, distinguishing
between critical loads based on a stand-still approach and an effect-based approach. It is
important to realise that the term critical load is generally limited to an effect-based approach
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only. An exceedance of a stand-still load only implies accumulation of nitrogen or net release of
base cations or aluminium from the soil system. Specifically in the case of nitrogen, an
exceedance may initially even be beneficial in N limited systems. It only indicates that the
system is in transition.

4.2.1 Critical nitrogen loads and their exceedances

&RPSDULVRQ RI DYHUDJH SUHVHQW ORDGV DQG FULWLFDO ORDGV IRU QLWURJHQ UHODWHG WR 1
DFFXPXODWLRQ


,QWHQVLYH0RQLWRULQJSORWV
Information on present loads, critical loads and the percentage of Intensive Monitoring plots
where critical loads for nitrogen are exceeded, based on the stand-still approach (no N
accumulation, by allowing only 0.02 molc.m-3 N in the leachate) while distinguishing between
the most important tree species in Europe, is given in Table 4.6. Values are given in
molc.ha 1.yr 1. Values in kg.ha-1.yr-1 can be derived by multiplying those results with a factor
14/1000.
Table 4.6 $YHUDJHSUHVHQWGHSRVLWLRQORDG 3'/ FULWLFDOORDGUHODWHGWRDFFXPXODWLRQRI1
LQ WKH SUHVHQW SULVWLQH VLWXDWLRQ &/  DQG SHUFHQWDJH RI SORWV H[FHHGLQJ D FULWLFDO
ORDG &/H[FHVV IRUQLWURJHQIRUDOO,QWHQVLYH0RQLWRULQJSORWV

Tree species Number of
sites
Pine
Spruce
Oak
Beech
Other
All

249
192
102
84
38
665

CL (molc.ha-1.yr-1) Plots with CL excess (%)
PDL
-1
-1
(molc.ha .yr )
Natural N leaching
Natural N leaching

1239
1298
1467
1532
1565
1347

387
575
615
758
675
540

96
85
96
95
92
92

The average present nitrogen load on the 665 plots was nearly 19 kg.ha-1.yr-1. The lowest loads
were found for pine, followed by spruce, reflecting their location in mostly low deposition
areas, such as Scandinavia.
Stand-still loads, which aim at no further net accumulation of nitrogen, were calculated by
using a natural N leaching rate, requiring that the N concentration in the soil solution in the
subsoil is as low as 0.02 molc.m-3 (approximately 0.3 mgN.l-1). Using this limits leads to a very
low N leaching rate from the system and consequently to low critical nitrogen N loads, which
ranged mostly between 2 and 14 kg.ha-1.yr-1 with an average near 8 kg.ha-1.yr-1. Values were
clearly lower for pine, with a lower N uptake, than for the other tree species. This critical N
load was exceeded at 93% of the plots (Table 4.6). The limit of 0.02 molc.m-3 has also been
suggested in literature in relation to possible impacts on the species composition of the ground
vegetation. It is however not correct to suggest that at 94% of the plots the composition of the
ground vegetation will change because of too high N inputs, since the calculated critical loads
are lower than empirical data, which vary mostly between 7 and 20 kg.ha-1.yr-1 with an average
near 14 kg.ha-1.yr-1.

/HYHO,SORWV
Table 4.7 lists the computed critical N loads for Level I plots using the stand still approach.
Critical loads vary between 3 and 15.4 kg.ha-1.yr-1 with an average of about 8 kg.ha-1.yr-1.
Results are thus comparable to the results for Intensive Monitoring plots. The table shows that
for about 80 % of the Level I plots, the critical N load is exceeded. The somewhat lower
percentage of pine and oak plots for which the critical load is exceeded in the Level I data set
is due to the fact that more plots with these species are located in low deposition areas as
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shown by the lower average deposition for these plots (e.g. 880 versus 1240 molc.ha.-1 for Pine
plots) and that for especially pine, critical loads are somewhat higher.
Table 4.7 $YHUDJHSUHVHQWGHSRVLWLRQORDG 3'/ FULWLFDOORDGUHODWHGWRDFFXPXODWLRQRI1
LQWKHSUHVHQWRUSULVWLQHVLWXDWLRQ &/ DQGSHUFHQWDJHRISORWVH[FHHGLQJDFULWLFDO
ORDG &/H[FHVV IRUQLWURJHQIRUWKH/HYHO,SORWV

Tree species Number of
sites
Pine
Spruce
Oak
Beech
Other
All

1020
747
594
326
529
3217

CL (molc.ha-1.yr-1) Plots with CL excess (%)
PDL
-1
-1
(molc.ha .yr ) Natural N leaching
Natural N leaching

879
1235
1038
1400
942
1054

450
539
620
723
670
566

80
83
83
92
63
80


&RPSDULVRQ RI DYHUDJH SUHVHQW ORDGV DQG FULWLFDO ORDGV IRU QLWURJHQ UHODWHG WR LPSDFWV RQ
JURXQGYHJHWDWLRQDQGWUHHV
,QWHQVLYH0RQLWRULQJSORWV
Information on effect-based critical loads and the percentage of Intensive Monitoring plots in
which present loads exceed those critical loads, distinguishing between the most important tree
species in Europe, is given in Table 4.8. A distinction is made between impacts on ground
vegetation and coniferous trees. The critical loads related to impacts on ground vegetation,
based on a critical N concentration limit of 0.2 molc.m-3 (approximately 3 mgN.l-1), lead to an
average critical load of 15 kg.ha-1.yr-1 and a median value of 13.4 kg.ha-1.yr-1. These loads are
exceeded at 63 % of the plots. This comparison shows that in the long term changes in plant
biodiversity are likely in large parts of the European forests if current N deposition persists.
Effect–based critical loads which aim at concentrations of nitrogen in the foliage below a
critical limit were only calculated for conifers, using a critical limit of 1.8 g.kg-1. Above this
limit, the risk for drought stress, frost, pest and diseases increases. Such limits are not known
for oak and beech and furthermore, the relation between N deposition and foliar N
concentration is not so clear for these deciduous trees. The critical load thus calculated was
near 12 kg.ha-1.yr-1 for pine and near 18 kg.ha-1.yr-1 for spruce. Critical loads for Pine are lower
than for spruce because of lower N uptake (due to slower growth) and, partly, also to lower N
leaching. These critical loads for N were exceeded at 60% of the plots with coniferous trees
(Table 4.8).
Table 4.8 $YHUDJH SUHVHQWGHSRVLWLRQ ORDG 3'/ FULWLFDO ORDG UHODWHG WR LPSDFWV RQJURXQG
YHJHWDWLRQ DQG WUHHV &/  DQG SHUFHQWDJH RI SORWV H[FHHGLQJ D FULWLFDO ORDG &/
H[FHVV IRUQLWURJHQ

Tree species

Pine

CL effect- based (molc.ha-1.yr-1)
Number of
PDL
sites
(molc.ha-1.yr-1) Ground vegetation1)
Trees 2)

249

1239

759

833

Plots with CL excess (%)
Ground vegetation1)

Trees 2)

73

69

Spruce
192
1298
1187
1309
51
47
Oak
102
1467
1309
62
Beech
84
1532
1437
58
Other
38 (32)
1565
1342
1368
60
54
All
665 (474)
1347
1086
1063
62
59
1)
Results based on an N leaching rate that is related to impacts on the species composition of the ground vegetation.
2)
Results based on an N leaching rate that is related to critical N concentrations in the foliage of conifers. This critical
load could thus not be calculated for oak and beech.

The results based on limits for tree impacts are in reasonable agreement with those presented in
De Vries HWDO. (2000a), who used a relationship found by Tietema & Beier (1995) between N
concentrations in foliage and N leaching rates for a number of intensively monitored plots
(NITREX sites). Applying the critical N concentration in this relationship leads to a critical N
84
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leaching rate of 20 kg.ha-1.yr-1 and critical loads that are slightly above this value. The results
are also comparable to empirical critical loads based on a relationship between atmospheric N
deposition and N content in foliage.


/HYHO,SORWV
Results for Level I plots are provided in Table 4.9. This table shows that, in general, critical
loads for ground vegetation and N content in needles vary between 14 and 20 kg.ha-1.yr-1 with
averages values of about 17 kg.ha-1.yr-1. These critical loads are exceeded at about 37 % of the
plots which is a lower percentage than for Intensive Monitoring plots. This is caused by the
somewhat higher critical loads and the fact that due to the distribution of plots over Europe, N
deposition at many of the Level I plots is lower that on Intensive Monitoring plots.
Table 4.9 $YHUDJH SUHVHQWGHSRVLWLRQ ORDG 3'/ FULWLFDO ORDG UHODWHG WR LPSDFWV RQJURXQG

YHJHWDWLRQDQGWUHHV &/ DQGSHUFHQWDJHRI/HYHO,SORWVH[FHHGLQJDFULWLFDOORDG
&/H[FHVV IRUQLWURJHQ

Tree species

Pine

CL effect- based (molc.ha-1.yr-1)
Number of
PDL
-1
-1
sites
(molc.ha .yr ) Ground vegetation1)
Trees 2)

1020

879

1001

Plots with CL excess (%)
Ground vegetation1)

Trees 2)

37

34

1111

Spruce
747
1235
1282
1429
40
36
Oak
594
1038
1311
31
Beech
326
1400
1444
55
Other
529
942
1413
1395
28
42
All
3217
1054
1237
1255
37
36
1)
Results based on an N leaching rate that is related to impacts on the species composition of the ground vegetation.
2)
Results based on an N leaching rate that is related to critical N concentrations in the foliage of conifers. This critical
load could thus not be calculated for oak and beech.


*HRJUDSKLFYDULDWLRQLQFULWLFDOQLWURJHQORDGVDQGWKHLUH[FHHGDQFHV
,QWHQVLYH0RQLWRULQJSORWV

The geographic variation in critical nitrogen loads related to nitrogen accumulation, assuming a
natural N leaching rate (acceptable N concentration in soil solution of 0.02 molc.m-3) and their
exceedances by present loads are presented in Figure 4.12. Results show that high critical
nitrogen loads (>1000 molc.ha-1.yr-1) only occur in Southern Europe, mainly due to high N
uptake, specifically by broadleaves. Critical nitrogen loads were calculated to be much smaller
in northern Europe, where the net uptake of N by trees is low. The geographic variation in the
exceedance of critical nitrogen loads is large. Highest exceedances in view of possible N
accumulation (acceptable N concentration in soil solution of 0.2 molc.m-3) do occur in Western
and Central Europe where present loads of nitrogen are generally high and critical loads are
relatively low. In the Nordic countries, the excess is generally less than 400 molc.ha-1.yr-1.
Figure 4.13 and Figure 4.14 present the geographic variation in critical nitrogen loads and their
exceedances related to impacts on ground vegetation and tree nutrition of conifers (acceptable N
concentration in needles is 1.8%), respectively. The results show that effect-based critical loads
are mainly exceeded in Central and Western Europe and hardly in Northern Europe. It should
also be kept in mind that this exceedance does not necessarily mean that critical N
concentrations or critical N contents in foliage are presently exceeded at those plots. It only
means that in the long term, in a steady-state situation, such an exceedance is likely to occur at
continuing present nitrogen loads.
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Excess load nutrient N

Critical load nutrient N

based on Ncrit in soil solution

based on Ncrit in soil solution

molc.ha-1.yr-1
< 400
400 - 800
800 - 1200
1200 - 1600
>= 1600

molc.ha-1.yr-1
No excess
< 400
400 - 800
800 - 1200
1200 - 1600
> 1600

Figure 4.12 *HRJUDSKLFDOYDULDWLRQRIFULWLFDOORDGV OHIW DQGFULWLFDOORDGH[FHHGDQFHV ULJKW 




IRU QLWURJHQ PROFKD \U  EDVHG RQ WKH VWDQGVWLOO DSSURDFK QR QLWURJHQ
DFFXPXODWLRQVWDUWLQJIURPDSULVWLQHVLWXDWLRQDVVXPLQJDQDWXUDO1FRQFHQWUDWLRQ

LQVRLOVROXWLRQRIPROFP 

Excess load nutrient N

Critical load nutrient N

based on Ncrit in soil solution

based on Ncrit in soil solution

molc.ha-1.yr-1
< 400
400 - 800
800 - 1200
1200 - 1600
>= 1600

molc.ha-1.yr-1
No excess
< 400
400 - 800
800 - 1200
1200 - 1600
> 1600

Figure 4.13 *HRJUDSKLFDOYDULDWLRQRIFULWLFDOORDGV OHIW DQGFULWLFDOORDGH[FHHGDQFHV ULJKW 




IRU QLWURJHQ PROFKD \U  XVLQJDQ HIIHFW±EDVHGDSSURDFK UHODWHG WR LPSDFWVRQ

JURXQGYHJHWDWLRQ DFFHSWDEOH1FRQFHQWUDWLRQLQVRLOVROXWLRQLVPROFP 
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Excess load nutrient N

Critical load nutrient N

based on Ncrit in needles

based on Ncrit in needles

molc.ha-1.yr-1

molc.ha-1.yr-1

No excess
< 400
400 - 800
800 - 1200
1200 - 1600
> 1600

< 400
400 - 800
800 - 1200
1200 - 1600
>= 1600

Figure 4.14 *HRJUDSKLFDO YDULDWLRQ RI FULWLFDO ORDGV WRS  DQG FULWLFDO ORDG H[FHHGDQFHV




ERWWRP  IRU QLWURJHQ PROFKD \U  XVLQJ DQ HIIHFW±EDVHG DSSURDFK UHODWHG WR
LPSDFWV RQ WUHH QXWULWLRQ RI FRQLIHUV DFFHSWDEOH 1 FRQFHQWUDWLRQ LQ QHHGOHV LV
 

/HYHO,SORWV
The geographic variation in critical nitrogen loads for Level I plots, assuming an acceptable N
concentration in the leachate of 0.02 molc.m-3 and their exceedances by present loads is
presented in Figure 4.15. Results show that high critical nitrogen loads (>1200 molc.ha-1.yr-1)
occur in Germany, Hungary and eastern France mainly due to high N uptake specifically by
broadleaves. High critical loads are also found in regions with a high precipitation surplus (and
thus a relatively high total N leaching) such as Ireland, parts of the UK and north-western Spain.
Critical nitrogen loads are much smaller (< 400 molc.ha-1.yr-1) in northern Europe, where the net
uptake of N by trees is low. Low critical loads are also found in central Spain where forest
growth is very slow (low uptake) and where hardly is any leaching of N due to the low
precipitation surplus. Highest exceedances in view of possible N accumulation with possible
effects on the ground vegetation composition (acceptable N concentration in soil solution of 0.2
molc.m-3) mainly occur in Central Europe where present loads of nitrogen are generally very
high. In the Nordic countries and most of Spain the excess is generally less than 400 molc.ha1
.yr-1. Figure 4.16 and Figure 4.17 present the, very similar, geographic variation in critical
nitrogen loads and their exceedances related to impacts on ground vegetation and tree nutrition
of conifers, respectively. Low critical loads are found in areas with slow growing trees such as
Northern Europe, Spain and parts of Central Europe. High critical loads can be found in areas
with a high forest productivity (e.g. Austria, Switzerland, parts of France) and areas with a high
precipitation surplus. The results show that effect-based critical loads are mainly exceeded in
areas with a high N deposition such as Germany, Czech Republic, Belgium, Denmark and the
Netherlands. Exceedances in Northern Europe, France Spain and south-eastern Europe are
mostly lower than 400 molc.ha-1.yr-1 (5.6 kg).
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Excess load nutrient N

Critical load nutrient N

based on Ncrit in soil solution

based on Ncrit in soil solution

molc.ha-1.yr-1

molc.ha-1.yr-1

No excess
< 400
400 - 800
800 - 1200
1200 - 1600
> 1600

< 300
300 - 600
600 - 900
900 - 1200
>= 1200

Figure 4.15 *HRJUDSKLFDOYDULDWLRQRIFULWLFDOORDGV OHIW DQGFULWLFDOORDGH[FHHGDQFHV ULJKW 




IRU QLWURJHQ PROFKD \U  EDVHG RQ WKH VWDQGVWLOO DSSURDFK QR QLWURJHQ
DFFXPXODWLRQVWDUWLQJIURPDSULVWLQHVLWXDWLRQDVVXPLQJDQDWXUDO1FRQFHQWUDWLRQ

LQVRLOVROXWLRQRIPROFP IRU/HYHO,SORWV



Excess load nutrient N

Critical load nutrient N

based on Ncrit in soil solution

based on Ncrit in soil solution

molc.ha-1.yr-1

molc.ha-1.yr-1

No excess
< 400
400 - 800
800 - 1200
1200 - 1600
> 1600

< 400
400 - 800
800 - 1200
1200 - 1600
>= 1600

Figure 4.16 *HRJUDSKLFDO YDULDWLRQ RI FULWLFDO ORDGV WRS  DQG FULWLFDO ORDG H[FHHGDQFHV




ERWWRP  IRU QLWURJHQ PROFKD \U  XVLQJ DQ HIIHFW±EDVHG DSSURDFK UHODWHG WR
LPSDFWV RQ JURXQG YHJHWDWLRQ DFFHSWDEOH 1 FRQFHQWUDWLRQ LQ VRLO VROXWLRQ LV 

PROFP IRU/HYHO,SORWV
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Excess load nutrient N

Critical load nutrient N

based on Ncrit in needles

based on Ncrit in needles

molc.ha-1.yr-1

molc.ha-1.yr-1

No excess
< 400
400 - 800
800 - 1200
1200 - 1600
> 1600

< 400
400 - 800
800 - 1200
1200 - 1600
>= 1600

Figure 4.17 *HRJUDSKLFDO YDULDWLRQ RI FULWLFDO ORDGV WRS  DQG FULWLFDO ORDG H[FHHGDQFHV




ERWWRP  IRU QLWURJHQ PROFKD \U  XVLQJ DQ HIIHFW±EDVHG DSSURDFK UHODWHG WR
LPSDFWV RQ WUHH QXWULWLRQ RI FRQLIHUV DFFHSWDEOH 1 FRQFHQWUDWLRQ LQ QHHGOHV LV
 IRU/HYHO,SORWV

4.2.2 Critical loads for sulphur and nitrogen and their exceedances

&RPSDULVRQRIDYHUDJHSUHVHQWORDGVDQGFULWLFDOORDGVUHODWHGWRLPSDFWVRQVRLO
,QWHQVLYH0RQLWRULQJSORWV
Information on present loads, stand-still loads and the percentage of plots exceeding critical
loads for acidity (S+N) for the Intensive Monitoring plots in Europe is given in Table 4.10.
Critical loads were calculated by requiring no further loss of exchangeable base cations in base
rich forests soil (loess, clay and peat soils) and no further loss of readily available aluminium in
base poor sandy forest soils (Stand-still principle).
Table 4.10 $YHUDJHSUHVHQWGHSRVLWLRQORDG 3'/ FULWLFDOORDGV &/ DQGSHUFHQWDJHRISORWV
H[FHHGLQJDFULWLFDOORDG &/H[FHVV IRU6DQG1UHODWHGWRLPSDFWVRQVRLO
Tree species Number of PDL(molc.ha-1.yr-1)
sites
Pine
Spruce
Oak
Beech
Other
All

247
184
93
73
33
630

CL stand-still (molc.ha-1.yr-1)

S

N

CLmaxS

CLminN

1151
966
996
930
923
1037

1241
1273
1488
1566
1506
1339

2015
1396
1273
1203
2513
1657

348
502
538
701
598
475

CL excess (%)

CLmaxN

S

N

2693
2387
2278
2166
3537
2525

63
64
67
84
60
66

62
62
66
83
57
65

The average present load for all plots was about 1040 molc.ha-1.yr-1 for sulphur and about 1340
molc.ha-1.yr-1 for nitrogen. Lowest N loads were found for pine, followed by spruce. For S there
is not much variation in deposition over the various tree groups. The stand-still maximum
critical S loads are on average approximately 1650 molc.ha-1.yr-1, and exceeded at approximately
66% of the plots. Maximum critical loads of nitrogen vary between 2200 and 2700 molc.ha-1.yr-1
with only a minor variation between the various species groups.
The highest percentage of exceedance is found for Beech as these are the plots with the lowest
critical loads. The results for exceedance in nitrogen are very similar to those of S; about 65% of
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the plots have a N deposition above critical load and plots with Beech are most frequently
exceeded.


/HYHO,
Critical loads based on the stand-still principle and exceedances thereof for Level I plots, are
given in Table 4.11. Critical loads could only be computed for plots with a measured base
saturation (for non sandy soils). This prerequisite reduces the number of plots to about 2000.
Results show that critical loads for S vary between 1400 and 1700 molc.ha-1.yr-1 and between
2200 and 3100 molc.ha-1.yr-1 for CLmaxN. These results are comparable to the results for
Intensive Monitoring plots. Deposition of especially S, however, is on average lower than for
the Intensive Monitoring plots. This indicates that the distribution of Level I plots over Europe
with respect to S deposition is different than for Intensive Monitoring plots: more plots
(espcially for Pine) are located in areas with a relatively low S and N deposition. As a
consequence, the percentage of plots with exceedance is much lower: about 37-38 % of the
plots.
Table 4.11 $YHUDJHSUHVHQWGHSRVLWLRQORDG 3'/ FULWLFDOORDGV &/ DQGSHUFHQWDJHRISORWV
H[FHHGLQJ D FULWLFDO ORDG &/ H[FHVV  IRU 6 DQG 1 UHODWHG WR LPSDFWV RQ VRLO IRU
/HYHO,SORWV
Tree species Number of
sites
Pine
Spruce
Oak
Beech
Other
All

725
616
264
138
328
2071

PDL(molc.ha-1.yr-1)

CL stand-still (molc.ha-1.yr-1)

S

N

CLmaxS

CLminN

690
1014
743
1432
684
842

903
1242
1163
1587
919
1085

1438
1599
1690
1687
1490
1543

361
448
605
740
552
473

ClmaxN

2210
2854
2749
3083
2503
2575

CL excess (%)
S

N

27
44
37
66
37
37

27
43
35
65
35
36


&RPSDULVRQRIDYHUDJHSUHVHQWORDGVDQGFULWLFDOORDGVIRUDFLGLW\UHODWHGWRLPSDFWVRQWUHHV


,QWHQVLYH0RQLWRULQJSORWV
Information on effect-based critical loads and the percentage of plots exceeding those critical
loads for acidity for the most important tree species in Europe is given in Table 4.12.
Table 4.12 $YHUDJHSUHVHQWGHSRVLWLRQORDG 3'/ FULWLFDOORDG &/ DQGSHUFHQWDJHRISORWV
H[FHHGLQJDFULWLFDOORDG &/H[FHVV IRUDFLGLW\UHODWHGWRLPSDFWVRQWUHHV
Tree species Number of
sites

Pine
Spruce
Oak
Beech
Other
All

249
192
102
84
38
665

PDL(molc.ha-1.yr-1)

CL stand-still (molc.ha-1.yr-1)

S

N

CLmaxS

ClminN

1146
969
997
907
941
1030

1239
1298
1467
1532
1565
1347

3924
2707
4911
4690
4501
3854

346
507
538
682
601
479

ClmaxN

4963
4198
7241
6512
6054
5349

CL excess (%)
S

N

31
31
17
17
36
27

30
31
17
17
36
27

The effect–based critical loads were calculated by aiming that ratios of toxic aluminium to base
cations in the soil solution stay below a critical limit of 0.8 for pine and spruce and 1.6 for oak
and beech. These critical acid loads are about twice as high as the stand-still loads. Values
ranged mostly between 2700 and 4700 molc.ha-1.yr-1 for S with an average near 3500
molc.ha-1.yr-1. For N maximum critical loads vary between 4200 and 7300 molc.ha-1.yr-1. Critical
S and N loads for spruce, which are more sensitive to aluminium, are clearly lower than for oak
and beech. Considering all plots, critical loads were exceeded at 31 % of the conifers plots and
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about 18 % of the broadleaved plots (both for S and for N) when impacts on tree roots are
considered. This is in line with measurements of aluminium to base cations ratios in the soil
solution and shows that impacts on forests are likely in a substantial part of the European
forests.
/HYHO,

Results for the Level I plots are provided in Table 4.13. Values for the maximum critical loads
for S vary between 3700 and 5700 molc.ha-1.yr-1. Lowest critical loads are again found for
conifers forests which are more sensitive for high aluminium/Bc ratio’s than broadleaved
forests. Exceedances occur at about 18 % of the plots mostly for conifers plots, these values are
lower than for Intensive Monitoring plots as a large number of Level I plots is located in areas
with limited N and S deposition (compare average deposition of S and N in Table 4.12 and
Table 4.13).
Table 4.13 $YHUDJH SUHVHQW GHSRVLWLRQ ORDG 3'/ FULWLFDO ORDG &/  DQG SHUFHQWDJH RI SORWV
H[FHHGLQJDFULWLFDOORDG &/H[FHVV IRUDFLGLW\UHODWHGWRLPSDFWVRQWUHHV

Tree species Number of
sites

Pine
Spruce
Oak
Beech
Other
All

1020
747
594
326
529
3217

PDL(molc.ha-1.yr-1)

CL stand-still (molc.ha-1.yr-1)

S

N

CLmaxS

ClminN

717
1003
833
1380
757
879

879
1235
1038
1400
942
1054

3686
3688
5669
5519
4305
4340

389
456
544
642
587
492

ClmaxN

5147
6070
7921
8147
6475
6396

CL excess (%)
S

N

16
20
14
28
12
17

16
20
13
28
12
17

*HRJUDSKLFYDULDWLRQLQFULWLFDODFLGORDGVDQGWKHLUH[FHHGDQFHV


,QWHQVLYH0RQLWRULQJSORWV
The results related to the stand-still approach (no further depletion of base cations or readily
available aluminium, Figure 4.18) show lowest critical loads in Scandinavia where soils are
poor and have a low weathering rate, which means that also the maximum allowable aluminium
leaching is low. Because the maximum critical load for N is strongly related to the maximum
critical load of S (cf Eq. 3.24), critical load patterns are very similar and will only be shown
once. Low critical loads are also found for poor sandy soils in the Netherlands and for plots in
Germany and France. Highest critical loads are found for soils with a high base cation
weathering that are e.g. found in southern Europe. For Poland, where poor sandy soils prevail,
critical loads are rather high due to the high base cation deposition for these plots. This,
however, may be partly due to difficulties in modelling base cation deposition in this region (cf
Section 4.1.1.3). Exceedances over maximum critical loads for S and N are found in most of
western and central Europe (Figure 4.19) where acid deposition is high. The highest
exceedances are found in the Netherlands where low critical loads and high depositions
coincide.
The geographic variation in critical loads and critical load exceedances for S related to impacts
on tree roots (acceptable molar aluminium to base cation ratio of 0.8 for conifers and 1.6 for
broadleaves) are shown in Figure 4.20. The results show that high critical acid loads (>3000
molc.ha-1.yr-1) mainly occur in Southern Europe due to high weathering rates and the more
preferent occurrence of broadleaves, which are less sensitive to acidification. High critical loads
also occur in regions with a high base cation deposition. Lowest critical loads are found for
conifers plots on poor sandy soils, which are mainly found in Scandinavia and parts of western
Europe. As with nitrogen, exceedances occur in Western and Central Europe and the Southern
part of Scandinavia where critical loads are low. In northern Scandinavia, acid deposition is so
low, that it does not exceed the low critical loads found in this region. It should be kept in mind,
that exceedance of these critical loads does not necessarily imply that critical Al/Bc ratios or Al
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concentrations are presently exceeded at those plots. It only means that in the long term, in a
steady-state situation, such an exceedance is likely to occur if present acid loads persist.

molc.ha-1.yr-1
< 600
600 - 1200
1200 - 1800
1800 - 2400
>= 2400

molc.ha-1.yr-1
< 600
600 - 1200
1200 - 1800
1800 - 2400
>= 2400

Figure 4.18 *HRJUDSKLFDOYDULDWLRQRIWKHPD[LPXPFULWLFDOORDG PROFKD\U IRU6 OHIW DQG
WKHPD[LPXPFULWLFDOORDGIRUQLWURJHQ ULJKW XVLQJDVWDQGVWLOODSSURDFKUHODWHG
WRVXVWDLQDEOHVRLOTXDOLW\IRU,QWHQVLYH0RQLWRULQJSORWV

molc.ha-1.yr-1
No excess
< 600
600 - 1200
1200 - 1800
1800-2400
> 2400

molc.ha-1.yr-1
No excess
< 600
600 - 1200
1200 - 1800
1800-2400
> 2400

Figure 4.19 *HRJUDSKLFDOYDULDWLRQRIWKHH[FHHGDQFHRIPD[LPXPFULWLFDOORDG PROFKD\U 
IRU 6 OHIW  DQG WKH PD[LPXP FULWLFDO ORDG IRU QLWURJHQ ULJKW  XVLQJ D VWDQGVWLOO
DSSURDFKUHODWHGWRVXVWDLQDEOHVRLOTXDOLW\IRU,QWHQVLYH0RQLWRULQJSORWV

92

ECN-C--04-117

molc.ha-1.yr-1
< 600
600 - 1200
1200 - 1800
1800 - 2400
>= 2400

molc.ha-1.yr-1
No excess
< 600
600 - 1200
1200 - 1800
1800-2400
> 2400

Figure 4.20 *HRJUDSKLFDOYDULDWLRQRIWKHPD[LPXPFULWLFDOORDG PROFKD\U IRU6 OHIW DQG
LWV H[FHHGDQFH ULJKW  XVLQJ D HIIHFW EDVHG DSSURDFK UHODWHG WR PDLQWDLQLQJ D
IDYRUDEOH$O%FUDWLRLQWKHVRLOVROXWLRQIRU,QWHQVLYH0RQLWRULQJSORWV

/HYHO,
Geographical patterns in critical loads aiming at sustainable soil quality for Level I plots and
exceedances thereof, are provided in Figure 4.21. Patterns in critical loads are similar to those of
Intensive Monitoring plots, but a large number of less vulnerable plots occurs in central Europe.
Areas with high critical loads are mainly confined to regions which rich soils (loamy and
clayey). The lowest critical loads are again found on poor sandy soils with low weathering rates.
Exceedances occur in western Europe (specifically in Germany, Denmark and The
Netherlands), and Central Europe (Czech Rebuplic and Slovakia), parts of France and southern
Scandinavia.

molc.ha-1.yr-1
< 600
600 - 1200
1200 - 1800
1800 - 2400
>= 2400

molc.ha-1.yr-1
No excess
< 600
600 - 1200
1200 - 1800
1800-2400
> 2400

Figure 4.21 *HRJUDSKLFDOYDULDWLRQRIWKHPD[LPXPFULWLFDOORDG PROFKD\U IRU6 OHIW DQG
LWV H[FHHGDQFH ULJKW  XVLQJ D VWDQGVWLOO DSSURDFK UHODWHG WR VXVWDLQDEOH VRLO
TXDOLW\IRU/HYHO,SORWV

Figure 4.22 shows the geographical pattern in critical loads related to tree vitality, aiming at a
favourable Al/Bc ratio in the soil solution. In general, these critical loads are higher that the
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critical loads for soil quality. Lowest critical loads occur on plots with poor soils and conifers
forest located in Scandinavia and western Europe and in very arid regions with low forest
growth on poor soils such as central Spain. Furthermore, low critical loads are found in Bulgaria
and Romania. Exceedances occur in western and central Europe where loads present loads are
high, in southern Scandinavia and in Eastern Europe.

molc.ha-1.yr-1
< 600
600 - 1200
1200 - 1800
1800 - 2400
>= 2400

molc.ha-1.yr-1
No excess
< 300
300 - 600
600 - 900
900-1200
> 1200

Figure 4.22 *HRJUDSKLFDOYDULDWLRQRIWKHPD[LPXPFULWLFDOORDG PROFKD\U IRU6 OHIW DQG
LWV H[FHHGDQFH ULJKW  XVLQJ D HIIHFW EDVHG DSSURDFK UHODWHG WR PDLQWDLQLQJ D
IDYRUDEOH$O%FUDWLRLQWKHVRLOVROXWLRQIRU/HYHO,SORWV

4.2.3 Present deposition thresholds for nitrogen and acidity and their exceedances
Calculated present deposition thresholds (PDT) for nitrogen and acidity often strongly deviated
from the long-term critical loads (CL). In plots where the present concentrations of e.g. N and
Al in soil solution exceeded the critical limits, PDT was lower than CL and often became
negative (it is impossible to attain a critical limit within one year starting with the present high
Al or N concentration). At plots with the present Al or N concentrations below critical limits,
the PDT was generally much larger than the CL. Negative values were quite often encountered
for the PDT of acidity, implying that the critical limit can only be attained by liming if one
wants to attain the critical limit in a one-year period. Inversely, extreme high values for PDT
acidity were found for well-buffered soil, where the pool of exchangeable base cations
prevents soil acidification. Even though this aspect was already partly accounted for by only
including acidic plots, extremely high values were sometimes calculated. Such values are not
useful as they would aim at a forced acidification to attain the critical value for a criterion in
ecosystems that have a low acidification status. For such systems, the critical load is much
more useful. In policymaking, the term target load (TL) is also used in which a longer time
period is defined, e.g. 20, 50 or 100 years. Also for these target loads, the general principle
holds that TL is lower than CL if the present concentrations exceed critical limits, but the
differences are much less extreme than those between PDT and CL.
Considering the aspects above, the presentation of mean values for PDT’s was considered
irrelevant. Instead we only present the geographic patterns of PDT’s and their excesses,
focusing on the ground vegetation by using the critical N leaching of 0.2 molc.m-3 and the
Al/Bc ratio in the soil solution as critical limits. These patterns do give an indication where
forests are presently at risk in view of high atmospheric loads. The relation of N leaching to N
deposition was established through regression analysis (cf. Eq. 3.10) and also includes C/N
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ratio of the topsoil and cumulative historic N deposition over the period 1960-1995 (both
‘measures’ for the N-saturation of the ecosystem) as predicting factors.

1HYHUWKHOHVV UHVXOWV VKRXOG EH LQWHUSUHWHG ZLWK FDUH DV WKH FRPSXWHG 3'7¶V VWURQJO\
GHSHQGRQWKHZHDNVWDWLVWLFDOUHODWLRQVKLSVEHWZHHQVRLOVROXWLRQFRQFHQWUDWLRQVRI1DQG
$O DQG GHSRVLWLRQ DQG HQYLURQPHQWDO IDFWRUV 6LQFH WKHVH UHODWLRQVKLSV DUH ZHDN
SUHGLFWLRQVDUHXQFHUWDLQHVSHFLDOO\IRUDFLGLW\.
Several statistical procedures were followed to relate N, Al and Bc leaching to site- and
environmental factors. However, the percentage of explained variance normally varied between
only 35-50 percent. This means that with the current data set (Intensive Monitoring plots with
soil solution- and deposition data) no reliable regression function can be derived to predict
leaching of N, Al or Bc. This strongly hampers the computation of PDT's for plots without soil
solution data. Even for plots with soil solution data, applying the relationships to estimate
leaching leads sometimes to extreme values for the PDT's. Another approach to get more insight
in current thresholds and 'target loads' is to perform dynamic modeling. Dynamic models follow
a process-oriented approach and seem to be more fit to describe current leaching than statistical
methods. Dynamic modelling of soil solution concentrations and leaching for Intensive
Monitoring plots is described in Appendix A.

*HRJUDSKLFYDULDWLRQLQSUHVHQWGHSRVLWLRQWKUHVKROGVIRUQLWURJHQDQGWKHLUH[FHHGDQFHV
,QWHQVLYH0RQLWRULQJSORWV
Figure 4.23 presents the PDT’s related to ground vegetation impacts, in terms of elevated N
concentrations in soil solution, and their exceedances by present loads. A comparison of the
results with those obtained for critical loads shows that the present deposition thresholds are
generally much larger than the steady-state critical loads, which might indicate that there is
currently still immobilisation of the incoming nitrogen. This is in accordance with results from
budget studies at Intensive Monitoring plots (De Vries HW DO., 2001). Consequently, the
exceedance of the PDT’s is much lower than the exceedance of critical loads (compare Figure
4.23 and Figure 4.16). The lowest PDT’s for N are found in areas with low N retention (areas
with poor soils such as Poland and parts of e.g. Germany and Scandinavia). The highest values
occur in areas with rich soils and areas with high precipitations surpluses such as the UK and
Ireland and north-western Spain.

eq.ha-1.yr-1
< 1000
1000 - 2000
2000 - 3000
3000 - 4000
>= 4000

No excess
< 400
400 - 800
800 - 1200
>1200

Figure 4.23 *HRJUDSKLFDOYDULDWLRQRIWKHSUHVHQWGHSRVLWLRQWKUHVKROG 3'7 RIQLWURJHQ OHIW 
DQG LWV H[FHHGDQFH IRU ,QWHQVLYH 0RQLWRULQJ SORWV XVLQJ D HIIHFW EDVHG DSSURDFK

UHODWHGWRPDLQWDLQLQJD1FRQFHQWUDWLRQLQVRLOVROXWLRQRIOHVVWKDQPROFP 
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/HYHO,SORWV
The results for Level I plots are presented in Figure 4.24. The geographical pattern is strongly
dominated by the pattern of the precipitation surplus. The highest values thus occur in areas
with a high precipitations surplus such as the UK and Ireland, southern Norway and northwestern Spain. The lowest PDT’s are found in areas with low precipitation surplus (like central
Spain) and areas with soils that have a very low N retention. Exceedances occur in areas with
low PDT’s that coincide with a high N deposition, mainly located in Germany, The Czech
republic and The Netherlands.

eq.ha-1.yr-1
< 1000
1000 - 2000
2000 - 3000
3000 - 4000
>= 4000

No excess
< 400
400 - 800
800 - 1200
>1200

Figure 4.24*HRJUDSKLFDOYDULDWLRQRIWKHSUHVHQWGHSRVLWLRQWKUHVKROG 3'7 RIQLWURJHQ OHIW 
DQG LWV H[FHHGDQFH IRU /HYHO , SORWV XVLQJ D HIIHFW EDVHG DSSURDFK UHODWHG WR

PDLQWDLQLQJD1FRQFHQWUDWLRQLQVRLOVROXWLRQRIOHVVWKDQPROFP 

6HQVLWLYLW\
To show the sensitivity of the present deposition threshold concept to the criterion used, Figure
4.25 shows the present deposition threshold of N and its exceedance for Intensive Monitoring
plots, using a natural N concentration of 0.02 molc.m-3 (as was also used as a stand-still critical
load criterion).
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eq.ha-1.yr-1
< 1000
1000 - 2000
2000 - 3000
3000 - 4000
>= 4000

No excess
< 400
400 - 800
800 - 1200
>1200

Figure 4.25*HRJUDSKLFDOYDULDWLRQRIWKHSUHVHQWGHSRVLWLRQWKUHVKROG 3'7 RIQLWURJHQ OHIW 

DQG LWV H[FHHGDQFH IRU /HYHO , SORWV XVLQJ D HIIHFW EDVHG DSSURDFK UHODWHG WR

PDLQWDLQLQJD1FRQFHQWUDWLRQLQVRLOVROXWLRQRIOHVVWKDQPROFP 

As expected, PDT’s are much lower with this lower criterion, and exceedances now occur in
large parts of Europe. Nevertheless, the exceedance is lower than for the FULWLFDOORDGV based on
the same criterion, again showing that there is currently still buffering of incoming N above the
long-term immobilisation.

*HRJUDSKLFYDULDWLRQLQSUHVHQWGHSRVLWLRQWKUHVKROGVIRUDFLGLW\DQGWKHLUH[FHHGDQFHV
,QWHQVLYH0RQLWRULQJSORWV
Figure 4.26 presents the PDT’s related to tree root impacts, in terms of elevated dissolved Al/Bc
ratios, and their exceedances by present loads. Unlike nitrogen, the PDT’s for acidity related to
those criteria were generally lower than the CL values. Consequently, the area exceeding the
critical loads was higher. One has to consider, however, that the results were limited to 84
Intensive Monitoring plots with low pH or elevated Al leaching values only. %HFDXVHRIWKLV

OLPLWDWLRQUHVXOWVIRU/HYHO,SORWVDUHQRWJLYHQDVQRVRLOVROXWLRQGDWDDUHDYDLODEOHIRU
WKHVH SORWV For all other plots, the present deposition is certainly lower than the present

deposition threshold. In Finland for example, no calculations were made considering this
prerequisite. Even when one considers this aspect, it nevertheless implies that the present
situation may be even worse than the steady state situation which is most likely due to net
release of sulphur in many plots with previous high sulphur inputs (see the previous Technical
Report; De Vries HW DO., 2001). The relatively large exceedance of critical Al/Bc ratios, up to
46%, was also presented in previous reports (De Vries HW DO, 2000b), being higher than the
calculated percentage of plots exceeding long-term critical loads (33%). The results confirm the
present non steady state situation for nitrogen in terms of N accumulation and for acidity in
terms of acidity (sulphur) release.
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PDT(Acidity)

molc.ha-1.yr-1
< 400
400 - 800
800 - 1200
1200 - 1600
>= 1600

Excess PDT(Acidity)

molc.ha-1.yr-1
No excess
0 - 400
400 - 800
800 - 1200
> 1200

Figure 4.26*HRJUDSKLFDOYDULDWLRQRIWKHSUHVHQWGHSRVLWLRQWKUHVKROG 3'7 RIQLWURJHQ OHIW 
DQG LWV H[FHHGDQFH IRU ,QWHQVLYH 0RQLWRULQJ SORWV XVLQJ D HIIHFW EDVHG DSSURDFK
UHODWHGWRWUHHURRWLPSDFWVLQWHUPRIHOHYDWHGGLVVROYHG$O%FUDWLRV
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5.

DISCUSSION AND CONCLUSIONS

5.1

Discussion

The results presented in the previous chapters are based on a combination of measurements and
model calculations. In order to put these results in more perspective, the main components used
in this project (i.e. depositions and critical loads) are discussed in terms of their uncertainties.
These uncertainties relate, for instance, to the models that were used and their input data, but
also to the measurements at the Intensive Monitoring and Level I plots. In the following
sections, these uncertainties are discussed for respectively depositions and critical loads. In
Section 5.2 conclusions will be presented, based on the results of the calculation results
presented in this report.

5.1.1 Uncertainties in depositions
The uncertainties in the model calculations by means of the IDEM model are a combination of
uncertainties in dry and wet deposition. The wet deposition estimates used in this study are
taken from the DEHM model (see also Section 2.2.2). A more detailed description of the
different uncertainties involved in these estimates can be found in e.g. Frohn HWDO (2003). Some
items that may influence the overall uncertainty in wet deposition estimates are also mentioned
below, when describing the uncertainties in the base cation deposition calculations.
The uncertainty in the dry deposition estimates is determined by the uncertainty in dry
deposition velocities and in ambient air concentrations. Below, a distinction is made between
sulphur and nitrogen compounds on one hand, and base cations on the other hand. For both, the
uncertainty in the deposition velocity is described briefly. The ambient air concentrations are
taken from the DEHM model. The interested reader can refer to literature describing that model
for further information about the uncertainties in the air concentrations (e.g. Geel HW DO., 2003,
2004; Frohn HW DO., 2003). The last part of this section describes the uncertainties in the total
deposition estimates.

6XOSKXUDQGQLWURJHQFRPSRXQGV
The uncertainty in the dry deposition velocities is mainly the result of using the simple
resistance formulation for a highly complex process, and, more specifically, the surface
resistance (Rc) parameterisations. Accurate Rc parameterisations are not available for all
vegetation species, surface types and conditions. The influence of surface wetness is e.g.
parameterised only very roughly. It is found to be one of the major factors influencing the
deposition process of soluble gases. The overall uncertainty in the surface resistance
parameterisation due to above-mentioned factors varies between 20% and 100%, and depends
on component and surface type (Van Pul HWDO., 1995).
The air concentration used in the calculations is assumed to be homogeneously distributed
within a grid cell of 0.5x0.5 degrees. This is not the case, especially in grid cells containing
industrialised areas or many scattered sources such as intensive animal husbandry farms and/or
roads. Van Pul HWDO. (1995) estimated the uncertainty in even smaller grid cells (1/6x1/6 degree)
to be 25% on average due to these concentration gradients.

%DVHFDWLRQV

Ruijgrok HW DO. (1994) assessed the uncertainty of the model on which the parameterisation of
the deposition velocity of base cations is based. The overall uncertainty in modeled deposition
velocities integrated over the size distribution representative for alkaline particles at the
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Speulder Forest was found to be equal to 60%. For other plots, additional uncertainty will arise
due to limited availability and accuracy for relevant meteorological parameters. The uncertainty
in deposition velocity caused by variation in size distribution of alkaline particles amounts 3050% per 50x50 km2 grid cell, assuming a MMD of 5 µm and taking a σg of 2-3 to represent the
variation (Ruijgrok HW DO., 1994). Draaijers HW DO. (1996) give an extensive description of the
uncertainty associated with dry deposition of base cations.
Uncertainty in the base cation air concentrations is introduced by uncertainties in the scavenging
ratios and precipitation data used to estimate the air concentrations. Theoretical models (Slinn,
1982) and field measurements (Kane HW DO, 1994) suggest that the scavenging efficiency
increases with particle diameter. Using the relationship between particle mass median diameter
and scavenging efficiency presented in Section 2.1.4, the uncertainty in estimated ambient air
concentrations caused by variation in size distribution was estimated to amount 50-100% per
50x50 km2 grid cell, assuming a MMD of 5 µm and taking a geometric standard deviation (σg)
of 2-3. Large sub-grid concentration gradients are likely to exist, especially when point sources
and/or many scattered sources such as agricultural fields and unpaved roads are present. Besides
in areas very close to or far away from major sources, large potential errors may arise in areas
where sufficient mixing has not occurred and/or areas with a strongly deviating precipitation
climatology. In the scavenging model the impact of particle solubility, precipitation amount,
precipitation rate, droplet accretion process and storm type is not taken into account (Draaijers
HWDO, 1996).
When considering the uncertainties in the wet deposition estimates, used as an input in the dry
deposition calculations (see Section 2.1.4), some main sources of uncertainty can be
distinguished (Van Leeuwen HWDO., 1995):
1. uncertainty associated with the measurements,
2. uncertainty associated with assumptions in the methods used and
3. uncertainty caused by the interpolation procedure.
The first source of uncertainty comprises measurement errors and other uncertainties associated
with the original data. This can be caused by errors in the field, when the samples are collected
and in the laboratory when the chemical composition of the samples is analysed (see also
Section 4.1.1.3, %OHHNHU HW DO., 2001). Furthermore, different chemical analytical methods may
be used by the laboratories in different countries to analyse the chemical composition of the
samples, hampering intercomparison between data.
The second uncertainty source comprises errors caused by assumptions in the methods used.
Major error sources might be (Van Leeuwen HWDO., 1995):
• representativeness of the sites,
• usage of long-term mean precipitation amounts instead of year-specifica data,
• seeder-feeder mechanism,
• problems in high rainfall areas,
• topography (altitude),
• not capturing snow in the precipitation samplers,
• derivation of correction factors for the contribution of dry deposition to bulk precipitation
samplers.
The uncertainty introduced the last source (correction factors) is a combination of the
uncertainty in the measurements, the derivation method itself and in the processes that regulate
the differences. The dependence of the wet-only to bulk ratio of sodium and chloride on the
distance to the coast shows that the most important process must be particle deposition. This
would mean that the highest uncertainty in bulk samplers will be in places where particle
concentrations are high. Previously, Buijsman (1989) reported that application of dry deposition
correction factors introduces 10-20% uncertainty in the Netherlands, depending on the location
of the station. Together with the uncertainties introduced by the other two sources, the total
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uncertainty was estimated to be 30%. However, by using average correction factors for the
whole of Europe, it is likely that this uncertainty may even be higher.
The third source of uncertainty is related to the interpolation procedure. The total uncertainty
introduced by this procedure was not examined in detail in this study. However, it is well known
that the interpolation procedure used here (IDW) tends to smoothen the spatial patterns.
Especially in the case of base cations, were the is a larger spatial variation in the concentration
than for acidifying compounds, this will result in a levelling of the spatial variability.
The comparison of the calculated base cation depositions with measured depositions at the
Intensive Monitoring sites showed a very good correlation. However, it should be noted here
that these calculated values are largely based on the same measurements that are compared with
at the end. This may well be a main reason for the good correlation between the modelled and
measured depositions.

7RWDOGHSRVLWLRQ
The uncertainty in regional and local scale deposition estimates strongly depends on the
pollution climate and on landscape complexity of the area/sites under study. Deposition
estimates yield higher uncertainty in areas built up by complex terrain (fog and cloud deposition
is neglected and seeder-feeder effects are not taken into account) and with strong horizontal
concentration gradients. The uncertainty in total deposition is determined by the uncertainty in
wet and dry deposition. By using error progagation methods and by assuming that uncertainties
in deposition velocities and air concentrations, mentioned before, represent random errors, the
total uncertainty in total deposition for a grid cell was estimated to amount 90-140% on average
(Draaijers HWDO., 1996). For individual sites the uncertainty will be higher, mainly due to the fact
that local conditions are difficult to adequately incorporate in the deposition calculations.
Relatively large uncertainty in total deposition will be found in mountainous and upland areas,
areas close to sources, ‘background’ areas and areas with extremely high or low average
ambient relative humidity. Additional errors in mountainous areas may arise due to ignoring the
contribution of fog and cloud water deposition to the total deposition.
It was already mentioned in Section 4.1.1.3 that large uncertainties are involved in the canopy
budget modelling approach also. Draaijers HW DO. (1998) reported a deviation from the average
canopy exchange rates for different components of 50-200% for their measuring site Speulder
Forest. Draaijers HW DO. (1996) estimated a total uncertainty in the atmospheric deposition,
derived from throughfall, stemflow and precipitation measurements, in combination with a
CBM, to be 30% for sulphur and 40% for nitrogen and cations. This number was provided
under the condition that the state-of-the-art measurements and analytical techniques are used in
combination with a sufficiently large number of replicate samplers. This uncertainty also has to
be taken into account when trying to interpret the differences between modelled and measured
fluxes.

5.1.2 Uncertainties in critical loads

/LPLWDWLRQVRIWKHVWHDG\VWDWHPRGHODSSURDFK
In this study, steady-state soil models were used to calculate critical loads because they are
simple and relatively easily applicable. This is also the case with empirical data but an empirical
approach can only be applied to derive critical N loads. A major drawback of steady-state
models, and even of simple dynamic soil models, is the neglection of biotic interactions. For
example, vegetation changes in heathlands are mainly triggered by a change in N cycling (N
mineralisation; Berendse HWDO., 1987). Neglecting biotic interactions also limits the derivation of
critical N loads related to forest damage. The derivation of critical loads based on a critical
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foliar N concentration is only possible with a steady-state soil model by using purely empirical
relationships between N concentrations in the plant and in the soil solution.
A disadvantage of using relatively complex integrated soil vegetation models as an alternative,
is that input data for their application is generally incomplete and values can only be roughly
estimated. Even if the model structure is correct (or at least adequately representing current
knowledge), the uncertainty in the output of complex models may still be large because of the
uncertainty of input data. Simpler empirical models have the advantage of a smaller need for
input data but the theoretical basis, that is needed to establish confidence in the predictions, is
small, which limits the application of such models for different situations. Therefore a trade-off
between model complexity (reliability) and applicability. The most relevant use of integrated
dynamic soil-vegetation models, including interactions of drought, acidification and
eutrophication on forests, and preferably also the effects of pests and diseases, is to check the
results of conventional methods. An overview of the advantages and disadvantages of the
various methods is given in Table 5.1.
Table 5.1

(YDOXDWLRQRIYDULRXVPHWKRGVIRUWKHDVVHVVPHQWRIFULWLFDOORDGV

Method

Advantage

Empirical data

Based on empirical relationships between
effects and atmospheric (N) deposition
Easily applicable

Disadvantage

Not applicable for acidity and metals (no clear
empirical relationship)
Other effects than acidification and
eutrophication may be involved
Steady-state soil Simple
No biotic interactions involved
Models
Easily applicable
Critical limits are uncertain
Integrated soilComprehensive description of the ecosystem Model complexity
vegetation models Important tool to assess target loads and
Not easily applicable for mapping
evaluate scenarios

8QFHUWDLQWLHVLQFULWLFDOOLPLWVPRGHOVWUXFWXUHDQGLQSXWGDWD
Uncertainties in critical loads derived by steady-state soil models are determined by the
uncertainty in critical limits, model structure and input data. A systematic overview of these
effects is given below.

8QFHUWDLQWLHVLQFULWLFDOOLPLWV

1LWURJHQThe choice of the critical N leaching rate strongly affects the critical deposition levels

of N. The natural N concentration in leachate of 0.02 molc.m-3 or 0.28 g.m-3, leading to N
leaching rates of approximately 0.5-2 kg.ha-1.yr-1 for precipitation excesses varying between
approximately 200 and 800 mm.yr-1 is only a proxy for the stand-still load. The value is based
on annual average natural nitrate concentrations in stream water. The occurrence of NH4 and
organic N in stream water is neglected in this context, implying that it is probably an
underestimate. Even when using natural rates, one has to be aware that there is considerable
temporal variation and hydrological events may strongly affect these average estimates.
Increased nitrate concentrations can occur in runoff outside the growing season, when
hydrological events such as storms and snowmelt are common and biological activity is low
(e.g. Mulder HW DO., 1997). Studies of the Gårdsjön catchment during the NITREX experiment
indicated that most N loss from the catchment occurred during a few episodes (Moldan &
Wright, 1998). During periods of high flow, runoff derived directly from precipitation or with
contact only with the topsoil can have relatively high nitrate concentrations (Hagedorn HW DO,
2001). High nitrate concentrations in stream water have also been observed after summer
drought (Lydersen, 1995), but these are unimportant in terms of fluxes because of low runoff.
Finally, disturbances to the forest ecosystem such as clear-cuts can also temporarily raise nitrate
and ammonium concentrations (Mulder HW DO., 1997; Hu, 2000), but this aspect has not been
considered in the critical load calculations.
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The use of a relatively high critical N concentrations when one wants to calculate critical N
loads related to vegetation changes (e.g. 0.2 molc.m-3 or 2.8 g.m-3 as used in this study) seems
more appropriate than the use of natural N concentrations, but the value is highly uncertain. One
can only say that the results are plausible in view of empirical data. The critical limit for a foliar
N concentration of 18 g.kg-1 related to effects on trees is also prone to uncertainty. The literature
cited indicates an N concentration range of 16 to 20 g.kg-1 in needles as optimal, whereas a
review made by Morrison (1974) gives optimal concentrations between 15 to 18 g.kg-1. Even
though negative effects are not likely to occur below 18 g.kg-1, there will be a clear range
depending on other factors as well, such as the availability of base cations. In general, the
uncertainties in critical limits may cause an uncertainty of at least 25% in the resulting critical
loads.
$FLGLW\ An uncritical use of the Ca/Al ratio has been criticised by several authors (Högberg &
Jensén, 1994, Løkke HWDO, 1996; Binkley & Högberg, 1997). Uncertainties in critical values for

the Al/(Ca+Mg+K) ratio, related to direct toxic effects of Al, are mainly due to a lack of
knowledge about the effects of Al in the field situation. Although Cronan & Grigal (1995) found
evidence in support of use of the Ca/Al ratio, much of the data reviewed by them was from
hydroponic or soil experiments with seedlings under laboratory conditions. It is uncertain to
what extent results obtained from laboratory experiments can be applied to natural forest
ecosystems with adult trees, mycorrhizae etc. A forest manipulation experiment at Nordmoen
(north of Oslo) has shown no support for the use of the Ca/Al ratio as an indicator for risk of
forest decline (De Wit, 2000, De Wit et al., 2001). Recently, Jentschke HW DO. (2001) found
evidence supporting the use of a fine root molar Ca/Al ratio of 0.2 in Norway spruce stands in
Germany, so it may be the Ca/Al ratio in the roots rather than in the surrounding soil or soil
water that is important. There is then the question of how to relate concentrations in roots to
those in soil or soil water.
The uncertainty is also partly due to a natural range in the sensitivity of various tree species for
Al toxicity (Sverdrup & Warfvinge, 1993). It is furthermore clear that factors such as aluminium
speciation have to be taken into account, as organically complexed Al is normally far less toxic
than Al3+ or the monomeric cationic hydroxo complexes. The calculated Al concentration is in
principle, however free Al3+. Note also that critical annual average values are generally used
whereas the short-term variation can be large, with peak values in the summer. Furthermore, the
critical limits are applied at the bottom of the rootzone. At lower soil depths, the critical acid
load generally increases strongly, since release on inorganic Al is limited (De Vries HW DO.,
1994b). In the organic layer, where many of the roots are and from which trees take up much of
their nutrients, most dissolved Al is even organically bound (e.g. Solberg HWDO., 2001). Finally,
the Al/(Ca+Mg+K) ratio is probably irrelevant for peat soils, since Al mobilisation hardly
occurs in these soils.
If one wants to avoid a decrease in base saturation (or pH), the present base saturation has to be
used in the critical load calculations. The uncertainty in this value is mostly caused by the
spatial variability in the field situation. The uncertainty in critical loads related to a required
constant pool of readily available Al compounds is mainly due to an uncertainty in the
weathering rate. In general, the critical loads based on the stand-still approach are lower than the
effect-based critical loads and are more reliable.

0RGHODVVXPSWLRQV

1LWURJHQUncertainties related to the description of N dynamics in the steady-state model result

from (i) neglecting N fixation which is important for trees such as red alder, (ii) neglecting N
adsorption although NH4 fixation may play a role in clay soils and adsorption of dissolved
organic nitrogen (DON), being the dominant form in low deposition areas, often occurs in
podzol B horizons, (iii) assuming that nitrification is complete, which could be inhibited at high
C/N ratios, (iv) the simple description of net N immobilisation, and (v) neglecting the
interaction between net N uptake and a change in soil conditions (De Vries, 1994a). Even
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though the dynamics of the N transformation processes are strongly simplified, the resulting
fluxes for net N uptake, N accumulation and denitrification seem plausible in view of available
data on these processes for forest soils (De Vries HWDO., 1994a).
$FLGLW\: An important assumption in the SMB model is the assumed homogeneity of the

rootzone both in a horizontal and vertical direction. The use of a one-layer model implies that
the critical Al/(Ca+Mg+K) ratio refers to the situation at the bottom of the rootzone, whereas
most roots occur in the topsoil. Values for the Al/(Ca+Mg+K) ratio generally increase with
depth due to Al mobilisation, BC uptake and transpiration. Other assumptions in the one-layer
model such as (i) disregarding sulphate interactions, (ii) neglecting complexation of Al with
inorganic and organic anions and (iii) a simple hydrology, are probably less significant (De
Vries, 1994).

,QSXWGDWD

1LWURJHQ When the uncertainty in the input data is known, the effect on the resulting critical N

load can directly be quantified. At the intensive monitoring plots, the uncertainty in net N
uptake and critical N leaching is likely to be within 25%, since site specific data are available to
calculate the average annual growth rate and the precipitation excess. For N uptake, this guess
may be an underestimate since the yield data are average values in intervals of 5 m3.ha-1.yr-1.
For the Level I plots, uncertainty is probably much higher as growth is not measured at the plots
and had to be estimated from an external data base. Nevertheless, this data base does provide
measured growth and as such is a major improvement compared to general growth functions
used earlier (Klap HWDO., 1997). Estimates for denitrification and long-term immobilisation, are,
however, less certain and the uncertainty is likely to be larger than 50% resulting in an average
uncertainty in critical N loads near 50% (see also De Vries HWDO.,1994a).
$FLGLW\ Assuming that the model structure is correct, the effect of the uncertainty in the input

data can directly be quantified. The uncertainty in the calculated net base cation input
(deposition and weathering minus uptake), combined with the uncertainty in the Al/(Ca+Mg+K)
ratio, which affects the associated acidity leaching, has the largest effect on the calculated
critical acid deposition level. One important point is that the weathering rate has been estimated
from the parent material only. An impression of the reliability of the weathering rates obtained
by this soil assignment method can be derived from a comparison with results obtained with the
validated PROFILE model for Intensive Monitoring plots in Germany (Becker HW DO, 2000).
These results indicate a reasonable reliability, assuming that the PROFILE approach does give
an adequate estimate of the weathering rate. Considering the above-mentioned uncertainties in
input data, it is likely that the overall uncertainty in critical acid deposition levels varies mostly
between plus or minus 50%.

5.2

Conclusions

Steady-state soil models form a relevant tool to calculate critical loads, being a measure of
possible adverse effects on terrestrial ecosystems. Indications for such effects become stronger
when they are supported by empirical data (specifically the case for nitrogen) or by calculations
with integrated soil-vegetation models. In general, the critical loads increase going from impacts
on soil to impacts on the forest ecosystem (ground vegetation and trees). Keeping in mind that
the uncertainty in the computed depositions and critical loads is substantial, the following
conclusions can be drawn:
• Critical loads for nitrogen related to either changes in ground vegetation composition or tree
nutritional status do not significantly differ (in the distribution) between the sets of Intensive
Monitoring and Level I plots. The lowest critical loads occur in areas with low growth rates
such as central Spain and (northern) Scandinavia. The highest critical loads occur where the
precipitation surplus, and thus N leaching, is high. These critical N loads are exceeded at
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•

•

•

about 60 % of the Intensive Monitoring plots and at about 40 % of the Level I plots.
Exceedances occur in areas with a high N deposition, mainly located in western and central
Europe. The difference in percentage of plots exceeded between Intensive Monitoring and
Level I plots (with comparable critical loads) can be explained by the fact that in the Level I
data set more plots are located in areas with a relatively low N deposition.
Critical loads for acidifying S and N, aiming at maintaining the present soil quality (i.e. no
further depletion of Al oxides or exchangeable as cations) are lowest in areas with poor soils
with low weathering rates, mainly located in Poland, Scandinavia and The Netherlands. The
maximum critical S and N loads are exceeded at about 70 % of the Intensive Monitoring
plots and 40 % of the Level I plots and are found in most of western and central Europe.
Again, this difference in percentage of plots exceeded is caused by differences in acid loads
rather than in critical loads.
Critical loads for acidifying S and N aiming at favourable Al/Bc ratio’s in the soil solution,
are on average somewhat higher for the Level I data set than for the Intensive Monitoring
data set. The highest critical loads occur in areas with rich soils, areas with a high base
cation deposition (both often located in southern Europe) and areas with a high precipitation
excess. The lowest critical loads occur on plots with poor soils and conifers forest located in
Scandinavia and western Europe and in very arid regions with low forest growth on poor
soils such as central Spain. Critical loads are exceeded at about 30 % of the Intensive
Monitoring plots and at about 18 % of the Level I plots, mainly located in areas with high
acid inputs (western and central Europe).
Present deposition thresholds (PDT’s) for nitrogen were computed for both Intensive
Monitoring as well as Level I plots. The results however, are uncertain as they strongly
depend on the weak relationship between N concentration in the leachate and N deposition
and other environmental factors (that indicate the N saturation status of the soil). Results
show that most PDT’s for N are higher than critical loads which might indicate that there is
currently still immobilisation of the incoming nitrogen. This in accordance with results from
budget studies at Intensive Monitoring plots (De Vries HWDO., 2001).

Present deposition thresholds (PDT’s) for acidity are even more uncertain because it was not
possible to derive a good relationship between Al or BC leaching with acid deposition and
environmental factors. Furthermore, the results only are relevant for acidified soils that have an
elevated Al concentration. Since soil solution is only measured at part of the Intensive
Monitoring plots, results can be only be shown for a small set of monitoring plots (see also
Section 4.2.3). In general, we feel that the concept of present deposition thresholds is not very
valuable, especially not for acidity, as it too strongly relies on weak statistical relationships
between ion concentrations in soil solution and deposition plus environmental factors which are
available at a limited number of Intensive Monitoring plots. As a result, the method yields very
uncertain results and cannot be extrapolated to other plots that might have conditions deviating
from the plots in the set from which the relationships were derived. Therefore, it is advised to
perform dynamic modelling instead as this seems to be a much more promising method and also
allows for target loads with a time horizon of several decades as opposite to the instantaneous
concept of PDT’s.
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APPENDIX A

MODELLING SOIL SOLUTION CONCENTRATIONS,
LEACHING AND THE LONG-TERM IMPACT OF
DEPOSITION SCENARIOS FOR NITROGEN AND
ACIDITY AT INTENSIVELY MONITORED FOREST
PLOTS

G.J. Reinds1, M. Posch2 and W. de Vries1
1
Alterra Green World research, P.O. Box 47, 6700 AA Wageningen, The Netherlands
2
National Institute of Public Health and the Environment (RIVM), P.O. Box 1, 3720 BA
Bilthoven, The Netherlands
Keywords: dynamic soil model, deposition scenario’s, model calibration, forest soils,
monitoring, nitrogen, sulphur, acidification

$EVWUDFW
The dynamic soil chemistry model SMART was applied to about 200 Pan-European Intensive
Monitoring plots for which both element input (deposition) and element concentrations in the
soil solution were available. The plots occur in a transect from South -Western Europe to
Scandinavia, the majority being located in Western and Northern Europe. Most of the processes
in the SMART model could be successfully calibrated. The chloride and sodium budgets show
that the hydrology at the plots is generally well simulated. The nitrogen budget could, however,
only be closed assuming a time independent N immobilisation for a number of plots. Sulphate
adsorption could not be modelled with the available data and has thus been ignored in the model
applications. There was generally a reasonable to good agreement between measured and
simulated data for most of the plots, although some of the intra-annual variation, in especially
nitrate and aluminium concentrations, could not be reproduced for a number of plots. Statistical
measures for the goodness of fit indicate that pH is on average very well reproduced by the
model, but not all variations within the year are accurately simulated. Relative deviations
between measured and simulated nitrate and aluminium concentrations are sometimes
considerable (mostly between -50 and +50 %), especially for plots with low average measured
data, but absolute errors in the simulated concentrations are mostly low.
Evaluation of the emission reduction scenarios in the period 1970-2030 shows a very strong
reduction in sulphate concentrations between 1980 and 2000 in the soil due to the high
reductions in sulphur emissions. By the year 2010, a significant reduction in nitrate
concentration is predicted for most plots, but the effect is most striking for the plots with the
highest present N concentrations. Simulations also show that implementation of the Gothenburg
protocol causes a reduction of the percentage of aluminium concentrations above an assumed
critical value of 0.2 molc.m-3 from 25 % in 1970 to about 5-10 % of the plots in 2030. Al/BC
ratios above a critical value of 1 occur at about 5 % of the plots in 1970 and this percentage only
slightly decreases towards 2010 because at a number of plots there occurs a decrease of base
cation concentration, due to replenishment of the exchange complex. Base saturation improves
over time for most plots but for a number of plots where acid inputs remains relatively high,
base saturation will still decrease in the future. This shows the difference between the fast
reactions in soil solution to emission reductions and the slower reactions of the soil solid phase.
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7KHUHOHYDQFHRIG\QDPLFVRLOPRGHOV
Decisions on emission reductions policies require insight in the effectiveness of abatement
strategies. In this respect, models are important tools to assist decision makers in their
evaluation of strategies to control sulphur and nitrogen emissions. Up to now, critical loads
derived by steady-state models have been used in the negotiations of emission reductions in
Europe; together with technical and economical aspects of emission reductions this had lead to
cost-effective emission reductions based on effects on ecosystems. To gain insight into the time
delay between the time-point of non-exceedance and actual chemical (and biological) recovery,
however, dynamic models are needed.
In the causal chain from acid deposition to ecosystem-damage (damage to key indicator
organisms), there are two major sources of response-delay. Biogeochemical processes can delay
the chemical response in soil to acid deposition, and biological processes can further delay the
response of indicator organisms, such as damage to trees in forest ecosystems. The static critical
load model considers only the steady-state condition, in which the chemical and biological
response to a change in deposition is complete. Dynamic models on the other hand, attempt to
estimate the time evolution of soil (and biological) responses to changes in acid deposition and
can be used to assess the time required for a new (steady) state to be achieved.

5HODWLRQVKLSVEHWZHHQFULWLFDOORDGPRGHOVDQGG\QDPLFVRLOPRGHOV
With critical loads, i.e. in the steady-state situation, only two cases can be distinguished when
comparing them to deposition: (1) the deposition is below or equal to critical load(s), i.e. no
exceedance, and (2) the deposition is greater than critical load(s), i.e. critical load exceedance.
In the first case, there is no (apparent) problem, so no reduction in deposition is necessary. In
the second case, there is, by definition, an increased risk of damage to the ecosystem, and
therefore the deposition should be reduced to safeguard the ecosystem. Sometimes it is assumed
that reducing deposition to (or below) critical loads immediately removes the risk of ‘harmful
effects’, i.e. the chemical parameter (e.g. the Al/Bc ratio), which links the critical load to the
effect(s), immediately attains a non-critical (‘safe’) value and that there is immediate biological
recovery as well. But the reaction of soils, especially their solid phase, to changes in deposition
is delayed by (finite) buffers, the most important being the cation exchange capacity (CEC).
These buffer mechanisms can delay the recovery of e.g. chemical parameters, and it might take
decades or even centuries before ‘safe’ values for a parameter or steady state is reached.
These finite buffers are not included in the critical load formulation, since they do not influence
the steady state, but only the time to reach it. Therefore, dynamic models are needed to estimate
the times to attain a certain chemical state in response to changes in acid deposition induced by
agreements on emission reductions. In addition to the delay in chemical recovery, there is
probably a further delay before the ‘original’ biological state is reached, i.e. even if the chemical
criterion is met (e.g. Al/Bc<1), it will take time before full biological recovery is achieved.

$LPRIWKLVVWXG\
The aim of this study is to calibrate and apply the dynamic soil model SMART to more than
hundred Intensive Forest Monitoring sites in a transect through Europe going from southern France
to northern Scandinavia. The dynamic modelling was part of the effects-oriented work under the
LRTAP Convention. Especially the validation of dynamic soil models is crucial since the new
challenge within the ICP on Modelling and Mapping is to develop and apply dynamic model(s) on
a European scale and to link them with the integrated assessment work under the LRTAP
Convention in support of the review and potential revision of the Gothenburg Protocol. We first
presents the methods (locations, modelling approaches, model validation procedure and input
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data including deposition scenarios) that are needed to perform dynamic model calculations.
Results include a comparison of model results with measurements at more than hundred plots
with both deposition and soil solution chemistry data and an application of the model to the
same plots, using various relevant emission deposition scenarios. Finally, a discussion of the
results and conclusions is presented.
0HWKRGV

/RFDWLRQV
For the dynamic modelling, validated information on bulk deposition, throughfall and soil
solution chemistry is needed. In Figure A.1, a map of the plots is presented for which these data
are available and that were used for the dynamic model to predict the long-term impact of
deposition scenario’s for nitrogen and acidity Only for these plots, a (partial) calibration of the
model can be performed as both input (total deposition) and response (soil solution
concentrations) are needed.

Plot for dynamic modelling

)LJXUH$ /RFDWLRQV RI WKH ,QWHQVLYH 0RQLWRULQJ SORWV XVHG IRU FDOLEUDWLRQDQG DSSOLFDWLRQ WKH G\QDPLF
60$57PRGHO

0RGHOOLQJDSSURDFK
$YDLODEOHG\QDPLFVRLOPRGHOV
For nearly 15 to 20 years, scientists have already been developing, testing and applying dynamic
models to simulate the acidification of soils or surface waters. There is thus no shortage of soil
(acidification) models, but most of them are not designed for regional applications. A comparison

ECN-C--04-117

123

of 16 models can be found in a special issue of the journal “Ecological Modelling” (Tiktak & Van
Grinsven, 1995). These models emphasise either soil chemistry (such as SMART, SAFE and
MAGIC) or the interaction with the forest (growth).
In addition to the large number of dynamic model applications to individual sites over the past
15 years, there are several examples of dynamic soil models that were developed and applied for
application on a (large) regional scale. Earlier versions of the RAINS model (Alcamo HW DO,
1990) contained an effects module which simulated soil acidification on a European scale
(Kauppi HW DO, 1986). De Vries HW DO (1994b) employed the SMART model to simulate soil
acidification in Europe, and Hettelingh & Posch (1994) used the same model to investigate
recovery delay times on a European scale. Furthermore, De Vries HW DO (1994a) used the
RESAM model to simulate soil acidification in the Netherlands, while Alveteg HWDO. (1995) and
Kurz HW DO. (1998) used the SAFE model to assess temporal trends in soil acidification in
southern Sweden and Switzerland.

&RQVWUDLQWVIRUG\QDPLFPRGHOVXVHGLQWKLVVWXG\
Up to now, critical loads, derived by steady-state models, have been used to negotiate emission
reductions in Europe. Thus, the dynamic models to be used in the assessment of recovery under
the LRTAP Convention have to be compatible with the steady-state models used for calculating
critical loads. In other words, when critical loads are used as input to the dynamic model, the
(chemical) parameter chosen as criterion in the critical load calculation has to attain the critical
value once the dynamic simulation has reached steady state. But this also means that concepts
used in the dynamic model have to be a continuation and extension of the concepts employed in
deriving the steady-state model.
In order to meet this constraint, the dynamic modelling concepts and data requirements presented in
this chapter, are an extension of those employed in deriving the Simple Mass Balance (SMB)
model. The SMB model is described in detail in the previous Technical report (De Vries HW DO,
2002). Earlier descriptions of the SMB model can be found in Sverdrup HW DO (1990), De Vries
(1991) , Sverdrup & De Vries (1994) and Posch HWDO. (1995).
A model that does meet the constraints given above is the model SMART, described in De Vries HW
DO (1989) and Posch HWDO (1993). This model contains basic extensions of the SMB model into a
dynamic soil acidification model. An even simpler model, called Very Simple Dynamic (VSD)
model, has recently been developed (Posch & Reinds, 2003).

7KH60$57PRGHO

The SMART model (6imulation 0odel for $cidification's 5egional 7rends) is a relatively simple
extension of the SMB model for critical loads. As with SMB, in the SMART model, the various
ecosystem processes have been limited to a few key processes. Processes that are QRW taken into
account are: (i) canopy interactions, (ii) nutrient cycling processes, (iii) N fixation and NH4
adsorption, (iv) uptake, immobilisation and reduction of SO4 and (v) complexation of Al with OH,
SO4.
The SMART model consists of a set of mass balance equations, describing the soil input-output
relationships, and a set of equations describing the rate-limited and equilibrium soil processes. The
soil solution chemistry in SMART depends solely on the net element input from the atmosphere
(deposition minus net uptake minus net immobilisation) and the geochemical interaction in the soil
(CO2 equilibria, weathering of carbonates and silicates, and cation exchange). Soil interactions are
described by simple rate-limited (zero-order) reactions (e.g. uptake and silicate weathering) or by
equilibrium reactions (e.g. cation exchange and sulphate adsorption). It models the exchange of Al,
H and Ca+Mg+K with Gaines-Thomas equations and sulphate adsorption with a Langmuir
equation. Furthermore, it does include a balance for carbonate and Al, thus allowing the calculation
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from calcareous soils to completely acidified soils that do not have an Al buffer left. In this respect,
SMART is based on the concept of buffer ranges expounded by Ulrich (1981). Recently, a
description of the complexation of aluminium with organic acids has been included. The interaction
of Al with organic acids can be described as mono-, di- or tri-protic. A graphic representation of
these processes is given in Figure A.2.
Solute transport is described by assuming complete mixing of the element input within one
homogeneous soil compartment with a constant density and a fixed depth. Since SMART is a
single layer soil model neglecting vertical heterogeneity, it predicts the concentration of the soil
water leaving this layer (mostly the root zone). The annual water flux percolating from this layer is
taken equal to the annual precipitation excess. The time step of the model is one year, i.e. seasonal
variations are not considered. A detailed description of the SMART model can be found in De
Vries HWDO (1989) and Posch HWDO (1993). The SMART model has been developed with regional
applications in mind, and an early example of an application to Europe can be found in De Vries HW
DO. (1994b).
The guiding principle of SMART is the compatibility with the critical load model SMB, since the
steady-state solutions of the dynamic model employed should be the critical loads derived earlier.
Dynamic models of acidification are based on the same principles as steady-state models: the
charge balance of the ions in the soil solution, mass balances of the various ions, and
equilibrium equations. However, whereas in steady-state models (SMB) only sources and sinks
are considered which can be assumed infinite (such as base cation weathering), the dynamic
model SMART includes finite sources and sinks of major ions, i.e. cation exchange, sulphate
adsorption and nitrogen retention and a mass balance for cations, nitrogen and sulphate, in
addition to the equations included in the SMB model. These are the three most important
processes involving finite buffers and time-dependent sources/sinks. These finite buffers have
not been included in the derivation of critical loads, since they do not influence the steady state.
However, when investigating the chemistry of soils over time as a function of changing deposition
patterns, these processes govern the long-term (slow) changes in soil (solution) chemistry. For
example, after an increase in acidifying input, cation exchange (initially) delays the decrease in
the acid neutralisation capacity (ANC) by releasing base cations from the exchange complex,
thus delaying the acidification of soil solution until a new equilibrium is reached (at a lower
base saturation). On the other hand, cation exchange delays recovery since ‘extra’ base cations
are needed to ‘replenished’ base saturation instead of increasing ANC of soil solution.

0RGHOSDUDPHWHULVDWLRQDQGPRGHOFDOLEUDWLRQ
'DWDQHHGV
The input data needed to run dynamic models can be grouped into input- and removal fluxes
and soil properties. Part of the input- and removal fluxes are also described in the previous
technical Report (De Vries HWDO, 2002), since they were also needed in the SMB model, but for
this study an update of those fluxes was made and the new results are shortly summarised. This
includes the input of element by atmospheric deposition, the water fluxes through the forest
ecosystems, the net uptake of nutrients by forests and the base cation weathering from the soil.
Furthermore, this section describes how the (soil) data were derived that is needed to run
dynamic models. Most important soil parameters are the cation exchange capacity (CEC) and
base saturation and the exchange (or selectivity) constants describing cation exchange, as well
as parameters describing sulphate adsorption or desorption, since these parameters determine
the long-term behaviour (recovery) of soils. Also, the parameters that determine nitrogen
immobilisation, denitrification and nitrification were estimated.
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)LJXUH$

*UDSKLFUHSUHVHQWDWLRQRIWKH60$57PRGHO

Ideally, all input data are derived directly from measurements at the site for which the model is
applied. This, however, is not always feasible for all input data. In this chapter, we provide
information on how the input data needed for SMART were derived, either derived directly from
measurements at the sites or indirectly from model calibration.

'HSRVLWLRQRIDFLGLW\DQGEDVHFDWLRQV
Total deposition of sulphur for the period 1995-2000 was computed by adding measured
throughfall and measured or estimated stemflow values below the forest canopy, assuming that
the effects of foliar sulphur uptake by the forest canopy is negligible. Base cation (Ca, Mg, K
and Na) and nitrogen deposition data for each stand for the period 1995-2000 were derived on
the basis of throughfall and bulk deposition data, accounting for canopy exchange, as described
in De Vries HWDO. (2002).

:DWHUIOX[HV
Water fluxes were calculated using the WATBAL model (Starr, 1999). This relatively simple
water balance model uses a one-layer approach and monthly time-steps. Input data required are
soil properties such as the available water content (AWC), rooting depth and texture dependent
ratio’s of the critical soil water content to the available water content, meteorological variables
(rainfall, global radiation (or sunshine duration) and temperature), a number of generic site
variables such as latitude, altitude, initial amount of snow on the ground and forest cover, and
generic constants such as snow albedo. Measured throughfall was used as the water input at the
top of the soil compartment, whereas monthly values of temperature and global radiation were
derived from a database with interpolated daily values for 50*50 km grid cells. The AWC was
estimated as function of soil type and texture class according to Batjes (1996) who provides
texture class dependent AWC values for all FAO soil types based on an extensive literature
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ECN-C--04-117

review. Critical soil water: AWC ratios (the ratio between actual soil water content and AWC at
which transpiration is reduced) where computed as a function of soil texture according to the
standard WATBAL procedure.
The reliability of the water fluxes was checked by comparing the leaching of chloride (Cl) and
sodium (Na) against the deposition. Both chloride and sodium can be considered as tracers (Cl)
or nearly tracers (Na), i.e. the (long-term average) leaching computed from the modelled
downward water flux and the measured concentration should match the deposition. In the case
of Na, the leaching flux can be somewhat higher than the deposition flux due to weathering and
cation exchange but generally, these fluxes are negligible compared to the deposition of Na. The
measurements of Na and Cl in deposition and soil solution thus allow checking whether the
hydrology is modelled accurately.
Figure A.3 shows the deposition-leaching relations for Cl and Na for plots with at least 2 years
of measurements. As can be seen, the average slope for Cl is close to the perfect 1, indicating
that there is no overall bias in the hydrological model. However, the graphs also show that there
are several plots with rather unbalanced inputs and outputs. In the case of Na, this could partly
be explained by weathering. Part of the plots where chloride leaching is higher than chloride
deposition is located close to the sea, which may cause imbalances in the budget due to sea-salt
input on the soil that is not collected in the deposition samplers.

)LJXUH$

&ODQG1DLQSXWRXWSXW GHSRVLWLRQOHDFKLQJ UHODWLRQVKLSV

8SWDNHRIQLWURJHQDQGEDVHFDWLRQV
In SMART, nitrogen and base cation uptake is the net growth uptake, i.e. the net uptake by
vegetation that is needed for long-term average growth. Input by litterfall and removal by
maintenance uptake (needed to re-supply nitrogen and base cations to leaves) is thus not
considered, assuming that both fluxes are equal in a steady-state situation. Thus, the net uptake
is calculated, being equal to the annual average removal in harvested biomass. In this
calculation we assumed that this includes the removal of stems and branches.
The net growth uptake of N, 1JX, and base cations, &DJX, 0JX and .X, was computed by
multiplying the current growth at the site with the densities of stem wood and standard element
contents in stems and branches. For the densities of stem wood and the nitrogen and base cation
contents in stems use was made of literature data (e.g. Kimmins HW DO., 1985; De Vries HW DO.,
1994b), as presented in Table A.1.
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7DEOH$ $YHUDJHYDOXHVXVHGIRUWKHGHQVLWLHVRIVWHPZRRGDQGWKH1DQG%& &D0J. 
FRQWHQWVLQVWHPZRRGRIWKHFRQVLGHUHGPDLQWUHHVSHFLHV
Tree species

Stem density (kg.m-3)

Scots Pine
Norway Spruce
Oak
Beech

510
460
700
700

N content in stem wood
(g.kg-1)
1.2
1.2
1.7
1.4

BC content in stem wood
(g.kg-1)
1.6
1.2
2.5
2.4

Annual growth for the period 1995-2000 (for which the model was validated) was estimated
from repeated surveys on stem diameter and tree height. Past and future growth, used in
scenario analyses was derived by scaling the calculated yield for the period 1995-2000 with
standard logistic growth curves available for combinations of species, climate and yield (Klap HW
DO. (1997)). Stem to branch ratios were estimated as a function of tree species and stand age as
described in Klap HWDO. (1997). The monthly net growth uptake was then derived by distributing
the annual growth over the months within the growing season, weighted by the monthly fraction
of temperature sum over the growing season. Begin and end of the growing season were
computed as a function of climate zone, altitude and latitude according to Klap HWDO. (1997).
Figure A.4 shows the cumulative frequency distribution of computed N and BC uptake (in
kg.ha-1.yr-1) for the considered plots. It clearly shows that the uptake of especially N by
broadleaved forest (median 5 kg.ha-1.yr-1) is much higher than for conifers forest (median value
2.7 kg.ha-1.yr-1), due to higher growth rates and higher N contents in stem- and branch wood.

)LJXUH$

1XSWDNH OHIW DQG%&XSWDNH ULJKW IRUFRQLIHUVDQGEURDGOHDYHGSORWV

:HDWKHULQJRIEDVHFDWLRQV
There are various possibilities to assess weathering rates including (UN/ECE, 1996):
- Estimation of the depletion of base cations in the soil profile by chemical analyses of
different soil horizons including the parent material. This method, in which an extremely
resistant mineral, such as zirconium, is often used as an internal standard, gives the
average weathering rate over the period of soil formation (De Vries & Breeuwsma,
1986; Starr HWDO., 1998).
- Correlation between the weathering rate and the total Ca and Mg content in the parent
material multiplied by the present day effective temperature sum (Olsson & Melkerud,
1991). As with the previous approach, this gives the average weathering rate over the
period of soil formation.
- The weathering rate model PROFILE, which calculates actual field weathering rates
based on the soil mineralogy (Sverdrup, 1990; Sverdrup & Warfvinge, 1993).
- Assignment of an actual field weathering based on the parent material and texture class
of a given soil (dominant) soil unit (De Vries HWDO., 1994b).
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Apart from the last method, total cation concentrations in either the parent material (C horizon)
or even in the complete soil profile, are needed to estimate the weathering rate. At present,
PROFILE is most frequently used when detailed mineralogical data are available or when such
data can be derived from a total cation analyses. Becker HW DO. (2000), for example, used
PROFILE to calculate the weathering of Intensive Monitoring plots in Germany for the
assessment of critical loads for those plots. Data on the total cation contents are, however, either
not available for the plots or not submitted to FIMCI.
Since no measurements of weathering are available, the weathering of the base cations Ca, Mg,
K and Na was estimated from the budget (the average of the differences between deposition and
leaching corrected for base cation uptake) of the respective elements at the sites. If the budget
yields a negative base cation weathering, the base cation uptake was adapted to close the budget
and the weathering was set to zero. Simulations with SMART show that in many cases the
contribution of cation exchange (release or adsorption) to the monthly budget can be considered
negligible. Only for plots with a large base cation pool and rapidly changing acid input, would it
be of importance. However, the measurements do not allow an accurate assessment of the
amount of base cations exchanged (only Ca +Mg in SMART) as only one observation of base
saturation in time is available.
Thus, the weathering of a base cation Y, <ZH, becomes:

Ywe = Yle + Ygu − Ydep

(A.1)

where the subscripts OH, JX and GHS stand for leaching, net growth uptake and deposition of
element Y. If <ZH calculated from Eq. A.1 is negative, it is set to zero and <JX (for Y=Ca, Mg, K)
is set to <GHS−<OH. Eq. A.1 was applied to averages over the measurement period.
Figure A.5 shows the cumulative frequency distributions of computed weathering rates for soil
with sandy, clayey and calcareous parent materials. Its shows that the median value for sandy
soils is about half that of clayey soils. As to be expected, weathering rates for calcareous soils
are much higher and generally range between 1700 and 10000 eq.ha-1.yr-1.



)LJXUH$

%DVHFDWLRQZHDWKHULQJIRUVDQG\FOD\H\DQGFDOFDUHRXVSDUHQWPDWHULDOV

In the previous Technical Report, base cation weathering rates for the root zone were derived by
a relationship with parent material class and texture class (either available or derived from soil
type information). The estimates thus derived were updated on the basis of either the measured
annual average temperature in the considered period 1995-1998 or interpolated annual average
values for the 10-year period 1985-1995. More information on the reliability of this approach is
given in the previous Technical Report (De Vries HW DO., 2002). A comparison of the results
obtained from the present and the previous approach shows that there is only a very weak
relationship between the base cation weathering rates based on classes and those based on
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calibration. This can partly be explained by the fact that the calibrated weathering is computed
from a rest-term from the base cation input-output budget that includes uncertain terms as base
cation uptake and leaching. Furthermore, base cation release from the exchange complex is now
considered as weathering which, in some cases, might lead to unrealistic weathering rates. Most
likely, the weathering rates of sandy soils above 1500 molc.ha-1.yr-1 are due to cation release
from the exchange complex and the same is true with weathering rates of clayey soils above
3000 molc.ha-1.yr-1.

3DUDPHWHUVGHVFULELQJDOXPLQLXPUHOHDVH
In SMART the concentration of free (uncomplexed) Al is modelled by a relationship with the H
concentration according to:

[Al] = K Alox ⋅ [H]α

(A.2)

where α>0 is a site-dependent exponent and where .$OR[ = the Al dissolution constant. For α=3
this is the familiar gibbsite equilibrium (.$OR[ = .JLEE) used in the SMB model.

The equilibrium constant .$OR[ and the exponent α are determined by linear regression after
taking logarithms in Eq. A.2. For each plot for which observations of [+], [$OWRW] and DOC
were available, the concentration of free Al was first calculated. This was done by using a
triprotic model for the dissociation of DOC and a simple complexation model with Al, as
implemented in the latest version of the SMART model, described in detail in Annex A.3.
For plots without DOC data constants were derived for the relation between pH and total
Al.
Figure A.6 shows the relationships between pH and pAl (-log (Al)) for total Al (left) and free Al
(right). This figure clearly shows that the relationship between free Al and pH is better than
between total Al and pH especially for pH values greater than 5 where most Al is complexed.
The horizontal line at pAl 5.82 in the leftmost graph represents an aluminium concentration of
0.04 mg.l-1; for some countries this is the lowest value they submit (apart from 0) and might thus
be the analytical detection limit for these countries. Figure A.7 shows the correlation coefficient
between pAl and pH for plots with an average pH lower than 5. This also illustrates the better
correlation between pH and free aluminium than between pH and total aluminium as the median
correlation coefficient between free Al and pH is about 0.7, whereas between total Al and pH it
is about 0.4.

)LJXUH$
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5HODWLRQEHWZHHQS+DQGS$OIRUWRWDO $ DQGIUHH$OXPLQLXP % 
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)LJXUH$

&XPXODWLYH IUHTXHQF\ GLVWULEXWLRQ RI WKH
FRUUHODWLRQFRHIILFLHQW EHWZHHQS+DQG WRWDO
DQGIUHH$O

Figure A.8 shows the calibrated values of KAlox DQG  LQ HTXDWLRQ A.2 for several selections
from the data set. This fLJXUHVKRZV YDULHVEHWZHHQDQGIRUSORWVZLWKDJRRGFRUUHODWLRQ
between Al and pH (r > 0.5). Values for KAlox are highly variable and mostly range between -5
and 3.

)LJXUH

&XPXODWLYH IUHTXHQF\ GLVWULEXWLRQ RI WKH ORJDULWKPLF $O GLVVROXWLRQ FRQVWDQW $  DQG WKH
H[SRQHQW  % LQWKHIUHH$OS+UHODWLRQVKLSXVLQJWKHZKROHGDWDVHW DOO DQGSORWVZLWKDJRRG
FRUUHODWLRQEHWZHHQ$ODQGS+ U! LQFOXGLQJDOOVRLORUDFLGVRLOVRQO\ S+ 

3ORWWLQJ  DJDLQVW S.Alox (Figure A.9) reveals a very strong relationship between these two
parameters. This, at first sight remarkable relationship, is explained by the fact that for smaller
 .Alox has to increase to get the same aluminium concentration in other words there is, of
course, a strong relationship between the intercept from the regression of pKAlox against pH
and the slope. It also shows that the simple Gibbsite equilibrium with a -pK value of about 8 and
KROGVRQO\IRUDYHU\IHZSORWV
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)LJXUH$

5HODWLRQVKLSEHWZHHQ DQGS.$OR[

&DWLRQH[FKDQJHFRQVWDQWV
In SMART, the exchange reactions in non-calcareous soils are described by Gaines-Thomas
equations using concentrations instead of activities:

[H + ]β
f H2
= K HBC ⋅
and
[BC2+ ]
f BC

[Al3+ ]2
f Al2
= K AlBC ⋅
3
[BC2+ ]3
f BC

(A.3)

where .+%& and .$O%& are the Gaines-Thomas selectivity constants for H-BC exchange and AlBC exchange, respectively. Since the exchange complex is assumed to comprise H+, Al3+ and
BC2+ only, charge balance requires that

f BC + f Al + f H = 1

(A.4)

Dividing Eq. A.3, inserting the relationship between Al and H (Eq. A.2) and taking the square
root one can express I$O as function of I+ and [+] alone:

f Al = K ⋅ [H]−γ ⋅ f H3

with K =

K AlBC ⋅ K Alox
K 3HBC

and γ = 3β / 2 − α

(A.5)

which allows to eliminate I$O from Eq. A.4:

f H + K ⋅ [H]− γ ⋅ f H3 = 1 − f BC

(A.6)

For a plot for which observations of [+], [$O] (as derived from [+], [$OWRW] and DOC), [%&], I$O
and I%& (and thus also I+) are available, one could easily compute the site-specific values of .+%&
and .$O%&. For the Intensive Monitoring plots, however, [+], [$O] and [%&] are generally
available but at the adsorption complex, only I%& (base saturation) is known. The values of .+%&
and .$O%& can thus only be computed if one, e.g., assumes the pH-dependent relationship of Eq.
A.5 between I+ and I$O to be valid for all plots. By taking the logarithm of Eq. A.5,

log10

fAl
= γ ⋅ pH + log10 K
fH 3

(A.7)

and using the values on I$O, I+ and [+] from Dutch measurements for 531 forest soil layers (De
Vries & Leeters, 2001; De Vries & Posch, 2003a), values of log10.=-3.53 and of γ=1.04 were
obtained by linear regression.
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By using those values of γ and . and measurements of [+] and I%& from the Intensive
Monitoring plots, the cubic Eq. A.6 was solved to obtain I+, and then I$O from Eq. A.5. The
exchange equations (Eq. A.A.3) were then used to estimate the exchange constants, using
measurements of [+] [$O] and [%&] in soil solution. The exponent β was obtained as
β=2(γα)/3, with α derived earlier.
Figure A.10 shows the cumulative frequency distributions of the calibrated values for the
exchange cRQVWDQWV DQG  7KH ILJXUHV VKRZV WKDW WKH H[FKDQJH FRQVWDQWV DUH KLJKO\ YDULDEOH
but similar ranges in KAlBC have been found comparing data for about 200 plots in the
Netherlands (De Vries & Leeters, 2001) for which the 5, 50 and 95 percentile are plotted in the
JUDSKDVZHOO7KHYDULDELOLW\LQ LVPXFKVPDOOHULWYDULHVPRVWO\EHWZHHQDQGZLWKD
median value of about 1.5. Figure A.11 shows that the relationship between exchange constants
and soil texture, which is sometimes assumed (especially for KAlBC), is not really confirmed by
the results from the calibration.

)LJXUH$ &XPXODWLYHIUHTXHQF\GLVWULEXWLRQVRIWKHFDOLEUDWHGH[FKDQJHFRQVWDQWV $ DQGWKHH[SRQHQW 
%

)LJXUH$ ([FKDQJHFRQVWDQWVRI$ODJDLQVWEDVHFDWLRQV $ DQGSURWRQVDJDLQVWEDVHFDWLRQV % YHUVXV
WH[WXUHFODVV

1LWURJHQWUDQVIRUPDWLRQSDUDPHWHUV
In SMART, the leaching of the nitrogen compounds NO3 and NH4 is calculated from the
difference between input by deposition and the removal by growth uptake, immobilisation and
denitrification, while accounting for the effect of nitrification. Denitrification and nitrification
are modelled as fractions of the net nitrate and ammonium input, respectively. Growth uptake
and immobilisation fluxes of both ions (NO3- or NH4+) are assumed proportional to their share
in the deposition. The equations describing the nitrogen transformations in SMART are
described in Annex A.4.
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By using the data from the Intensive Monitoring sites, the different N fluxes were estimated in
the following way: The total deposition of NOx and NH3 was computed from bulk and
throughfall measurements performed according to the procedure described in De Vries HW DO.
(2001). The net growth uptake of N, 1JX, was derived as described earlier. The leaching fluxes
of nitrate, ammonia, 12OH and1+OH were computed by multiplying (on a monthly basis) the
measured concentrations of NO3 and NH4 with simulated downward water fluxes. Leaching of
dissolved organic nitrogen, '21OH, was computed by multiplying the leaching of dissolved
organic carbon (DOC) with the measured C/N ratio of the organic matter of the solid phase of
the topsoil as this ratio gives a reasonable estimate of the C/N ratio of the dissolved organics
(Michalzik & Matzner, 1999; Smolander HWDO., 2001).
In SMART the total N balance is given as:

N td − N gu − N im , t − Nim , acc − N de = N le

(A.8)

The time (C/N ratio) dependent N immobilisation is computed from the immobilisation fraction
IUim through:

N im , t = f im ⋅ (N td − N gu − N im , acc )

(A.9)

Observational and experimental evidence (e.g. Gundersen HW DO., 1998b) show a correlation
between the C/N ratio and the amount of N retained in the soil organic layer. According to Dise
HWDO. (1998) and Gundersen HWDO. (1998a) the forest floor C/N ratios may thus be used to assess
risk for nitrate leaching. Gundersen HWDO. (1998a) suggested threshold values of >30, 25 to 30,
and <25 to separate low, moderate, and high nitrate leaching risk, respectively. This information
has been used in SMART to calculate nitrogen immobilisation as a fraction of the net N input,
linearly depending on the C:N ratio between a minimum and maximum value (see Annex A.3).
Below a C/N ratio of 15 there is no net immobilisation (IULP = 0), whereas above a C/N ratio of
40 IULP equals 1.
Denitrification is (in case of complete nitrification) computed by:

N de = f de ⋅ (N td − Ngu − Nim , t − N im , acc )

(A.10)

The denitrification fraction IGH was assigned a default value depending on soil texture and gleyic
features of the site according to Table A.2
7DEOH$ 'HQLWULILFDWLRQIUDFWLRQIGHDVDIXQFWLRQRIWH[WXUHDQGJOH\FODVV
Gley class
0
1
2
3

Denitrification fraction (-) per texture class
1
2
3
4
0.1
0.3
0.3
0.5
0.3
0.5
0.5
0.6
0.5
0.6
0.7
0.7
0.7
0.8
0.8
0.8

5
0.5
0.6
0.7
0.8

By using the measurements, 1WG, 1JX, and 1OH were computed as average values over the
observation period, ILP was computed from the C:N ratio in the upper 20 cm of the soil and IGH
was assigned according to Table A.1. Then 1LPPDFF being the constant N immobilisation that is
assumed to be associated to the build-up of organic matter is obtained by combining the
equations A.8, A.9 and A.10:

Nim, acc = N td − N gu −
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N le
(1 − f im ) ⋅ (1 − f de )

(A.11)

ECN-C--04-117

Although in the above derivations complete nitrification is assumed, one can compute the actual
nitrification fraction (IQL) from the measurements according to (see Annex A.4):

f ni = 1 −

NH 4, le
f td ⋅ NH 3, td

where f td =

N td − N gu − N im , t − N im , acc
N td

(A.12)

Figure A.12 shows the cumulative frequency distributions of the denitrification fraction
(estimated from texture and gley class), time-dependent immobilisation fraction (estimated from
C:N ration in the topsoil) and computed nitrification fraction (c.f. Eq. A.12). This figure shows
that the denitrification fraction is low at most plots (mostly below 0.3) indicating that most soils
are reasonably well drained. Immobilisation fractions vary between 0 (for C:N ratio’s below 15)
to 0.9 (C:N ratio’s close to 40) illustrating the range in N saturation over the various plots over
Europe. The nitrification fraction exceeds 0.9 at 80 % of the plots which shows that assumption
of complete nitrification (used in the derivation of Eq. A.11) is valid for the vast majority of the
plots.

)LJXUH$ &XPXODWLYHIUHTXHQF\RIHVWLPDWHGGHQLWULILFDWLRQDQGWLPHGHSHQGHQWLPPRELOLVDWLRQIUDFWLRQV
DQGRIFRPSXWHGQLWULILFDWLRQIUDFWLRQDWWKHSORWV

Time independent N immobilisation strongly varies between the plots. At about 20 % of the
plots, time independent N immobilisation equals 0 whereas the median value is about 5 kg.ha1
.yr-1. This shows that at many plots a substantial amount of N-loss cannot be explained by the
assumed fractions of denitrification and C:N dependent N immobilisation. It must be kept in
mind that this N immobilisation is a sort of rest-term in the N balance and therefore inherits all
the uncertainties in the other terms such as leaching, uptake and total input.

6XOSKDWHDGVRUSWLRQSDUDPHWHUV
The amount of sulphate adsorbed, 624,DG (meq.kg-1), is assumed to be in equilibrium with the
solution concentration and is described in SMART by a Langmuir isotherm (e.g. Cosby HWDO,
1986):

SO 4,ad =

[SO 4 ]
⋅ Smax
S1 / 2 + [SO 4 ]

(A.13)

where 6PD[ is the maximum adsorption capacity of S in the soil (meq.kg-1) and 61/2 the half
saturation concentration (eq/m3). The parameters 6PD[ and 61/2 are not known, nor are there
measurements of 624,DG. A FKDQJH in 624DG, i.e. the amount ad- or desorbed during one
timestep, can in principle be estimated by looking at GLIIHUHQFHV between S deposition and the
amount of sulphur leached. However, the data available did not allow identifying meaningful
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values of 6PD[ and 61/2. For example, in many cases the estimated amount adsorbed increased
despite a decrease in the concentration, in contradiction to the basic model assumption.
Consequently, sulphate adsorption was neglected in the SMART simulations.

6RLOSURSHUWLHV
Data on soil properties that are needed are bulk density, cation exchange capacity (CEC) and
sulphate sorption capacity (SSC). The latter value was not used (see above) for the calculations.
Values for the soil bulk density were taken from the voluntary soil physical data or, if not
available, related to the organic carbon and clay content of the plot according to:

1 / (0.625 + 0.05 ⋅ Corg + 0.0015 ⋅ clay) if

ρ=
1.55 − 0.0814 ⋅ Corg
if

0.725 − 0.0337 ⋅ log10 (Corg )
if


C org ≤ 5%
5% < Corg < 15%

(A.14)

Corg ≥ 15%

where is the bulk density (g.cm-3), &RUJ is the organic carbon content (%) and FOD\ is the clay
content (%). Eq. A.14 is based on data by Hoekstra & Poelman (1982) for mineral soils and
from Van Wallenburg (1988) for peat soils. The middle part of Eq. A.14 is a linear
interpolation.
Values for cation exchange capacity (CEC) were taken from the soil survey data to arrive at a
total value for the root zone. For plots where CEC was measured in an unbuffered solution, the
CEC at pH 6.5 was calculated by assuming a relation between CEC, pH (in solution), clay and
organic carbon (OC) according to (Helling HWDO., 1964):

CEC = (0.44 ⋅ pH + 3.0) ⋅ %clay + (5.1⋅ pH − 5.9) ⋅ %OC

(A.15)

Cation exchange capacity at pH 6.5 was then computed by scaling the measured CEC with the
ratio between computed CEC at pH 6.5 and computed CEC at the soil solution pH according to:

CEC updated ( pH 6.5) = CEC measured ( pHactual ) ⋅ (CEC calculated ( pH 6.5) / CEC calculated( pHactual ) ) (A.16)

(YDOXDWLRQRIWKHPRGHOOLQJDGHTXDF\
In order to evaluate the quality of the model predictions, a comparison was made with the
measurements by: (I) visual inspection for selected plots using monthly values, (ii) a scatter plot
comparing the annual predictions and measurements for all plots and (iii) an evaluation of the
deviation between predictions and measurements by various statistical measures. The measures
used were the Normalised Mean Error (NME) and the Mean Absolute Error (MAE), as
described below:
N

NME =

∑ (P − O )
i

i

i =1

NO

(A.17)

N

MAE =

∑| P − O |
i

i =1

N

i

(A.18)

where 3, DQG 2, are the predicted and observed value I, O¯ is the average of the observations
and N is the number of observations.
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The NAE compares predictions and observations on an average level and expresses the bias in
the average values of predictions compared to the observations (systematic underestimation or
overestimation) but is rather sensitive to outliers. The closer the value is to 0, the better. The
mean absolute error is not so sensitive for outliers and does not allow for compensation of
under- and overestimates, as the absolute value of the error is summed (Janssen & Heuberger,
1995)

'HSRVLWLRQVFHQDULRVXVHGLQPRGHOSUHGLFWLRQV
For the simulations, the trends in SO2, NOx and NH3 deposition were derived using RAINS
country emissions (Cofala & Syri, 1998a, b) and transfer matrices derived from the EMEP longrange transport model (Bartnicki HW DO., 2002) for 1960 to 2010. After 2010 deposition is
assumed constant. These trend curves were scaled by the average computed total deposition
(based on bulk and throughfall measurements) for the period 1996-2000 so that the EMEP time
series coincide with the plot-specific deposition for that period. Base cation deposition was
assumed constant over the entire simulation period and was set equal to the total deposition
(based on bulk and throughfall measurements) for each plot. After 2000, two scenario’s were
used (1) the implementation of the Gothenburg Protocol by 2010 and (2) the implementation of
maximum technically feasible reduction measures by 2010 (MFR). The Gothenburg protocol
signed in 1999 is the latest of eight protocols that have been adopted under the Convention on
Long-range Transboundary Air Pollution which set national emission ceilings. It aims to abate
acidification, eutrophication and ground-level ozone. Once this Protocol is fully implemented,
Europe’s sulphur emissions should be cut by at least 63% and NOx emissions by 41% compared
to 1990.
Figure A.13 shows the historical and predicted future emissions of S and N for the two
protocols. The figure clearly shows that for sulphur large reductions have been achieved and
that future reductions are planned. For N some emission reduction occurred, but only with the
MFR scenario a significant decrease in N emissions can be expected.
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)LJXUH$ (PLVVLRQUHGXFWLRQVFHQDULRVIRU6DQG1

5HVXOWV
0RGHOFDOLEUDWLRQ
&RPSDULVRQRIPRGHOUXQVIRUVHOHFWHGSORWV
The model SMART was applied for the period 1960 to 2030. This means that initial estimates
are needed (for the year 1960) for base saturation and C:N ratio. C:N ratio for 1960 was
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recomputed from the observed C:N ratio at the plots (mostly somewhere in the period 19901995) and the historical N input and uptake between 1960 and this time-point. For each plot, the
base saturation in 1960 was calibrated by running the model between 1960 and the year with the
observation of base saturation thereby adjusting the initial base saturation in 1960 until the
observed base saturation is correctly reproduced. Figures A.14 and A.15 show examples of
SMART model output compared with observations for various soil solution concentrations for
two example plots in Germany (with a better than average fit) and Sweden (with a worse than
average fit). Figure A.14 shows a good agreement between (trends in) simulations and
observations for all variables, especially for nitrate and aluminium.
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)LJXUH$ 2EVHUYHG FURVVHV DQGVLPXODWHGPRQWKO\VRLOVROXWLRQFRQFHQWUDWLRQVIRUDSORWLQ%HOJLXP
Figure A.15 shows the results of SMART for a plot in Sweden. For this plot, pH and base
cations are well simulated but not all peaks in Al concentration could be reproduced and SO4 is
underestimated.
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&RPSDULVRQRIPRGHOUXQVIRUDOOSORWV
Figure A.16 shows the goodness-of-fit computed for all plots with at least 24 concentration
measurements (two years of monthly data). Figure A.16a shows the distribution of the
Normalised Mean Error (NME) which gives a crude impression whether the simulations are an
underestimate (negative NME) or an overestimate (positive NME). Ideally NME should be
close to zero. This figure shows that pH is well simulated only for a low percentage of plots pH
is underestimated by about 20-30 %. For sulphate and nitrate the median NME is close to 0 (no
systematic under or overestimation) but high discrepancies between observations and model
results occur for a number of plots. For sulphate and aluminium the deviation lies mostly
between -50 and 50 %, for nitrate much higher overestimations occur. Very high errors in the
simulated sulphate concentrations occur for some plots where sulphate is ‘generated’ in the soil
itself due to weathering of parent material containing sulphate (Gypsum) or, for one plot, due to
pyrite oxidation (!), processes not accounted for in the model.

)LJXUH$ *RRGQHVVRIILWH[SUHVVHGE\WKH10( $ DQG0$( % PHDVXUHV
Because the NME is the difference between modelled and observed values divided by the mean
of the observations, low mean values can create high NME’s. Furthermore this measure is rather
sensitive to outliers, which often occur for nitrate and aluminium, as for many plots the
measurements show high variations over short time periods that cannot be reproduced by the
model (see Figure A.15). Thereforel, Figure A.16b shows the Mean Absolute Error (MAE) that
simply gives the average absolute difference between observed and simulated values (for
concentrations in eq.m-3 and for pH in pH units). This figure shows that the absolute error in
simulated nitrate concentrations is low, mostly below 0.1 eq.m-3. For pH, the median average
absolute error over all plots is about 0.45 pH units: in combination with Figure A.16a this shows
that on average the pH is well simulated (expressed by an NME close to zero) but that both
under- and over estimations occur during the simulation (expressed by a median MAE of about
0.45 pH units).
Figure A.17 shows the observed values averaged over the entire measurement period for each
plot versus the simulated concentrations for this period for sulphate, nitrate, pH and total
aluminium.
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)LJXUH$ 2EVHUYHGYHUVXVVLPXODWHGYDOXHV IRU62 $  12 %  S+ &  DQGWRWDO $O '  IRU IXOO\
FDOLEUDWHGSORWV
Only those plots are shown for which nitrogen transformations, cation exchange and the free
aluminium equilibrium could be calibrated. In practice, this means that these are the 75 plots
with measurements of all major cations and anions in both deposition and soil solution
(including DOC in soil solution). The graphs show that there is a good correlation between
measured and observed concentrations for most plots, especially for pH and aluminium.
Sulphate is for some plots clearly underestimated which might be due to weathering of sulphate
containing parent material or release of sulphate by sulphate desorption, processes not
accounted for in the simulations. Underestimation of the aluminium concentration mainly
occurs at plots with a high variation in measured concentrations that include peaks in Al
concentration that the model cannot reproduce.

0RGHODSSOLFDWLRQIRUWKHSHULRG
0RGHOUXQVIRUVHOHFWHGSORWV
Figures A.18 shows an example of SMART model predictions for the period 1970-2030 for the
same example plot in Germany for which we previously compared output with observations for
various soil solution concentrations. The figure shows that recovery of the chemical soil status
takes place under both the Gothenburg protocol and the Maximum Feasible Reduction (MFR)
scenario as illustrated by the increase in pH and the decrease in Al/BC ratio. The MFR scenario
is more effective than the Gothenburg scenario, but differences are small. The strongest effect of
the MFR scenario is on the nitrate concentration: by 2030 the concentration simulated for the
MFR scenario is much lower than simulated for the Gothenburg scenario.
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0D[LPXP)HDVLEOH5HGXFWLRQVFHQDULR EOXHOLQHV 

0RGHOUXQVIRUDOOSORWV
Figure A.19 and A.20 show the temporal evolution of 7 percentiles (5, 25, 50, 75 and 95) for 7
output variables of SMART for the period 1970 - 2030. The non-smooth behaviour of the lines
between 1996 and 2000 reflects the use of year-specific data within this period (especially
precipitation surplus), whereas for the other years average values were used. The figure shows a
steep decline in SO4 concentration caused by the strong reduction of sulphur deposition over
Europe during the last two decades. This is accompanied by a decline in the loss of divalent
base cations from the exchange complex. Patterns for pH are less distinct, only the lowest
percentiles show a clear improvement over time. Aluminium follows the pH pattern; here, the
high percentiles show the most improvement (fewer high Al concentrations over time).
Nevertheless about 25% of the plots have Al concentrations above the critical value of 0.2
meq.l-1. About 5 % of the plots have Al/BC ratios above 1.0 in 1970 but this percentage
decreases towards 2010. Nitrate concentrations also decline between 1990 and 2030 but at a
number of plots high concentrations persist. At a few plots, nitrate concentrations will even
increase as a result of reduced forest growth, and thus reduced N uptake, due to ageing of the
forest that exceeds the (limited) reduction in N input.
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)LJXUH$ *UDSKVRIWKHWKWKWKWKDQGWKSHUFHQWLOHVRIWKHGLVWULEXWLRQVRIRXWSXWYDULDEOHVRI
60$57EHWZHHQDQGIRUDERXWSORWV
Base saturation (fBC, Figure A.20) improves over time for most plots but for a number of plots
where acid inputs remains relatively high, base saturation will still decrease in the future as
illustrated by the lines for the 25 and 5 percentile.
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)LJXUH$ *UDSK RI WKH WK WK WK WK DQG WK SHUFHQWLOHV RI WKH GLVWULEXWLRQV RI EDVH VDWXUDWLRQ
VLPXODWHGE\60$57EHWZHHQDQGIRUDERXWSORWV
Figure A.21 shows the time development of the median sulphate, nitrate and aluminium
concentrations and pH for the two emission reduction scenarios.

)LJXUH$ *UDSKVRIWKHPHGLDQYDOXHVIRU6212$ODQGS+VLPXODWHGE\60$57EHWZHHQDQG
IRUDERXWSORWVXVLQJWZRGLIIHUHQWHPLVVLRQUHGXFWLRQVFHQDULRV
The figure shows that the MFR scenario leads to lower aluminium concentrations and higher pH
values in 2010 than the Gothenburg scenario. The most pronounced difference occurs for nitrate
as the median concentration over all plots in 2010 under the MFR scenario is less than half the
median concentration under the Gothenburg scenario. This is due to the fact that under the
Gothenburg scenario reductions in especially N emissions are much lower than when all
available technology would be applied (MFR). The increase in median concentrations between
1995 and 2000 is an artefact caused by the use of year-specific hydrology for this period.
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*HRJUDSKLFYDULDWLRQRISUHGLFWHGVRLOVROXWLRQFKHPLVWU\RYHUWLPH

Figure A.22 shows the sulphate and nitrate concentrations at the modelled sites for the years
1970 and 2030 for the Gothenburg protocol. This figure illustrates the strong decline in sulphur
concentrations also seen in Figure A.19. It also shows the high spatial variability in SO4 soil
solution concentration with the highest values in Central Europe. It also shows that the
reduction in N emissions leads to lower nitrate concentrations at the plots, but that the decrease
in concentration is much less than for sulphate (see also Figure A.19). Highest nitrate
concentrations are found in Belgium and parts of Germany, the United Kingdom and Denmark.
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)LJXUH$ $QQXDO PHDQ VRLO VROXWLRQ FRQFHQWUDWLRQV RI 62 DQG 12 DW WKH PRGHOOHG VLWHV LQ  DQG
IRUWKH*RWKHQEXUJSURWRFRO
Figure A.23 shows the time development in pH and the total Al concentration. It shows that for
many plots, simulated pH in 2030 is substantially higher than in 1970. For Al only the higher
concentrations are strongly reduced over time (see also Figure A.19). It also shows that the
number of plots where Al concentrations are above the critical value of 0.2 meq.l-1 hardly
reduces over time.
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)LJXUH$ $QQXDOPHDQS+DQGVRLOVROXWLRQFRQFHQWUDWLRQRIWRWDO$ODWWKHPRGHOOHGVLWHVIRUDQG
IRUWKH*RWKHQEXUJSURWRFRO

'LVFXVVLRQDQGFRQFOXVLRQV
To evaluate effects of future deposition scenario’s on Intensively Monitored plots, the model
SMART was applied to about 200 sites where data on deposition, soil and soil solution were
available. A number of parameters in the model could be computed from the measurements of
element input (total deposition) and element concentrations in the soil solution. These plotspecific parameters where then used to apply the model at the sites. The computation of plotspecific model-parameters showed e.g.:
- The relationship between pH and free Al is better than between pH and total Al,
especially for pH values greater than 5, and can for most plots be well described by an
equilibrium reaction using a variable exponent. This exponent is mostly lower that 3 (as
it is assumed in a Gibbsite equilibrium).
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- Exchange constants for Al-BC and H-%&DUHKLJKO\YDULDEOHEXWWKHH[SRQHQW LQWKH
relationship is mostly between 1 and 2. This high variability in exchange constants was
also observed within the Netherlands (De Vries & Posch, 2003b).
- The total N budgets reveals that for many plots the loss (removal) of N cannot be
described by uptake, leaching, denitrification and C:N dependent N immobilisation
alone. Only when a time-independent N immobilisation is assumed the budget can be
closed. Uncertainties in the various terms within this budget are, however, high.
- Nitrification is almost complete at most of the plots, i.e. hardly any ammonia is leached.
- Parameterisation of the sulphur adsorption process in SMART was not possible with the
available data on S input and -output.
- On average, pH values are very well simulated although the model is not able to simulate
all intra-year variability. There is no systematic deviation in simulated sulphate and
nitrate concentrations but at some plots the model cannot accurately predict measured
concentrations. For a number of plots, peaks in the, on average low, aluminium
concentration cannot be reproduced by the model leading to an underestimation of
average Al concentrations. However, nitrate and aluminium concentrations on many
plots are very low, leading to high relative errors in the simulations but absolute errors in
the model predictions are often very low.
Evaluation of the Gothenburg protocol on emission reductions for the period 1970-2030 shows:
- A very strong reduction in sulphate concentrations between 1980 and 2000 in the soil
due to the high reductions in sulphur emissions.
- A reduction of the nitrate concentrations by the year 2010 for most plots but most
striking for the plots with the highest present N concentrations.
- A reduction in the aluminium concentrations over time, most clearly for those plots
where aluminium concentrations are currently (very) high.
- Aluminium concentrations above 0.2 molc.m-3 occur for about 25 % of the plots in the
beginning of the simulation period; this percentage decreases to about 5-10 % of the
plots in 2030.
- Al/BC ratios above a critical value of 1 occur at about 5 % of the plots in 1970 and this
percentage even decreases towards 2010.
It should be kept in mind, however, that it not sure whether the planned reductions foreseen in
the Gothenburg protocol will be reached in 2010 as a number of countries still needs to strongly
decrease emissions to attain the targets set.
Comparison of the Gothenburg protocol with the maximum feasible reduction scenario shows:
- that the MFR scenario leads to lower sulphate and aluminium concentrations in 2030
than the Gothenburg scenario
- that the MFR scenario is much more effective in reducing nitrate concentrations than the
Gothenburg scenario
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$SSHQGL[$5HODWLRQVKLSVEHWZHHQFULWLFDOORDGPRGHOVDQGG\QDPLFVRLOPRGHOV

To illustrate the relationships between critical load models and dynamic soil models, Figure
A1.1 summarises the possible development of a (soil) chemical and biological variable in response
to a ‘typical’ temporal deposition pattern (after Posch HWDO., 2002).
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)LJXUH $ ‘Typical’ temporal (past and future) development of the deposition (top), a soil chemical
variable and the corresponding biological response. Also depicted are the critical values of those (chemical
and biological) variables and the critical load derived from them. The delay between the (non-)exceedance
of the critical load, the (non-)violation of the critical chemical criterion and the crossing of the critical
biological response is indicated in grey shades, highlighting the Damage Delay Time (DDT) and the
Recovery Delay Time (RDT) of the system.

Five stages can be distinguished:
1. 6WDJH : Deposition was and is below the critical load (CL) and the chemical and biological
variables do not violate their respective criteria. As long as deposition stays below the CL, this
is the ‘ideal’ situation.
2. 6WDJH: Deposition is above the CL, but (chemical and) biological variables still don’t violate
their respective criteria; there is a delay before this happens. Therefore, no damage is likely at
this stage, despite the exceedance of the CL. We call the time between the first exceedance of
the CL and first violation of the biological criterion the 'DPDJH'HOD\7LPH (DDT=t3−t1).
3. 6WDJH: The deposition is above CL and both the chemical and biological criteria are violated.
Measures have to be taken to avoid a (further) deterioration of the ecosystem.
4. 6WDJH: Deposition is below the CL, but the chemical and biological criteria are still violated,
and thus recovery has not yet occurred. We call the time between the first non-exceedance of
the CL and the subsequent non-violation of both criteria the 5HFRYHU\'HOD\7LPH (RDT=t6−t4).
5. 6WDJH: This stage is similar to Stage 1. Deposition is below the CL and both criteria are no
longer violated. Only at this stage can one speak of full ecosystem recovery.
Stages 2 and 4 can be further subdivided into two sub-stages each: Chemical delay times
(DDTc=t2−t1 and RDTc=t5−t4; dark grey in Fig.A.1) and (additional) biological delay times
(DDTb=t3−t2 and RDTb=t6−t5; light grey).
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$SSHQGL[$7KH96'60$57DQG6$)(VRLOPRGHOV

An overview of VSD, SMART and SAFE, being soil models of increasing complexity, is given in
Table A2.1. Only a short description of the models can be given, but details can be found in the
references cited. It should be emphasised that the term ‘model’ used here refers, in general, to a
model system, i.e. a set of (linked) software (and databases) which consists of pre-processors for
input data (preparation) and calibration, post-processors for the model output, and - in general the
smallest part - the actual model itself.

7DEOH$ 2YHUYLHZRIG\QDPLFPRGHOVWKDWPD\EHDSSOLHGRQDUHJLRQDOVFDOH
Model
VSD

Essential process descriptions
ANC charge balance
Mass balances for BC and N (complete nitrification assumed)

Layers
One

SMART

VSD model +
SO4 sorption
Mass balances for CaCO3 and Al
Separate mass balances for NH4 and NO3, nitrification
Complexation of Al with DOC

One

SAFE

VSD model +
Separate weathering calculation
Element cycling by litterfall,
root decay,
mineralisation and root uptake

Several

Essential model inputs
CL input data +
CEC, base saturation
C/N ratio
VSD model +
Smax and S1/2
Ca-carbonate, Alox
Nitrification fraction, fni
pK values
VSD model +
Input data for PROFILE
Litterfall rate,
parameters describing
mineralisation and root uptake

7KH96'PRGHO The VSD model can be viewed as the simplest extension of the SMB model for

critical loads. It only includes cation exchange and N immobilisation, and a mass balance for
cations and nitrogen as described above, in addition to the equations included in the SMB model. In
the VSD model, the various ecosystem processes have been limited to a few key processes.
Processes that are QRW taken into account are: (i) canopy interactions, (ii) nutrient cycling processes,
(iii) N fixation and NH4 adsorption, (iv) interactions (adsorption, uptake, immobilisation and
reduction) of SO4, (v) formation and protonation of organic anions, (RCOO) and (vi) complexation
of Al with OH, SO4 and RCOO.
The VSD model consists of a set of mass balance equations, describing the soil input-output
relationships, and a set of equations describing the rate-limited and equilibrium soil processes. The
soil solution chemistry in VSD depends solely on the net element input from the atmosphere
(deposition minus net uptake minus net immobilisation) and the geochemical interaction in the soil
(CO2 equilibria, weathering of carbonates and silicates, and cation exchange). Soil interactions are
described by simple rate-limited (zero-order) reactions (e.g. uptake and silicate weathering) or by
equilibrium reactions (e.g. cation exchange). It models the exchange of Al, H and Ca+Mg+K with
Gaines-Thomas or Gapon equations. Solute transport is described by assuming complete mixing of
the element input within one homogeneous soil compartment with a constant density and a fixed
depth. Since VSD is a single layer soil model neglecting vertical heterogeneity, it predicts the
concentration of the soil water leaving this layer (mostly the root zone). The annual water flux
percolating from this layer is taken equal to the annual precipitation excess. The time step of the
model is one year, i.e. seasonal variations are not considered. A detailed description of the VSD
model can be found in Posch and Reinds (2003) and Posch et al., (2002).
The SMART model: The SMART model (6imulation 0odel for $cidification's 5egional 7rends)
is similar to the VSD model, but somewhat extended and is described in De Vries et al. (1989) and
Posch et al. (1993). As with the VSD model, the SMART model consists of a set of mass balance
equations, describing the soil input-output relationships, and a set of equations describing the ratelimited and equilibrium soil processes. It includes most of the assumptions and simplifications
given for the VSD model; and justifications for them can be found in De Vries et al. (1989). As
with the VSD and SAFE model, it models the exchange of Al, H and divalent base cations, but
describes them with Gaines-Thomas equations. Additionally, sulphate adsorption is modelled using
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a Langmuir equation (as in MAGIC) and organic acids can be described as mono-, di- or tri-protic.
Furthermore, it does include a balance for carbonate and Al, thus allowing the calculation from
calcareous soils to completely acidified soils that do not have an Al buffer left. In this respect,
SMART is based on the concept of buffer ranges expounded by Ulrich (1981). Recently, a
description of the complexation of aluminium with organic acids has been included. The SMART
model has been developed with regional applications in mind, and an early example of an
application to Europe can be found in De Vries HWDO. (1994b).
The SAFE model: The SAFE (6oil $cidification in )orest (cosystems) model has been developed
at the University of Lund (Warfvinge HW DO., 1993) and a recent description of the model can be
found in Alveteg (1998) and Alveteg & Sverdrup (2002). The main differences to the SMART and
MAGIC models are: (i) weathering of base cations is not a model input, but it is modelled with the
PROFILE (sub-)model, using soil mineralogy as input (Warfvinge & Sverdrup, 1992); (ii) SAFE is
oriented to soil profiles in which water is assumed to move vertically through several soil layers
(usually 4), (iii) Cation exchange between Al, H and (divalent) base cations is modelled with
Gapon exchange reactions, and the exchange between soil matrix and the soil solution is diffusion
limited, (iv) SAFE assumes no retention of S in the soil (although a sulphate adsorption model
depending on sulphate concentration and pH has been tested, Fumoto & Sverdrup, 2001). The
SAFE model has been applied on many sites and more recently also regional applications have
been carried out for Sweden (Alveteg & Sverdrup, 2002) and Switzerland (Kurz HWDO., 1998).

ECN-C--04-117

149

$SSHQGL[ $ &DOFXODWLRQ RI DOXPLQLXP FRPSOH[DWLRQ QLWURJHQ WUDQVIRUPDWLRQV DQG
VXOSKDWHDGVRUSWLRQLQ60$57


&DOFXODWLRQRIWKHIUHHDOXPLQLXPFRQFHQWUDWLRQLQ60$57
In SMART the concentration of free (uncomplexed) Al can be calculated from observations of
the concentrations of [+], [$O ] and DOC using relatively simple models for the dissociation of
DOC and complexation of Al with organic anions. The dissociation of DOC is described by a
triprotic model for soil organic acids, according to:
WRW

H 3A

⇔ H+ + H2A−

H2A−

⇔

HA

2−

⇔

H + + HA 2−
+

H +A

(A3.1)

3−

or in mathematical form:

[ H + ] ⋅ [ H 2 A − ] = K1 ⋅ [ H 3 A ]
[H + ] ⋅ [HA 2− ] = K 2 ⋅ [H 2 A − ]

(A3.2)

[H + ] ⋅ [A 3− ] = K 3 ⋅ [HA 2− ]
This system of equations for the concentrations of organic anions is easily solved, yielding
(assuming that P⋅'2& is the sum of all organic species):

[H 2 A − ] =

m ⋅ DOC ⋅ K1 ⋅ [H]2
[H]3 + K1 ⋅ ([H]2 + K 2 ⋅ ([H] + K 3 ))

[HA 2− ] = [H 2 A − ] ⋅ K 2 /[ H]

(A3.3)

[A 3− ] = [ HA 2− ] ⋅ K 3 /[ H]
The complexation of Al with organic anions is modelled according to (Santore HWDO., 1995):

Al3+ + A 3−
Al3+ + A 3− + H +

⇔
AlA
⇔ AlHA+

(A3.4)

In their mathematical form, these equations read:

[AlA] = K 31[Al3+ ][A 3− ]

(A3.5)

[AlHA+ ] = K 32 [Al3+ ][A 3− ][H + ]

where .31 and .32 are the equilibrium constants. Defining S.=-log10(.) (with . expressed in
mol.l-1 or powers thereof), we use S.31=-7.89, S.32=-12.86 (Santore HW DO., 1995). Note that
[$O3+] refers to the concentration of IUHH aluminium. From measurements, the only quantity
known is the concentration of WRWDO aluminium, [$O ]=[$O3+@> $O ], whHUH> $O ] is the sum
of the organically complexed Al-VSHFLHV > $O ]=[$O$]+[$O+$ ]. Combining the various
equations, the concentration of free aluminium is obtained as:
WRW

RUJ

RUJ



RUJ

[Al3+ ] =

150

[Al tot ]
1 + [A ](K 31 + K 32 [H + ])
3−

(A3.6)
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&DOFXODWLRQRIQLWURJHQWUDQVIRUPDWLRQVLQ60$57
In SMART the balance for the nitrogen compounds NO3 and NH4 is defined as:

NO3,le = NO x ,td + NH 4,ni − NO3,de − NO3,gu − NO3,im

(A3.7)

and

NH 4, le = NH 3, td − NH 4, ni − NH 4, gu − NH 4, im

(A3.8)

where the subscripts OH, WG, QL, JX, GH and LP stand for leaching, total deposition, nitrification, net
growth uptake, denitrification and immobilisation, respectively. By adding Eqs. A3.7 and A3.8
one obtains the mass balance for total nitrogen:

N le = N td − N gu − N de − N im ,t − N im ,acc

(A3.9)

where nitrogen immobilisation has been split into a time-dependent part 1
1
.

LPW

and a constant part

LPDFF

Denitrification and nitrification are modelled as fractions of the net nitrate and ammonium
input, respectively:

NO3,de = f de ⋅ ( NO x ,td + NH 4,ni − NO3,gu − NO3,im )

(A3.10)

and

NH 4,ni = f ni ⋅ ( NH 3,td − NH 4,gu − NH 4,im )

(A3.11)

where I and I are the denitrification and nitrification fractions, respectively. For complete
nitrification, adding Eqs. A3.10 and A3.11 yields the equation for the denitrification of total N:
GH

QL

N de = f de ⋅ (N td − N gu − N im )

(A3.12)

Assuming no preference in the uptake and N immobilisation of NO3- and NH4+, growth uptake
and immobilisation fluxes is calculated according to:

NO3,gu = N gu ⋅

NO x ,td
N td

, NH 4,gu = N gu ⋅

NH 3,td

, NH 4,im = N im ⋅

NH 3,td

N td

(A3.13)

and

NO3,im = N im ⋅

NO x ,td
N td

N td

(A3.14)

By combining Eqs. A3.7 to A3.14, one obtains for the balances:

NO3,le = f td ⋅ (1 − f de ) ⋅ ( NO x ,td + f ni ⋅ NH3,td )

(A3.15)

and

NH 4,le = f td ⋅ (1 − f ni ) ⋅ NH 3,td

(A3.16)

where
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f td =

N td − N gu − N im

(A3.17)

N td

While IGH and IQL are inputs to SMART, the fraction ILP of N immobilised is computed as a
function of the C:N ratio in the topsoil according to (De Vries HWDO., 1994b):

f im


0
 CN − CN
min
=
 CN max − CN min

1

if

CN ≤ CN min

if

CN min < CN < CN max

if

CN ≥ CN max

(A3.18)

where &1PLQ and &1PD[ are given limit values.
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